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Synopsis 

 
PROLOGUE 

Nuclear power is the fourth-largest source of electricity in India after thermal, hydroelectric 

and renewable sources of electricity. Till 2012, India has 20 nuclear reactors in operation in six 

nuclear power plants, generating 4,780 MW while seven other reactors are under construction 

and are expected to generate an additional 5,300 MWe. In October 2010, India drew up "an 

ambitious plan to reach a nuclear power capacity of 63,000 MW in 2032", but "population 

around  nuclear power plants sites (NPPS) have certain apprehension regarding its long term 

environmental impact on flora & fauna of the surrounding environment around  the NPPS. 

Scientists are carrying out various research activities to understand the interaction of various 

effluents released from nuclear industries with the different environmental matrices (soil, water 

& air) with an aim to provide factual information that will instill confidence in the public.  

As of now more than 70 percent of the reactors are on coastal region. Therefore it is very 

important to study the impact of environmental releases of long lived radionuclides on the 

various matrices of the coastal environment, since bays and estuaries are known to be 

biologically productive and strongly influenced by human activities. Coastal bay is the region of 

strong land-ocean interaction and their ecological functions are more complicated and vulnerable 

to the influence by human activities and land-source pollution than the open ocean. The bay at 

Trombay is called as Mumbai Harbor Bay (MHB). The average area of seawater surface of the 

bay is about 215 km
2
 at high tide level and about 160 km

2
 at low tide level.  
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Work described in this thesis, deals with the interaction of actinides (
238

U, 
232

Th & 
239+240

Pu ) 

in various matrices of the coastal environment at Trombay, Mumbai India. It is known that the 

major contribution of actinides in the ambient environment is mainly arises due to 

atmospheric/underground nuclear weapon testing and major nuclear accidents like Chernobyl 

(Russia) in 1986 and Fukishima (Japan) in 2011.  In addition to this, a small fraction of actinides 

may come into environment through effluents generated at different stages of nuclear fuel cycle 

and also through safe disposal/storage of nuclear waste.  Actinides once entered into the ambient 

environment, their occurrence and abundances in the various matrices are controlled by their 

physicochemical characteristics which in turn are controlled for processes like ion ïexchange, 

sorption, hydrolysis and complexation.  In this dissertation, special emphasis was given on 

chemical speciation, interaction with dissolved or adsorbed components in sea water and 

migration patterns using various analytical methods and predictive models. As the concentration 

of these radionuclides in the ambient environment either below detection limit or at ultra trace 

level. Therefore laboratory based experiments were conducted by simulating the conditions close 

to the ambient marine environment. The work embodied in this thesis has been divided into eight 

chapters  

 Introduction: actinides in the environment 

 An overview of study area ñMumbai Harbour Bay (MHB)ò: Natural and anthropogenic 

sources of 
238

U, 
232

Th & 
239+240

Pu in MHB 

 Concentration profiles of U, Th and 
239+240

Pu in seawater and prediction of their chemical 

speciation using computational methods.   

 Particle size characterization, mineralogy and their impact on spatial and vertical 

distribution of 
238

U, 
232

Th and 
239+240

Pu in bottom sediments 
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 Impact of spatial geochemical variation of major and trace elements on distribution of 

238
U, 

232
Th and 

239+240
Pu  in the marine sediments of Mumbai Harbour Bay  

 Adsorption - desorption behaviour of uranium and thorium in sediment-seawater system 

and comparison with soil-groundwater system 

 Predication of chronicle deposition of 
238

U, 
232

Th and 
239+240

Pu in core sediments using 

radiometric dating of 
210

Pb, 
137

Cs and 
228

Ra/
226

Ra in Mumbai Harbour Bay  

 Thermodynamics parameters of U (VI) sorption onto sediments/soils in various aquatic 

systems. 

 Summary 

 

CHAPTER 1: INTRODUCTION:  ACTINIDES IN THE ENVIRONMENT  

In this chapter, genesis of actinides (U, Th and Pu) and their introduction in the ambient 

environment with a special emphasis on coastal marine ecosystems are discussed. Actinides once 

introduced into the marine ecosystems, they get distributed among various matrices such as 

seawater, suspended silts, sediments, benthic and pelagic organisms etc. These distribution 

patterns depend on various physiochemical parameters of the participating matrices. In this 

regard, oxidation state of the actinides and the characteristics of the sorbing materials play a 

decisive role.  

U and Pu are multivalent actinides under different environmental conditions and exist 

generally as An
3+

, An
4+

, AnO2
+
 and AnO2 

2+
 species. Reduction of higher valent actinides to 

An
3+

 and An
4+

 species results in lower solubility and a heigher tendency to sorb on mineral 

surfaces. The tetravalent actinides form stable aqueous complexes and solid phases with low 

solubility and pentavalent actinides form the least stable complexes and more soluble solid 
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phases. The high solubilities and hence mobilities of the actinides are generally in a higher 

oxidation state, which are of primary concern in an environmental context.   

The sorption mechanisms of actinides are controlled by aqueous solution properties such as 

pH, Eh, ionic strength and presence of complexing ligands and characteristics of sorbing 

materials like mineral compositions, surface area, density of sorptive surface sites and 

solid/solution ratio. Sediments/soils contain a number of radionuclides adsorbing components in 

the fine particles such as silt and clay fractions. The most important for the sorption of 

radionuclides onto sediments/soils are clay minerals such as smectite, illite, vermiculite, chlorite, 

allophone and imogolite as well as the oxides and hydroxides of silica, aluminium, iron and 

manganese. Literature pertaining to interaction of actinides in the marine ecosystem and earlier 

work carried out by various researchers in order to understand the interaction of actinides with 

different marine components of MHB is summarized. 

CHAPTER 2: AN OVERVIE W OF STUDY AREA ñMUMBAI HARBOUR BAY 

(MHB)ò: NATURAL AND ANTHROPOGENIC SOURCES OF 
238

U, 
232

Th &    

239+240
Pu IN MHB  

The chapter encompasses an overview of the study area which includes the interacting 

components (biotic and abiotic), water movement, tidal flow patterns and available dilution. The 

study area (MHB) is extensively exploited for multifarious activities. The bay is characterized by 

abundant mudflats and exhibits good coverage of mangroves. However, in recent years the 

mangrove areas are being intensively targeted for dumping garbage, disposal of sewage and also 

overexploited by salt industries, fishing, navigation and recreational activities. The 

transportability of suspended particulate matters (SPMs) depends on size, density, organic matter 

content and current velocity in the sea. The SPMs load in the study area varied from 20 to 950 
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mgL
-1

 with mean value of 180 mgL
-1

. The study area is rich in benthic organisms which are 

frequently harvested and consumed by locals.  

The average area of water surface of the bay is about 215 km
2
 at high tide level and about 

160 km
2
 at low tide level. The total volume of water at mean sea-level as calculated from 

surrounding area is 9.1 x 10
11

 litres. The average tidal volume is 4.8 x 10
11

 litres. Water 

movement in the bay is caused by the following factors: i) Part of water from Ulhas river 

flowing-in through the Thane creek and water from the Panvel river ii) Monsoon water pouring 

into the bay and iii) Tidal water. Of these three, Ulhas and Panvel rivers contribute a small 

fraction towards the movement of water in the bay as compared to the factor caused by the 

volume of tidal water moving in or out of the bay. Discharges during the monsoon do not affect 

the tidal curves, as these are small compared to the tidal volume. However the flow into the bay 

by first two factors during the monsoon causes considerable renewal of water in the bay.  

The bay is subjected to wave actions and semi-diurnal tides. Three major streams are 

noticeable during both high and low tides: i) Stream flowing near the Trombay shore ii) Stream 

flowing near the Elephanta shore (middle stream) and iii) Stream flowing between Elephanta and 

Nhava islands. 

The actinides elements are the 15 chemical elements with atomic number 89 through 103, the 

first member of which is actinium and last is lawrencium. In the nuclear industry, Th, U and Pu 

are some of the important members of actinides series having a long half life and substantial 

toxicity to living beings.  Though U and Th are the natural elements and exist in earth crust with 

the genesis of the earth. The global average concentration of U and Th in earthôs crust is 3.2 and 

9 µgg
-1

. However, Pu isotopes are mainly anthropogenic radionuclides and come into the 

environment due to nuclear weapons (atmospheric and underground) testing, accidental disposal 
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of high-level radioactive wastes and solvents from nuclear fuel processing, atmospheric and 

accidental releases from nuclear power plants. The recent reactor meltdown at the Fukishima 

Daiichi nuclear power plant, Japan in 2011 and the nuclear accidents at Chernobyl, Russia, in 

1986, have contributed significantly. Whereas, other noticeable nuclear accidents like Three Mile 

Island, U.S., in 1979 and Windscale Fire, England, in 1957 could not contribute significantly as 

far as actinides are concerned. 

CHAPTER 3: CONCENTRATION PROFILES OF U, T h AND 
239+240

Pu IN 

SEAWATER AND PREDICTION OF THEIR  CHEMICAL SPECIATION USING 

COMPUTATIONAL METHODS.  

  The chapter describes concentration profiles of 
238

U, 
232

Th & 
239+240

Pu in seawater of MHB 

and prediction of their chemical speciation using computational methods. Seawater samples were 

collected in pre-acid washed plastic carboy (capacity : 35 L) from sixteen different  locations 

covering an area of about 64 km
2 
of Mumbai Harbour Bay as per standard protocols adopted by 

US EPA and IAEA. A grid sampling was prepared with a sub grid dimensions of 1 km x 1 km 

The on-site measurement of the physico-chemical parameters such as Oxidation-Reduction 

Potential (ORP), pH, Dissolved Oxygen (DO), Electrical Conductivity (EC), Salinity, and Total 

dissolved solids (TDS) in seawater during sample collection were carried out using  pre 

calibrated standard field equipment, AM-200 GPS Aquameter (UK make). The collected sea 

water samples were filtered through 0.45 m filter paper, acidified with 0.01M of nitric acid (AR 

Grade, Merck, Mumbai, India) and stored in pre acid washed, 200 mL capacity polypropylene 

bottles for cation and anion analysis. The determination of cations (Na
+,
 K

+
, Mg

2+,
 Ca

2+
) and 

anions (F
-
, Cl

- 
, SO4

2 -
, NO3

-
) in seawater was estimated by conductivity suppressed ion 

chromatography system (DIONEX600). Uranium, thorium and plutonium were sequentially 

separated using standard radiochemical procedures and the concentration was determined using 
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alpha spectrometry for Th and Pu whereas uranium was determined by both alpha spectrometry 

and laser fluorimetry. The aqueous speciation of U, Th and Pu at various physico-chemical 

parameters of seawater was calculated by the speciation code MEDUSA. This code includes an 

extensive thermodynamic database along with HYDRA (hydrochemical equilibrium constant 

database) speciation program and three main different algorithms for creating chemical 

equilibrium diagrams. The ligands such as hydroxide, chloride, nitrate, carbonate, fluoride, 

sulphate, phosphate and silicate are included.  

Seawater of study area was dominated by the following major ions: Na
+
, K

+
, Mg

2+
, Ca

2+
, Cl

-
, 

SO4
2-

, HCO3
-
 and CO3

2-
. Salinity and pH of seawater were found to be ranged from 20.6 ppth 

(parts per thousand) to 30.2 ppth and 7.5 to 8 respectively. The calculated ionic strength ranged 

from 0.42 to 0.62 with a mean of 0.53, which was almost comparable with the literature value 

(0.7) reported for seawater. On-site measurement of dissolved oxygen ranged from 3 to 8.5 mg 

L
-1

 indicated that there was a good aeration of seawater. The activity concentrations of U, Th and 

239 + 240
Pu in seawater were ranged from 1 - 4.4 µg L

-1
 (mean: 2.6 ± 0.83 µg L

-1
), 70 ï 250 ng L

-1
 

(mean: 143 ± 51 ng L
-1

) and 47 ï 138 µBq L
-1

 (mean: 86 ± 30 µBq L
-1

) respectively. The 

reported fallout values of 
239 + 240

Pu in seawaters ranged between 5.2 ï 49 µBq L
-1

. In general, the 

concentration of U, Th and 
239 + 240

Pu in seawater showed a decreasing trend from southern part 

to northern part of studied area indicates a good dilution and dispersion of low level activity 

released from effluent treatment plant due to tidal action and water current. The variability of U, 

Th and 
239 + 240

Pu in terms of coefficient of variation (CV) along the studied regions were found 

to be 32%, 36% and 35% respectively indicating a non-homogeneous distribution due to the 

consequences of meteorological conditions, sediment/suspended silt texture, mineralogical 

composition, anthropic input etc. The activity ratio of 
238

U /
232

Th
 
in seawater along the studied 
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locations ranged from 6.7 to 51.8 with mean value of 20 ± 10.4. Higher values of activity ratio of 

238
U /

232
Th

 
in seawater clearly indicate that 

238
U has relatively greater solubility and hence 

mobility compared to 
232

Th.  On the contrary, Th is highly particle reactive, immobile and 

strongly bound to solid matrix. The wide variation in the activity ratio of 
238

U /
232

Th
 
in seawater 

might be influenced by tidal action, time of sampling and sedimentation effect.  

In the study area, the chemical species of U, Th and Pu were observed to be associated with 

either the carbonate or the hydroxide at measured range of pH of seawater. At measured 

concentration range of uranium, thorium and plutonium, the percentage formation of chemical 

species as indicated within parenthesis, being (UO2)2(CO3)(OH)3
- 

(29-51%), UO2(CO3)2
2- 

(0-

24%), UO2CO3 (4-10%), UO2(OH)2 (7-35%), UO2(OH)3
- 
(8-29%), UO2OH

+ 
(0-3%), ThO2 (0-

76%), Th(OH)4 (24 -100%), PuO2
+ 

(0-6%) and PuO2CO3 (94-100%) calculated at Eh = + 0.75V 

and pH = 8 in the oxidized seawater. 

CHAPTER 4: PARTICLE SIZE CHARACTERIZATION, MINERALOGY AND 

THEIR IMPACT ON SPATIAL AND VERTICAL DISTRIBUTION OF 
238

U, 
232

Th 

AND 
239+240

Pu IN BOTTOM SEDIMENTS  

The chapter focuses on particle size characterization, mineralogy and their impact on spatial 

and vertical distribution of 
238

U, 
232

Th and 
239+240

Pu in the bottom sediments. A total of 64 

bottom (grab) sediment samples were collected at different seawater depths (1m ï3 m) from 16 

different locations covering an area of about 64 km
2
 of Mumbai Harbour Bay using an Ekman 

dredge grab sediment sampler having the collecting capacity of 5 kg. Sixteen core sediments 

were collected from eight different potential locations within 3 nautical mile area from the 

discharge point of CIRUS. Both grab and core sediments samples were collected as per standard 

protocols adopted by US EPA and IAEA. The sampling was done by using in-house fabricated 

sampler made of acrylic cylindrical pipes having a length of 4 m and 30 mm internal diameter 
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which were inserted by a diver. At each location samples were collected upto a depth of 40 -60 

cm.  The core sample were sliced into 4 cm each fractions, collected in polyethylene bottles with 

screw caps and transported to the laboratory and stored at 4
0
C till further analysis.  

Activity of 
238

U and 
232

 Th was determined using gamma spectrometry (HPGe, 50% relative 

efficiency). The 
232

Th activity was determined from the average concentrations of gamma 

emitting progeny 
212

Pb and 
228

Ac in the samples and that of 
238

U was determined from the 

average concentrations of the 
214

Pb and 
214

Bi decay products. However, 
239+240

Pu, was 

determined by alpha spectrometry (Ortec detector, 18% efficiency) after detailed radiochemical 

separation. The particle size distribution of sediment samples was determined using a laser 

diffraction particle size analyzer (CILAS, France, Model 1190). The various minerals present in 

the sediments were identified and quantified by the X-ray diffraction (XRD, Model: GNR, Italy).   

The total carbon in the sediments was estimated using C H N S O elemental analyser (Flash EA 

1112 Series, Thermo Finnigan, Italy). 

Spatial Concentration Profile 

     The activity concentrations of 
238

U, 
232

Th and 
239+240

Pu in the bottom (grab) sediments of 

all locations ranged from 8.5 to 14 Bq kg
-1

, dry (mean:11.5 ± 1.7 Bq kg
-1

, dry), 21.5 to 61.2 Bq 

kg
-1

, dry (mean: 40 ± 11.4 Bq kg
-1

, dry) and 0.16 to 1.5 Bq kg
-1

, dry (mean: 0.7 ± 0.4 Bq kg
-1

, 

dry). The variability of 
238

U, 
232

Th and 
239+240

Pu in terms of coefficient of variation (CV) along 

the studied regions have been found to be 15.4%, 28.5% and 63 % respectively. A non-

homogeneous distribution of 
232

Th and 
239+240

Pu indicates that both radionuclides are very much 

influenced by anthropic inputs. Locations nearby discharge point showed relatively higher 

activity of 
232

Th  and 
239+240

Pu than locations which are at far off places. This clearly indicates 

that both have accumulated in sediments through siltation/sedimentation from nearby discharge 
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locations. Impact of particle size on the concentration of radionuclides were studied by 

fractionating them in three major categories i.e. sand (> 63 µm), silt (> 2 - < 63 µm) and clay (< 

2 µm). Although there were almost homogeneous distribution of silt and clay throughout 

locations, the ratio of maximum to minimum for Th and U was about 3 and 1.6 respectively 

whereas 
239+240

Pu content varied by one order of magnitude.  The activity ratio of 
238

U /
232

Th
 
in 

bottom sediments along the studied locations ranged from 0.2 to 0.4 (mean: 0.3 ± 0.07) 

respectively. The activity quotient of 
238

U /
232

Th
 
in sediments was much below unity. This can be 

attributed to the fact that, in addition to the greater abundance of thorium in the earthôs crust, 

thorium is a particularly insoluble element in natural waters and is usually found associated with 

solids.  

Mineral content of the sediment samples were evaluated by recording their XRD pattern. The 

XRD patterns of the sediment samples showed chlorite and illite as predominant clay minerals 

besides calcite, dolomite Caïmontmorillonite, talc, amphiboles, quartz and Na- montmorillonite 

were also present. There was not much change in the composition of quartz and (Mg, Ca) 

bearing minerals except calcite and dolomite throughout the regions. 

Vertical concentration profile 

      The vertical profile of porosity and bulk density in cores ranged from 1.38 to 1.81 gcm
-3
 

with a mean value of 1.54 ± 0.06 gcm
-3

. However, the porosity ranging from 31 ï 47.4 % with a 

mean value of 41.4 ± 2.3 %. The total carbon (TC) in the core fractions ranged from 0.9 ï 2.41% 

with a mean value of 1.98 %. The resulting data showed that in general, bulk density increases 

and porosity decreases with core depth. The observed increased in bulk density with depth in 

cores may be due to sediment consolidation. The vertical profile of sand, silt & clay in core 

samples were studied. Like bottom (grab) sediments, the depth fractions of core sediments were 
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also mainly composed of silt and clay. The overall % of sand, silt and clay in the cores of studied 

region ranged from 0.19 - 23.71% (mean: 2.58 ± 0.5 %), 64.62-78.30% (mean: 74.12 ± 3.4 %) 

and 11.67-28.91% (mean: 23.3 ± 4 %) respectively.  

In some core  samples, the distribution of 
238

U, 
232

Th and 
239+240

Pu as a function of core depth 

showed a linear relationship with a strong degree of positive correlation coefficient of r = + 0.74, 

+0.80 and +0.57 respectively indicating that in general, as depth increases, activity concentration 

of radionuclides increases. It is interesting that elevated activity levels of radionuclides 

accumulated in the last 5 - 6 fractions. This might be due to either immediate sorption of the 

activity by the sediment at the time of discharge or during high siltation rate; the activity gets 

deposited/embedded in the sediments. In other core samples, overall the vertical concentration 

profiles of  
238

U, 
 232

Th and 
239+ 240

Pu with depth showed a decreasing trend from top to bottom of 

the core fractions as established by negative correlation coefficient of r = -0.16, r = - 0.75 and r = 

- 0.54 respectively. The poor correlation of 
238

U with depth indicates that there was no temporal 

variation in its concentration as seen by the almost constant levels throughout the core fractions. 

However, 
239+240

Pu, at top to middle fractions (4 -24 cm) showed relatively higher concentration 

ranging from 1.1 ï 4.22 Bq kg
-1

, dry and onwards, an almost constant concentration observed up 

to the last fractions ranging from 0.17 - 0.63 Bq kg
-1

, dry. This clearly indicates that an 

accumulation of 
239+240

Pu through siltation from nearby discharge locations. Similarly, 
232

Th also 

showed comparatively higher concentration ranging from 35 ï 52 Bq/kg, dry at top to middle 

layers ( 4- 28 cm) of the core than bottom layers which reflected the lower activity ranging from 

22 ï 30 Bq/kg, dry. The reason for the higher activity on the top layers could be due to 

concurrent a fresh discharge and the sampling time.  
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CHAPTER 5: IMPACT OF SPATIAL GEOCHEMICAL VARIAT ION OF MAJOR 

AND TRACE ELEMENTS ON DISTRIBUTION OF 
238

U, 
232

Th AND 
239+240

Pu IN 

THE MARINE SEDIMENTS OF MUMBAI HARBOUR BAY (MHB)  

Distribution of 
238

U, 
232

Th and 
239+240

Pu in the marine ecosystem is highly influenced by the 

concentration profiles of major and minor elements. In view of this, concentration profiles of 

major and minor elements in sediments (suspended, grab and cores) samples collected from ten 

different location of MHB were recorded. The suspended particulates load was estimated to be 

ranged from 50 mg L
-1

 to 350 mg L
-1

 in seawater of studied area.  Samples were completely 

destructed in a closed microwave digestion system and analysed for estimation of Na, K, Mg, 

Ca, Fe, Cu, Ni, Co and Mn using ion-chromatography. The mean concentration of major 

elements as Na, K, Mg, Ca and Fe in the bed sediment was found to be 34.72 g kg
-1

, 12.05 g kg
-1

, 

16.80 g kg
-1

, 54.10 g kg
-1

 and 61.72 g kg
-1

. However, trace elements as Cu, Ni, Co and Mn 

estimated to be 90 mg kg
-1

, 78 mg kg
-1

, 62 mg kg
-1

 ad 242 mg kg
-1

 respectively.  

When compared with continental crustal average abundances, the measured mean 

concentrations for Na, K, Mg, Ca, Fe, Cu, Ni, Co and Mn in grab sediments differed by a factor 

of 1.47, 0.58, 0.72, 1.30, 1.09, 1.64, 1.04, 2.4 and 0.25 respectively. The relative abundances 

with respect to crustal average of these metals in the bed sediments were as follows: Co > Cu > 

Na > Ca > Fe > Ni > Mg > K > Mn. This variation may be the consequence of a variety of 

lithological components in the investigated area. The highest values were recorded for Ca, Na 

and Fe, which generally originated to a large extent from the earth crust via weathering except 

Ca. Although, Ca and Mg are chemically similar, they do not behave equally in sediment system. 

The depletion Mn concentration at all locations may be the resulting of its reduction to the 

soluble form and the concomitant break down of the oxy-hydroxides, leading to release of 
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occluded metals to solution. The low supply of organic matter as seen by the significant negative 

correlation between C and core depth and consequently under strong reducing conditions, all 

reactive Mn escaped to the dissolved phases.  

Using normalization of metals to Fe, the mean enrichment factor of Cu, Ni, Co and Mn was 

calculated to be 2, 1.24, 3.04 and 0.32 respectively whereas for Na, K, Mg and Ca the values 

were 1.76, 0.57, 0.81 and 1.66 respectively. Overall, the order of enrichment factor (EF > 1) in 

the grab sediment were observed to be Co > Cu > Na > Ca > Ni except Mg, K and Mn. In 

general, the high enrichment observed at those sampling locations where industrial and harbour 

activities are intense. Transportation to and from the Port, shipping and harbour activities, 

industrial and urban waste discharges and dredging etc. could contribute the enrichment of 

metals in the coastal environment. However, for suspended sediments, overall, the enrichment of 

Co occurred at all locations and others were under depletion. The depletion of trace elements 

especially Mn in sediments at all locations may be due to change in redox conditions in the 

particular system. 

The linear association relationship between the spatial and vertical concentration profile of 

238
U, 

232
Th and 

239+240
Pu and heavy elements (Fe, Cu, Ni, Co and Mn) in bottom sediments was 

established using Karl Pearsonôs correlation coefficient analysis. Among heavy metals, in 

general, the spatial concentration profiles of Fe showed a negative correlation with all elements 

including 
238

U and 
232

Th suggesting a distinguishable behaviour during transport in the sediment 

system. This reveals that that once Fe ions enter into the sediment profile, other metals are 

removed out from sediments to seawater column. While in the case of K, Mg and 
239+240

Pu, Fe 

containing minerals are seen to be as scavengers/adsorbent as obtained by a positive correlation.  

Also, in the marine environment, Fe is generally precipitated in the form of oxy-hydroxide which 
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has the affinity to scavenge/carry other metals as they pass through the water column in the 

sediments. Though, ferric compounds are known to be effective geochemical sinks for all 

actinides of interest, they only scavenged 
239+240

Pu as obtained by positive correlation. However, 

as far as vertical concentration profile of Fe is concerned, its minerals played a decisive role for 

controlling the transport behavior of actinides and showed a negative association with actinides 

of interest. On the other hand, Mn, presented an atypical behavior in the sediment profile. In 

spatial concentration profile, it showed positive correlation with actinides of interest whereas in 

vertical profile, a negative correlation observed. This behavior might be due to Mn migration 

near to the sedimentïwater interface, becoming available to biotic uptake. In addition, MnO2 in 

bottom sediments might be also involved in redox reactions of redox sensitive radionuclides by 

oxidizing. The negative poor relationships of Mn with other metals suggest that Mn-oxide might 

be only a minor host phase for them in the studied area. An even or uneven pattern of 

relationship among metals is highly influenced by the sorption-desorption processes such as 

sedimentation, precipitation and flocculation of particulate substances and hence it is difficult to 

find the principal one. Some radionuclides especially U remains dissolved and are termed 

conservative within seawater. Some (Th and Pu) are scavenged out of solution onto particulate 

material by biological or chemical processes (adsorption and co precipitation) leading to 

deposition in the bottom sediments. Non-significant correlations of other heavy metals with 

actinides of interest might be possibly due to the different processes (sorption, complexation and 

biological) and external inputs operating in sediments.  

Other ions like Na
+
, K

+
, Ca

2+
 and Mg

2+
 in marine sediments may also interfere with actinide 

sorption. In the marine environment, sorption is generally known to take place primarily as an 

exchange reaction with metal ions, particularly Ca
2+

, Na
+ 

and K
+
 present in the clay minerals 
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such as Ca -montmorillonite, Na-montmorillonite and illite respectively. In the study area, these 

minerals were predominately found which have been described in previous chapter. Like heavy 

metals, the vertical concentration profile of Na
+
, K

+
, Ca

2+
 and Mg

2+
 in core sediments also 

showed either positive correlation or negative correlation with actinides of interest. In general, 

cations were negatively associated with actinides of interest which might be attributed to 

predominance of cation exchange process among cations of interest bearing minerals in the study 

area. Whereas the positive association of cations indicates an occurrences of an adsorption or co-

precipitation or complexation processes. In literatures, some Fe and Mn containing oxides 

minerals which are considered as adsorbants for actinides in marine system are not affected by 

the major cations of Ca
2+

 and Mg
2+

 unlike Na
+
.  

CHAPTER 6:  ADSORPTION - DESORPTION BEHAVIOR OF URANIUM AND 

THORIUM IN SEDIMENT - SEAWATER SYSTEM AND COMPARISON WITH 

SOIL - GROUNDWATER SYSTEM  

The marine ecosystem (seawater, sediment and biota) represents an ultimate reservoir for 

elements which may enter it through several pathways.  To understand the role of sediments in 

scavenging and removing radionuclides from the water, it is necessary to study the processes by 

which ions are sorbed and desorbed from the surface of the sediments. This chapter mainly 

focuses on the adsorption-desorption behavior of uranium and thorium in two different systems 

viz sediment-seawater and soil-groundwater. In this study, the laboratory based batch experiment 

was conducted to determine the distribution coefficient (kd) of uranium and thorium in 

sediments. 5 g dried sediment/soil samples was placed in each of seven empty conical flasks and 

equilibrated for 7 days with 150 mL of sea water /groundwater containing 10 mgL
-1 

 (Set-1), 20 

mgL
-1 

 (Set-2), 30 mgL
-1 

 (Set-3) , 40 mgL
-1 

 (Set-4), 50 mgL
-1 

 (Set -5), 75 mgL
-1 

(Set-6) and 100 

mgL
-1 

(Set-7) of uranium and thorium contents followed by shaking. After equilibration time, the 
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samples of each set were centrifuged, filtered through 0.45 µm filter paper and supernatant 

analysed for uranium and thorium. Similarly, for desorption, a batch equilibrium experiment was 

conducted with set-1 (10 mgL
-1

 of
 
U) of each system for the period of 1, 3, 7, 14, 21, 28 and 70 

days. Each aliquot was then centrifuged, filtered through 0.45 µm filter paper and supernatant 

analysed for uranium. Finally, concentration of uranium in each set of the equilibrium solution 

was determined using laser fluorimetery (Quantalase Indore, India). After detailed radiochemical 

separation, Th was estimated by gross alpha counter.  

The distribution coefficient (kd) was calculated using batch method formula. For sediment-

seawater system, kd for U and Th ranged from 24970 to 55526 L kg
-1

 (mean: 42140 ± 12865 L 

kg
-1

) and 24926 to 38561 L kg
-1

 (mean: 34256 ± 4665 L kg
-1

) respectively. The resulting 

coefficient of variation (CV) around mean of kd values for uranium and thorium determined to be 

30.53% and 13.62% respectively. Subsequently, at equilibrium condition, the rate constants (k) 

for uranium and thorium in seawater-sediment were determined by assuming the first order of 

kinetics reaction and observed to be very narrow range of 0.96 ï 1.07 d
-1

 for uranium and 0.96 ï 

1.02 d
-1

 for thorium. Similarly, for soil-groundwater system, the obtained kd values of U and Th 

were in the range of 3435 ï 6430 L kg
-1

 (mean: 5135 ± 938 L kg
-1

) and 4410 ï 8442 L kg
-1
 

(mean: 7321 ± 1389 Lkg
-1

) respectively throughout experimental setup. The mean kd values of 

Th showed about 43% higher than U in soil indicating that Th has high affinity to sorption sites 

in soil which depends on the higher ionic radius and subsequently smaller hydration energy. 

High kd values indicate high metal retention by the solid phase through chemical reactions, 

leading to low metal bioavailability.  

The variation of kd as a function of U and Th dosages indicates that initially, at low 

concentration, kd increased as a function of their concentration till achieving the saturation stage. 
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After achieving the saturation stage, it observed to be almost constant and at sufficiently high 

concentration, kd values decreased because the partitioning behavior deviates from ideality due 

to removal of species by precipitation. The higher kd values obtained in the experiment with 

lower U and Th concentrations, may be due to their strong associations with the sorption sites of 

sediment/soil leading to relatively strong bonding energies. The sorption parameters of U and Th 

obtained from the experimental results for sediment-seawater and soil-groundwater systems were 

fitted to Freundlich, Linear and Langmuir models. For both systems, all models showed a better 

fit of the adsorption data due to obtaining very strong degree of the coefficient of determination 

(R
2
 > 0.8) for both uranium and thorium.  

The results of the kinetic experiments of U in sediment-seawater and soil ïgroundwater 

system clearly showed that the removal from soil /sediment increased, as the agitation time 

increased till equilibrium stage. The removal rate of U increased rapidly for the first 7 days and 

then continued slowly for up to 70 days in both medium (groundwater and seawater). The values 

of k for uranium in seawater-sediment and groundwater-soil systems obtained from fitting the 

experimental results using least square method by were derived to be 0.64d
-1

 and 0.83d
-1
 

respectively. The desorption rate of U in sediment ï seawater was about 30%  slower than soil-

groundwater which might be due to high exchange of U with the calcium bearing minerals 

present as Ca- montmorillonite, dolomite and calcite in sediments and high composition of silt 

(79%) and clay (19%). 
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CHAPTER 7:  PREDICTION OF CHRONICLE DEPOSITION OF 
238

U, 
232

Th and 

239+240
Pu IN CORE SEDIMENTS USING RADIOMETRIC DATING OF 

210
Pb, 

137
Cs AND 

228
Ra/

226
Ra IN MUMBAI HARBOUR BAY  

In this chapter, various migration parameters such as sedimentation rate, sediment 

accumulation rate, age of sediment, total inventory, annual deposition rate, atmospheric fluxes, 

residences time, scavenging rate, linear attenuation coefficients, mass relaxation depth etc were 

obtained for 
210

Pb and 
137

Cs using radiometric dating models. 
210

Pb is a member of the 
238

U 

decay series and is continuously introduced into the marine environment by deposition from the 

atmosphere. This radionuclide is readily attached to airborne particulates and removed from the 

atmosphere both by wet and dry deposition. Like 
210

Pb and 
137

Cs have been introduced into the 

atmosphere in irregularly varying amounts since 1945 and is also strongly bound by sediments. It 

is trapped by the uppermost layer of the sediment and as this layer is buried by succeeding ones. 

Dating of the sediment is thus possible by determination of the 
137

Cs concentration in each 

interval in the sediment sequence and by correlation of its resulting concentration pattern with 

the pattern of atmospheric levels since 1945. In addition to traditional methods, one alternative 

approach is to utilize the expected in-growth of 
228

Ra to secular equilibrium with its parent 
232

Th 

to provide a new geo-chronometer. With time and burial, radium isotopes grow into secular 

equilibrium as a function of their half lives, which determines sedimentation rates. 

The total signal of 
210

Pb in recent sediment profile consists of, supported 
210

Pbsup, which is 

present due to autigenic material of the sediment and unsupported (excess) 
210

Pb, which 

originates from the atmospheric deposition. 
210

Pbsup is usually assumed to be in radioactive 

equilibrium with its parent nuclide 
226

Ra (half-life 1600 y). The activity of 
226

Ra in core fractions 

was determined by taking the average activity of two separate photopeaks of two radon 

daughters: 
214

Pb at 352 keV and 
214

Bi at 609 keV after attaining the secular equilibrium and the 
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activity of 
137

Cs was determined using photopeak at 662 keV using gamma spectrometry 

systems. In the case of 
210

Pb dating model, the sedimentation rate was determined to be 0.52 ± 

0.10 cmy
-1

, 0.73 ± 0.21 cmy
-1

 and 1.12 ± 0.24 cmy
-1

 by the slope of lines obtained in cores of 

SCL-3, SCL-5 and SCL-9 respectively. 

Besides the 
210

Pb dating models, 
137

Cs method utilized to confirm the sedimentation rates in 

core SCL-3, SCL-5 and SCL- 9 obtained to be 1.04 ± 0.18 cmy
-1

, 0.69 ± 0.25 cmy
-1

, 1.25 ± 0.28 

cmy
-1

respectively. The sedimentation rate in the last two cores was highly compatible with the 

results of the 
210

Pb dating. The minor discrepancy in the sedimentation rate based on 
210 

Pb and 

137
Cs dating might be due to continual mixing of the top several centimeters of the sediment 

column by the action of organisms.  

     In addition to the traditional methods (
210

Pb and 
137

Cs profiles), the sedimentation rate 

was also determined using a new geo-chronometer as 
228

Ra/
226

Ra and found to be 1.76 ± 0.30 

cmy
-1

, 2.52 ± 0.21 cmy
-1

 and 2.05 ± 0.29 cmy
-1 

in cores of SCL-3, SCL-5 and SCL-9 

respectively. This method has the potential of providing information on an intermediate time 

scale, which can enhance our understanding of the process of strata formation. 

The age of sediment in cores SCL-3, SCL-5 and SCL-9 obtained from 
210

Pb was 

representative of 77 ± 15 y, 55 ± 16 y and 36 ± 8 y time spans respectively. The sediment layer 

ages in the last two cores were highly comparable to the ages resulted from 
137

Cs which showed 

the value of  58 ± 21, y, and 32 ± 7 y time spans for SCL-5 and SCL-9 respectively. To avoid 

any influence of sediment compaction on the results, the overall sediment accumulation rate due 

to sedimentation rate of 
210

Pb in core SCL-3, SCL-5 and SCL-9 was found to be 1.73 gcm
-2

y
-1

, 

1.54 gcm
-2

y
-1

 and 1.89 gcm
-2

y
-1

 respectively. For 
137

Cs, the same was found to be 1.43 gcm
-2

y
-1

, 

1.15 gcm
-2

y
-1 

and 1.95 gcm
-2

y
-1

 respectively. 
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The total inventory of 
210

Pb in cores of SCL-3, SCL-5 and SCL-9 was obtained to be 13.5 

kBqm
-2

, 7.85 kBqm
-2

 and 7.7 kBqm
-2

 respectively. However the total inventory of deposited 

137
Cs in cores of SCL-3, SCL-5 and SCL-9 was determined to 14.5 kBqm

-2
, 6.45 kBqm

-2
 and 

6.97 kBqm
-2

 respectively. The flux of total 
210

Pb and excess 
210

Pb in cores of SCL -3, SCL-5 and 

SCL-9 was observed to be 0.48 kBqm
-2

y
-1

, 0.53 kBqm
-2

y
-1

 and 0.76 kBqm
-2

y
-1

 respectively. The 

corresponding 
210

Pbex flux (atmospheric flux) was obtained to be 0.21 kBqm
-2

y
-1

, 0.19 kBqm
-2

y
-1

 

and 0.57 kBqm
-2

y
-1

 for the same respectively. Whereas for 
137

Cs, the flux derived to be 0.35 

kBqm
-2

y
-1

, 0.15 kBqm
-2

y
- 

and 0.16 kBqm
-2

y
-1

 for the cores of SCL-3, SCL-5 and SCL-9 

respectively. 

The residence time of 
210

Pb in SCL-3, SCL-5 and SCL-9 ranged from 30 to 226 y (mean: 78 

y), 26 to 72 y (mean: 43 y) and 35 to 41 y (mean: 37 y) respectively. The corresponding 

scavenging rate for the same ranged to be 0.0044-0.033 y
-1 

(mean: 0.013 y
-1

), 0.014 ï 0.038 y
-1

 

(mean: 0.023 y
-1

) and 0.024 ï 0.028 y
-1

 (mean: 0.027 y
-1

) respectively. Comparatively higher 

residence time obtained in core SCL-3 indicates that the rate of removal of 
210

Pb from sediment 

is slower than in both cores i.e SCL-5 and SCL-9. The depth profile variation in residence time 

of 
210

Pb for core SCL-3 showed almost constant values in the range of 30 ï 42 years up to the 

depth of 4-20 cm and onwards increased sharply in the higher depth fractions. Similarly, for core 

SCL-5, the residence time generally decreases as depth increases upto 4 -28 cm and onwards 

increases in the succeeding downward core fractions. Overall, residence time in both cores 

increases as depth increases. The core SCL-9 did not show any significant variation in the 

residence times of 
210

Pb as seen by almost uniform values throughout the core depth. It is also 

obvious that larger the residence time, lower the scavenging rate of radionuclides.  
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 For 
137

Cs, residence half-time were calculated using the multi compartment model and 

observed to be the highest at the top layers of all the three cores and decreased with sediment 

depth with a mean ranging from 1.06 at top layer (0 - 4 cm) to 35.35 years at the bottom layer 

(32 - 36 cm) throughout the cores. This might be due to occurrences of high content of finer 

particles in the form of clay and silt in the upper layers and coarser particles in the deeper layers. 

The parameter Ŭ (cm
-1

) obtained by fitting the depth profile distribution of 
210

Pb in the cores 

of SCL-3, SCL-5 and SCL-5 were derived to be 0.028 cm
-1

, 0.027 cm
-1

 and 0.027 cm
-1
 

respectively. The resulting h0 (kgm
-2

) of 
210

Pb was found to be 169 kgm
-2

, 175 kgm
-2

 and 227 

kgm
-2

 respectively. The high value of h0 obtained in core SCL-9 indicates a deeper penetration 

into the sediment profile. The greater is the value of the relaxation mass depth (h0), the deeper 

the 
210

Pb penetrates into the sediment profile. The penetration of 
210

Pb in SCL-3 and SCL-5 cores 

was fairly similar. Similarly, the values of Ŭ for 
137

Cs in cores of SCL-3,  SCL-5 and SCL-9 were 

found to be 0.022, 0.033 cm
-1

 and 0.020 cm
-1

. The resulting h0 values for the same computed to 

be 252 kgm
-2

, 138 kgm
-2

 and 370 kgm
-2

 respectively. A greater h0 values obtained at SCL-9 for 

the 
137

Cs than 
210

Pb indicates deeper penetration of 
137

Cs into the sediment profile.   

CHAPTER 8: THERMODYNAMICS PARAMETERS OF U (VI) SORPTION 

ONTO SEDIMENTS/SOILS IN VARIOUS AQUATIC SYSTEMS  

This chapter describes the thermodynamic parameters of U(VI) sorption in various aquatic 

systems. In this study, the sorption of U onto sediment in seawater in terms of kd values was 

initially examined at three different temperatures viz 298 K, 323 K and 343 K under the similar 

laboratory conditions and it was compared with other geochemical environments such as 

undisturbed and disturbed soil in groundwater and deionised water system. Each of 5 g dried 

sediment/soil samples was placed in PTFE containers and equilibrated for 7 days with each of 

150 mL seawater (for sediment) and groundwater and deionised water (for soils) containing 10 
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mgL
-1

 of uranium prepared from standard solutions (1 g L
-1

) of uranyl nitrate hexahydrate (USA 

make) followed by shaking using shaker at 298, 323 and 343 K in an incubator. After 

equilibration time, the samples of each set were centrifuged, filtered through 0.45 µm filter paper 

and concentration of U in the equilibrium solution was determined using laser fluorimetery. 

Thermodynamic parameters (æG
0
, æH

0
 and æS

0
) were obtained using the Vant Hoff equation. In 

sediment-seawater system, the average extraction rate of U at 298 K was found to be 0.0098 % d
-

1
 and reduced to 0.0083 % d

-1
 at 343 K. However for undisturbed soil, at 298 K, the average 

extraction rate in deionised water and groundwater was obtained to be 0.156 % d
-1

 and 0.081% d
-

1
 respectively and at 343 K, it was reduced to 0.107% d

-1
 and 0.074% per d

-1
 for the same 

respectively. Similarly for disturbed soil, at 298 K, the extraction rate in deionised water (0.162 

% d
-1

) was about 15% more than in groundwater (0.141 % d
-1

), while at 343 K, the extraction 

rate decreased to about 50% in both medium. Overall, at 298 K, the extraction rate of uranium in 

sediment-seawater system was about ten to fifteen times slower than soil-groundwater/deionised 

water system. Similarly, for undisturbed soil, the extraction rate in groundwater was about 50% 

slower than in deionised water suggesting that groundwater was observed to be more favorable 

for high surface sorption of U onto soils. 

The measured mean kd value of uranium in sedimentï seawater, soils ï deionised water and 

soils - groundwater system at 298 K was found to be 43448 ± 5280 Lkg
-1

, 2673 ± 415 Lkg
-1

and 

4127± 565 Lkg
-1

respectively whereas at 343 K, the values were increased to 51381 ± 4800 Lkg
-

1
, 4635 ± 673 Lkg

-1
and 6013 ± 848 Lkg

-1
 for the same respectively. The kd value in sediments 

was about 10 - 20 times higher than soils and slightly increased by about 18% at 343 K. The high 

sorption onto sediment may be due to presence of high amount of finer particles in the form of 

silt and clay and less content of sand. Similarly, the ratio of obtained kd values of U for 
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undisturbed soil in groundwater to deionised water was found to be 1.92 and 1.46 at 298 K and 

343 K respectively whereas for disturbed soil, this ratio was almost insignificant different 

(differed by 1.7%) at both temperatures. This clearly indicates that the undisturbed soil has 

stronger sorption capacity than disturbed soil in both aqueous systems.  

The values of æHÜ were positive in soils/sediments, indicating that it is an endothermic 

process for U adsorption onto them. One possible interpretation for the endothermic process is 

that U(VI) ions are well solvated in water. In order to adsorb onto soils/sediments, U (VI) ions 

are denuded of their hydration sheath to some extent and this dehydration process needs energy. 

It is assumed that the needed energy for dehydration exceeds the exothermicity of the ions 

attaching to soil/sediment surfaces. The implicit assumption herein is that the adsorbed U(VI) 

ions are less hydrated than those in solution. The removal of water molecules from U(VI) ions is 

essentially an endothermic process and the endothermicity of the desolvation process exceeds the 

enthalpy of sorption to a considerable extent. Similarly, the values of æGÜ were also all negative 

at all temperatures studied herein as expected for a spontaneous process under experimental 

conditions. The higher the reaction temperature, the more negative the value of æGÜ, indicating 

that the adsorption reaction is more favorable at elevated temperatures. At high temperature, 

U(VI) ions are readily dehydrated and thereby their sorption becomes more favorable. The æGÜ 

values for sediments were found to more negative than soils. However, the values of æSÜ in 

soils/sediments were all positive, which indicates that during the whole adsorption process, some 

structural changes occurs on soils/sediments surface and thus leading to an increase in the 

disorderness at the soil- water interface. The relatively higher values of æSÜ in disturbed soil 

revealed a more efficient sorption at higher temperature. Overall, it was observed that as 

temperature increases, sorption of U onto soils/ sediment increases. This may be due to increase 
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in diffusion rate of U(VI) into the  pores of soils/sediments. Changes in the soils/sediments pore 

sizes as well as an increase in the number of active sorption sites due to breaking of some 

internal bonds near soil/sediment surface edge are generally expected at higher temperatures.  
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Summary 

 

The work carried out under this dissertation deals with interaction of three important 

members of the actinides i.e. Uranium (U), Thorium (Th) and Plutonium (Pu) in the marine 

ecosystem of Mumbai Harbour Bay. The activity concentrations of U, Th and 
239 + 240

Pu in 

seawater were ranged from 1 - 4.4 µg L
-1

 (mean: 2.6 ± 0.83 µg L
-1

), 70 ï 250 ng L
-1

 (mean: 143 

± 51 ng L
-1

) and 47 ï 138 µBq L
-1

 (mean: 86 ± 30 µBq L
-1

) respectively. These levels are on 

lower side compared to others equivalent scenario internationally like La hague, France and 

Sellafield, UK reprocessing. Whereas in case of bottom (grab) sediments, concentrations of 
238

U, 

232
Th and 

239+240
Pu in bottom sediments of all locations ranged from 8.5 to 14 Bqkg

-1
, dry 

(mean:11.5 ± 1.7 Bq kg
-1

, dry), 21.5 to 61.2 Bq kg
-1

, dry (mean: 40 ± 11.4 Bq  kg
-1

, dry) and 0.16 

to 1.5 Bq kg
-1

, dry (mean: 0.7 ± 0.4 Bq kg
-1

, dry). The spatial variability of 
238

U, 
232

Th and 

239+240
Pu in terms of coefficient of variation (CV) throughout the studied area has been found to 

be 15.4%, 28.5% and 63 %. Experimental results clearly indicates that distribution of 
238

U, 
232

Th 

and 
239+240

Pu  in the marine ecosystem is highly influenced by the concentration profiles of major 

and minor elements in  different matrices of marine ecosystem.  kd values were evaluated under 

different geochemical conditions to understand the role of sediments in scavenging and removing 

radionuclides from the aquatic systems. The variation of kd as a function of U and Th dosages 

indicates that initially, at low concentration, kd increased as a function of their concentration till 

achieving the saturation stage. After achieving the saturation stage, it observed to be almost 

constant and at sufficiently high concentration, kd values decreased because the partitioning 

behavior deviates from ideality due to removal of species by precipitation. The higher kd values 

obtained in the experiments with lower U and Th concentrations, may be due to their strong 
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association with the sorption sites of sediment/soil leading to relatively strong bonding energies. 

The sorption parameters of U and Th obtained from the experimental results for sediment-

seawater and soil-groundwater systems were fitted to Freundlich, Linear and Langmuir models. 

Thermodynamic parameters were evaluated to understand the sorption of uranium onto sediment 

in seawater and compared with other geochemical environments such as soil ï 

groundwater/deionised water. The negative value of æGÜ and positive value of æHÜ reflects that 

sorption of uranium onto both sediment/soil systems are a spontaneous and endothermic process 

under experimental conditions. However, the values of æSÜ were positive, which indicates that 

during the whole adsorption process, some structural changes occurs on soils/sediments surface 

and thus leading to increase in the disorderness at the soil/sediment - water interface. Overall, it 

was observed that as temperature increases, sorption of U onto soils/ sediment increases. This 

may be due to increase in diffusion rate of U(VI) into the  pores of soils/sediments. The 

speciation of U, Th and Pu at various physico-chemical parameters of  marine environment was 

calculated by the speciation code MEDUSA. This code includes an extensive thermodynamic 

data base along with HYDRA (hydrochemical equilibrium constant database) speciation program 

and three main different algorithms for creating chemical equilibrium diagrams. The ligands 

such as hydroxide, chloride, nitrate, carbonate, fluoride, sulphate, phosphate and silicate are 

included. Using HYDRA model, the Eh-pH diagram of uranium, thorium and plutonium was 

drawn at measured composition of seawater. Since there are many constraints while working 

with Pu as the concentration were very small, therefore various conclusions were drawn on the 

basis of uranium.  
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CHAPTER 1 
INTRODUCTIO N: ACTINIDES IN THE ENVIRONMENT  

 

1.1. Abundances, production and environmental sources of actinides  

       Actinides (An) consist of a group of radioactive metallic elements with atomic numbers 

(Z) between 89 (actinium) and 103 (lawrencium) with sequentially filled 5f atomic subshells. 

The heavier actinides (Z = 97ī103) have short half-lives which are produced in low quantities 

and are thus not considered to pose substantial risks to the environment [1]. As is the case with 

other environmental contaminants, the solubility, transport properties, bioavailability and toxicity 

of actinides are dependent on their speciation (composition, oxidation state, molecular-level 

structure and nature of the phase in which the contaminant element or molecule occurs). 

Generally, actinides show more variability in their oxidation states which can make their fate in 

the environment more challenging to study. Although minor in abundance of U and Th in Earthôs 

crust and in seawater, light actinides (Th, Pa, U, Np, Pu, Am, and Cm) are important 

environmental contaminants associated with anthropogenic activities such as the mining and 

milling of uranium ores, generation of nuclear energy and storage of legacy waste resulting from 

the manufacturing and testing of nuclear weapons.  

Thorium and uranium are the only naturally abundant actinides with typical crustal 

concentrations of 10ī15 mgkg
-1

 and 2ī4 mgkg
-1

 and seawater of 0.7 µgL
-1

 and 3µgL
-1

 

respectively, although geochemical processes have concentrated thorium and uranium in 

particular environments to form economic deposits [2]. Actinides such as 
232

Th, 
235

U and 
238

U 

are each progenitors of long Ŭ- and ɓ-decay chains that result in the production of relatively 

short-lived 
231

Pa, 
230,234

Th, and 
227,228

Ac daughter radionuclides[3].  In uranium-rich ore deposits, 
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trace amounts of other actinide isotopes, primarily 
237

Np and 
239

Pu can be produced naturally by 

neutron capture of 
235

U and 
238

U respectively [4]. Notable examples of neutron capture reactions 

occurring in nature are the natural fission reactors found at the Oklo and Bagombe uranium 

deposits in the Republic of Gabon. Approximately 2 billion years ago, when the natural 
235

U/
238

U 

ratio was 3.7% (a value much higher than the current value of 0.725%), sustained fission 

reactions occurred within these uranium-rich deposits [5]. Over the course of the natural reactor 

life spans (0.6ī1.5 million years), ~ 2ī3 tons of 
239

Pu and ~ 6 tons of fission products were 

produced [6]. 

The remaining actinides are only produced in high-energy neutron-rich environments typical 

of nucleosynthesis, nuclear reactors and nuclear explosions. Models for nucleosynthesis based on 

the characteristic energy output of a supernova explosion, nuclear structure, decay energies and 

half-lives require that 
254

Cm and other actinides were synthesized only via rapid neutron capture 

during core collapse supernovae [7ī9]. Because of the short half-lives associated with neutron-

rich nuclei, the majority of the actinides underwent a series of Ŭ and ɓ decays and spontaneous 

fission reactions to form lighter elements with Z < 92. The abundance of fission products and 

other daughter isotopes measured in meteorites (e.g.
136

Xe from fission of 
244

Pu) confirms that 

actinides were more abundant in the early solar system [10]. 

Today, aside from the naturally occurring actinides (primarily thorium, uranium and their 

daughters), the global inventory of actinides is derived from nuclear reactors and nuclear 

explosions [11]. As a result, the majority of actinides in particular plutonium, neptunium, 

americium and curium are released to the environment from human activities. Although the 

beneficial and industrial applications for some actinides are growing as targets or byproducts of 

the nuclear industry and in weapons production, the majority of actinides have been released to 
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the environment at different stages of the nuclear fuel cycle, primarily through (1) improper 

disposal of mine tailings and effluents, (2) direct discharges from enrichment and processing 

plants to the atmosphere, (3) disposal of high-level waste and highly contaminated solvents into 

groundwater and surface waters either directly or as a result of faulty storage containment (4) 

dispersion from atmospheric and below ground nuclear weapons testing and (5) accidental 

releases from reactors. Runde and Nue (2010) have summarized the global inventories and 

releases as a consequence of the above activities [12]. A final important consideration in 

evaluating the environmental consequences of actinide releases is their activities and their half-

lives. Even though uranium is generally abundant at sites on a mass-per-volume basis, the short-

lived isotopes of americium and plutonium, even at substantially lower concentrations, can pose 

a much greater health risk because of their much higher activities [13]. 

1.2. Actinides in the aquatic systems 

Nuclear weapon test conducted globally in the process of development of nuclear weapons 

are estimated to have released more than 2 x 10
20

 Bq of radioactivity to the environment [14]. 

Accidental and other releases of radioactive nuclides from nuclear reactors amount to about 0.3% 

of this total. The majority of the releases from weapon testing have been deposited in the oceans 

and other aquatic systems. These releases include the residual fissionable nuclides in the weapon 

(
235

U, 
239

Pu) and those which are produced in its explosion as fission products (
137

Cs, 
90

Sr and 

nuclei formed by nuclear reactions, beta decay, etc.). It is estimated that 1.6 x10
16

 Bq of 

plutonium have been deposited in the oceans of the world from these tests [14]. Subsequently, 

plutonium concentration in open ocean waters is in the order of 10
-5

 Bq L
-1

, indicating that most 

of the plutonium released from natural waters is rather quickly sorbed to suspended particles or 

to the bottom sediments. It is predicted that only about 7% Pu will move into the oceans from the 

Sea. Since 99% of the release are sorbed onto sediments and suspended particles [15]. 
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Significant resuspension, remobilization and reprecipitation of actinides occur after the initial 

sorption. While the nature of actinide sorption, the mode of migration and the potential effects of 

the radionuclides on marine biota have been the subjects of study and hence more research is 

needed for a satisfactory understanding of these processes. 

Actinide ions often are not in a state of thermodynamic equilibrium and their solubility and 

migration behavior is related to the form in which the nuclides were introduced into the aquatic 

system. In general, the mobility of actinides in aqueous systems is dependent on (1) their 

thermodynamic properties, which determine solubility and speciation as a function of pH and 

redox potential (2) the availability of inorganic and organic ligands to form soluble complexes 

and (3) the composition and abundance of minerals and mineral colloids present in the system. 

Representative actinide isotope concentrations in seawater are given in Table 1.1 [16]. From the 

table, it is clear that except uranium, all radionuclides have concentration less than < 10
-12

 M. 

Various geochemical reactions and migration behavior of actinides is much dependant on 

their oxidation state .Some of the prominent oxidation state depandent reaction are solubility-

limited concentrations, complexation reactions, sorption onto minerals and colloid formation. 

Thorium, americium, and curium exist in only one oxidation state (Th
4+

, Am
3+

, and Cm
3+

) under 

all redox conditions. However, some actinides such as uranium, neptunium and plutonium are 

multivalent and exist generally as trivalent, tetravalent, pentavalent and hexavalent, denoted by 

An
3+

, An
4+

, AnO2
+
, or AnO2 

2+
 species respectively. Reduction of higher valent actinides to An

3+
 

and An
4+

 species results in lower solubility and a elevated level of tendency to sorb on mineral 

surfaces. In these lower oxidation states, actinides form hydrated An
3+ 

and An
4+ 

ions, whereas in 

the V and VI oxidation states, they are unstable in aqueous solution and hydrolyze instantly to 

form linear trans-dioxo (actinyl) cations, AnO2
+
 and AnO2

2+
 respectively [17ī19]. The strength 
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of the actinide complexes for a particular ligand generally decreases in the order: An
4+ 

> AnO2
2+ 

Ó An
3+

 > AnO2
+
. The tetravalent actinides form stable aqueous complexes and solid phases with 

low solubility and pentavalent actinides form the least stable complexes and more soluble solid 

phases [20]. The high solubilities and hence mobilities of the actinides are generally in a higher 

oxidation state, which are of primary concern in an environmental context. Table 1.2 details the 

available oxidation states for actinides in sea water and indicates which states predominate. 

Microbes, when present in aquatic environments, can also play a major role in defining the 

predominant oxidation state of the actinide through enzymatic pathways [21]. Multivalent 

actinides can be reduced to their lowest oxidation states by microbial processes in suboxic and 

anaerobic biogeochemical zones. Abiotic reduction of actinides is also possible when the 

oxidized species accept electrons from Fe
2+

- containing minerals, as is oxidation when reduced 

species transfer electrons to Fe
3+

- containing minerals, which are among the most abundant and 

important natural inorganic sorbents. Radiolysis of actinides in solution can also produce highly 

reactive species such as eī (aq), HÅ, OHÅ and H2O2, which can induce changes in the solute, 

including the actinide oxidation state [22, 23]. 

Thorium occurs only in the +4 oxidation state in nature. In aqueous solutions, especially in 

natural waters, the concentrations of dissolved thorium are very low. Dissolved thorium forms a 

variety of hydroxyl species and undergoes extensive chemical interaction with water and most 

anions. Thorium can form various aqueous complexes with inorganic anions such as dissolved 

carbonate, fluoride, phosphate, chloride, and nitrate. The formation of these complexes will 

increase the concentrations of total dissolved thorium in the environment. Although the 

tetravalent Th ion (Th
4+

) having the radius of approximately 1.0 Å is more resistant to hydrolysis 
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than other tetravalent ions, it forms a variety of hydroxyl species at pH values above 3. The 

concentration range of 
232

Th in natural fresh water rarely exceeds 1 ng/L, although mg/L 

concentrations of 
232

Th have been detected in high-acid groundwaters beneath uranium tailings 

sites [24]. The normal ranges of thorium concentrations in igneous, metamorphic and 

sedimentary rocks are less than 50 mgkg
-1

 whereas in oceanic sand/clays and marine manganese 

nodules, its concentration was found to be 30 and 300 mgkg
-1

 respectively [3]. These 

anomalously high concentrations of thorium have been explained by the tendency of thorium to 

strongly adsorb on clay and oxyhydroxide phases [24].  

Table 1.1: Representative actinide isotope concentrations in seawater [16] 

Radionuclides Concentration (M) 

232
Th 4.3 x 10 

-13
 

234, 238
U 1.3 x 10 

-8
 

238
Pu 3 x 10 

-18
 

239
Pu 1 x 10 

-14
 

240
Pu 3 x 10 

-15
 

241
Pu 8 x 10 

-17
 

241
Am 4 x 10 

-17
 

237
Np

 
2 x 10 

-14
 

244
Cm 3 x 10 

-22
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Table 1.2: Available actinide oxidation states in sea water at pH = 8.2, I = 0.7 m  

(Most common oxidation states denoted in Bold) 

Radionuclides Oxidation states 

Th IV  

U IV, VI  

Np IV, V, VI 

Pu III, IV , V, VI  

Am III  

Cm III  

 

For uranium, oxidized hexavalent uranium is highly soluble as the uranyl ion UO2
2+

, whereas 

the solubility of U (IV) is largely controlled by insoluble oxides such as uraninite (UO2). A redox 

diagrams for U, Np, Pu in seawater at T = 298, pH = 8.1, I = 0.7m (values are reduction 

potentials vs. standard hydrogen half cell) are presented in Fig. 1.1.  

 

Fig. 1.1: Redox diagram for U, Np, Pu in seawater at T = 298, pH = 8.1, I = 0.7m   



P a g e | 8 

 

 
 

Under oxidizing conditions of typical surface and subsurface waters, the aqueous speciation 

of U(VI) may determine the partitioning of uranium onto mineral surfaces, the reduction of 

U(VI) to U(IV) and the mode of incorporation of uranium into secondary precipitates such as 

iron oxy-hydroxides. Hydrolysis of the uranyl ion becomes important above pH = 4, where 

hydroxo complexes compete with other inorganic and organic ligands in solution, including 

carbonate, phosphate, sulfate, silicate, n-carboxylic and humic acids [25ī28]. In the presence of 

carbonate and other cations, the uranyl ion forms a series of neutral, anionic binary and 

polynuclear species that can influence adsorption of uranium on mineral surfaces [29 - 32] and 

inhibit both the abiotic and biotic reduction of uranium [33ï37]. In general, the binary species 

are the most stable aqueous species, but polynuclear species, particularly in the neutral to 

alkaline pH range, can be important for uranium mobility. Aqueous complexation of uranium 

and the other actinides has been studied using a variety of techniques, including calorimetric or 

potentiometric titration [38, 29 - 32], time-resolved laser-induced fluorescence spectroscopy [39 

- 41], Raman spectroscopy [42], attenuated total-reflectance Fourier transform infrared 

spectroscopy [43] and extended X-ray adsorption fine-structure (EXAFS) spectroscopy [44 - 48] 

and through application of quantum chemical approaches such as density functional theory [47, 

49], The most recent evaluation of thermodynamic data regarding the aqueous speciation of 

uranium is described in Guillaumont et al. (2003) although data for some species, particularly 

organic ligands, were not reviewed for this compilation [25].  Berto et al. (2012) also provide a 

thorough review of the aqueous coordination chemistry of uranyl along with a compilation of 

stability constants, including the major organic and inorganic ligands [27]. In general, the 

tendency of actinide ions to form complexes with univalent or bivalent inorganic ligands follows 

the trends: OH
-
 > F

- 
> NO3

- 
> Cl

- 
>>> ClO4

-
 and CO3

2- 
> SO3

2- 
> C2O4

2-
> SO4

2-
. Because of their 
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ubiquity in natural waters, hydroxide and carbonate are the most important ligands for actinide 

complexation. 

Chelation of UO2
2+

 by organic compounds may be as important as inorganic complexation in 

many natural systems and at contaminated sites where organic chelators were used in actinide 

processing. Organic ligands from simple carboxylic acids to more complex humic acids are 

present at variable concentrations in most natural waters [50]. In oilfield brines, acetic acid 

concentrations can approach thousands of parts per million [51] whereas surface and shallow 

groundwaters typically contain di- and tricarboxylic acids at concentrations of Ḑ10ī100 ppm 

[52] and a high proportion of humic acids [53]. Uranium forms stable complexes with a variety 

of organic ligands and organic-chelated uranyl species can be highly mobile [54 - 56]. Pompe et 

al. (2000) found that natural and synthetic humic acids complex U [VI] and may also play a role 

in Pu (VI) complexation [57]. Thorium (IV) humate complexes have also been reported [58]. 

When the organic chelate has the proper steric arrangement to form small chelate rings with the 

equatorial oxygen atoms on the uranyl ion (the carboxylate groups in oxalate or citrate), the 

uranyl chelates can have exceptionally high stability. As a result, the industrial use of chelating 

agents such as Tiron or citrate, to enhance the mobility of uranyl is common in industrial 

applications and organic chelation of uranyl has been used to remove uranium from 

contaminated soils during pump and treat remediation strategies [59]. The mobilization and 

transport of uranium by carboxylic acids and organic compounds is also thought to be important 

in the formation of sedimentary uranium ore deposits [60, 61], At low pHs, where uranyl 

adsorption onto mineral surfaces is not favored by charge considerations, functional groups 

associated with natural organic matter (NOM) adsorbed to mineral surfaces may enhance UO2
2+

 

sorption [62, 63]. Alternatively, binding of uranyl to the cell envelope of microbial organisms 
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may inhibit cell metabolism [64] or inhibit uranium reduction, with consequences for the 

effectiveness of bioremedation strategies. In addition, plutonium and americium have been found 

to associate preferentially with dissolved high molecular weight organic matter [65]. NOM can 

also cause reduction of redox-sensitive actinides, including neptunium and plutonium [66 - 68] 

Interactions between natural and amended synthetic organic compounds can thus play a key role 

in determining the fate of actinides in the environment.  

The dominance of the carbonato complexes under natural conditions at near-neutral and basic 

pHs is a common feature of all the three actinides (U, Np and Pu). However, there are some key 

differences among uranium, neptunium and plutonium speciation. Plutonium has the most 

complex redox chemistry of the actinides with multiple valence states stable under typical pH 

and redox conditions of subsurface environments. Plutonium speciation is thus a strong function 

of the Eh, pH, ionic strength, organic and inorganic ligands and disproportionation kinetics. 

Since the redox couples of Pu (III)/Pu(IV) and Pu(V)O2
+
/ Pu(VI)O2

2+
 are less negative than the 

Pu(IV) /Pu(VI)O2
+
 couple therefore multiple oxidation states can be present in solution as a 

result of plutonium disproportionation which becomes increasingly favorable at elevated 

temperature and at pH < 1.5 and > 7. Although Pu(V) and Pu(VI) predominate under oxic 

conditions, in general, Pu (IV) is often the most common plutonium ion at neutral pH and mildly 

reducing conditions, whereas Pu (III) tends to have much lower solubility. Pentavalent plutonium 

can be reduced to Pu (IV) via adsorption on mineral surfaces including redox-inactive minerals, 

although the exact mechanism and kinetics are not well established [69 - 72]. In the tetravalent 

state, the aggregation of hydrolysis products as [Pu(OH)n]
(4īn)+

 results in the formation of 

hydroxo-bridged polymers [73]. The formation of stable colloids of polymeric plutonium (IV) 

hydroxide is known to greatly enhance the mobility of Pu(IV) in the environment. At the 



P a g e | 11 

 

 
 

concentrations (10
ī9 

M Putot), Pu-(OH)4(s) is found to control the Pu (IV) solubility [12]. If 

crystalline PuO2(s) is considered for the dominant control on plutonium solubility, the 

concentration of Pu (IV) would be Ḑ10
ī17

 M. PuO2
+
 does not tend to form strong complexes with 

inorganic anions within the low to neutral pH range, whereas PuO2
2+

 forms complexes with Cl
ī
 

and NO3
 ī 

anions, which are comparatively less stable than Pu(IV) complexes. However, Pu (III), 

Pu (IV) and Pu (VI) will form mono to polymolecular complexes with many organic ligands 

such as acetate, oxalate, and ethylenediaminetetraacetic acid [74]. Such complexes would limit 

the polymerization of plutonium (IV) hydroxides and are thus often used in plutonium 

separations. 

In contrast to uranium and plutonium, pentavalent neptunium is stable under oxic to 

moderately suboxic conditions as the trans-dioxoneptunyl cation NpO2
+
 or as neptunylcarbonato 

complexes at high pH [75]. As a result, neptunium is generally the most soluble and mobile of 

the actinides and perhaps the greatest concern to waste storage sites. Np (IV) is favored in anoxic 

environments and hydrolyzes to form polymeric hyroxides, similar to Pu (IV). Tetravalent 

neptunium is commonly incorporated into sparingly soluble solids such as Np(OH)4 or 

immobilized via the formation of strong surface complexes with suspended solids. Depending on 

the redox conditions, neptunium solubilities are also likely to be limited to 10
ī8

 to 10
ī4

 M by 

poorly crystalline oxyhydroxides [Np(IV)(OH)4(s)] or oxides [Np(V)2O5(s)] respectively [12, 

76]. Although NpO2 is thermodynamically favored, it has not been identified in solubility 

experiments involving natural waters - only amorphous Np(IV) solid phases precipitated and 

hence these are considered to control aqueous neptunium concentrations, at least initially [77, 

78]. 
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1.3. Sorption of actinides on sediment surfaces  

The term ñsorptionò encompasses a variety of possible processes and does not make any 

distinction with regard to the underlying mechanism. Ultimately, the mobility of actinides in 

near- and far-field environments is known to be a strong function of the competition between 

dissolved and adsorbed phases. Sediment, in general, conatins more than 70% minerals, thefore 

sorption on mineral and surface complexation reactions is one of the leading reactions. [78,79]. 

Reactions of actinides at the mineralīaqueous solution interface have attracted much attention 

during recent years. Initially research was mainly driven by the need to obtain solid/liquid 

distribution coefficients (kd-values) as input data for performance assessment modeling related to 

nuclear waste repository projects or to the development of remediation technologies for 

contaminated sites. Very soon it became apparent that profound understanding of reaction 

mechanisms is required to develop appropriate geochemical sorption models for a reliable 

description and prediction of actinide environmental behavior. The surface complexation 

involves chemical binding of aqueous species and direct contact with mineral surface functional 

groups. However, depending on geochemical conditions and the type of minerals, reactions other 

than mere sorption such as surface induced redox reactions and actinide incorporation into the 

solid matrix, are possible. Master parameters controlling sorption mechanisms and determining 

the extent of sorption are pH, redox conditions, total actinide ion concentration, the type of 

mineral surface functional groups and the dynamic properties of the mineral in contact with the 

aqueous solution. Further parameters, such as salinity, ionic strength, the presence of competing 

cations and actinide ligating anions exert further inþuence on surface sorption reactions and 

actinide surface speciation. Table 1.3 summarizes some of the parameters which must be 

considered in experimental design and which must be consistent with any sorption theories.  
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To quantify actinide sorption, batch sorption experiments are usually carried out by varying 

the chemical conditions. Sorption isotherms are determined by measuring the solidīliquid 

distribution of an actinide ion at the variable concentration but at ýxed pH. The pH dependent 

actinide sorption is studied at constant concentration and provides the so-called ñsorption edgesò 

[8 ī 10]. Both sorption isotherms and sorption edges provide imperative input data for 

development of mechanistic geochemical/thermodynamic sorption models, able to account for 

variable geochemical conditions. Combination of results with complementary spectroscopic and 

theoretical methods allows for elucidation and veriýcation of sorption mechanisms and actinide 

surface species. 

Even though this approach is elaborated, it is much more appropriate for predicting 

contaminant mobility under natural conditions than using a single distribution coeǣcient (kd 

value) determined for a speciýc geochemical environment. Such kd values are, in general, only 

applicable at trace concentration ranges for reversible sorption reactions and at invariable 

geochemical conditions.   

The complexity of the actinide aquatic chemistry has a strong impact on sorption. Under 

naturally relevant conditions, actinide ions can exist in various redox states such as An(III), 

An(IV), An(V), An(VI) . The actinide redox state and speciation of the actinides change due to 

surface reactions and can form a broad variety of complexes with dissolved constituents in the 

form of mainly OH
ī
 and CO3

2ī
 in natural waters. While the tri- and tetravalent actinide species 

form more or less spherical aquo-ions with [80, 81] water molecules in the ýrst coordination 

sphere, penta and hexavalent cations form actinyl cations with covalently bound axial oxygen 

atoms and 4 - to 6-fold coordination in the equatorial plane [13]. Steric constraints are thus to be 

expected for the interaction of actinyl cations with surfaces.  
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Table 1.3: Factors important to sorption 

Parameters Impact on sorption process 

pH Strong increase in sorption within the middle pH range. 

Sorbate concentration Depending on sorbate concentration, the increase in 

sorption can be linear or non-linear with concentration. 

Temperature In many cases, increased temperature is likely to reduce 

sorption 

Pressure Important if sorption leads to a volume change 

Ionic concentration Reduces non-specific sorption through mass action effects. 

Complexing ligands Can reduce or enhance sorption 

Eh Affects the chemistry of redox sensitive sorbates, 

sometimes significantly affecting sorption. 

Solid/liquid ratio Can influence measured sorption at low solid 

concentrations. 

Specific Surface area Determines the amount of available surface sites. 

Exchange capacity Determines the total amount of sorption by ion exchange 

Type and density of surface 

sites 

Determines the total amount of sorption by surface 

complexation 

Mineral pre-treatment 

 

Sorption results can be affected by the amount of time the 

mineral is conditioned in the experimental ionic medium 

 

Notably the tetravalent actinide but also the hexavalent actinyl cations tend to form 

oligomeric or even polymeric species which may interact with surfaces by either electrostatic 
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forces or chemical bonds. This chemical complexity has todate prohibited development of any 

uniýed model for dealing with actinide sorption under varying geochemical conditions. A further 

inherent diǣculty is related to the unique properties of diǟerent mineral surfaces. Even actinide 

sorption onto pure and well-deýned crystal planes is not entirely understood, demonstrating the 

need for further study.  

Actinide reactions with microbial surfaces are quite comparable to interactions with mineral 

surfaces. Bacterial cell walls consist of exopolymers, proteins and lipids and thus, contain 

various surface functional groups potentially capable of interacting with actinide cations. While 

hydroxyl groups dominate mineral surfaces, bacteria also contain carboxylate, phosphate, thiol 

and amino moieties where carboxylate and phosphate groups generally exhibit high affinities for 

actinide cations. The range of possible surface sorption mechanisms, such as outer- sphere 

binding, inner-sphere surface complexation, surface precipitation and surface induced redox 

reactions have also been observed for actinideīmicrobe interactions. Geochemical modeling 

approaches for quantitative description are virtually the same for metal cation sorption to mineral 

surfaces and biosorption. Under certain conditions, biomass can dominate actinide solidīliquid 

interface reactions, for example, in soil systems. Unlike mineral surfaces, living cells can 

actively take up metal ions and transfer them to the cell interior and sequester them in the 

intracellular medium.     

Due to very low solubility of the tetravalent actinides such as Th(IV), U(IV), Np(IV) and 

Pu(IV), they have a strong tendency toward hydrolysis under relevant natural aquatic system 

conditions [82]. This leads to a strong interaction (sorption) with any kind of surfaces, even at 

low pH [83 - 85]. Precipitation or polymer/colloid formation due to oversaturation [86 - 88] has 

to be expected as side reactions in sorption studies of tetravalent actinides. Among actinides, 
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only Th is exclusively stable in the tetravalent oxidation state. The other actinides UīPu are 

redox active and form different oxidation states depending on electro-chemical boundary 

conditions for surface induced redox reactions. To avoid associated experimental complications, 

many sorption studies reported in the literature have been performed with thorium. Typically, 

An(IV) sorption is modeled with monodentate surface complexes, while spectroscopic 

investigations suggest rather that bidentate surface complexes form. Thorium sorption onto silica 

was modeled assuming monodentate complexation at silanol surface sites and considering the 

different Th(IV) hydrolysis species (Th(OH)x
4īx

  with x = 0ī4) [89]. The same surface speciation 

was used in a surface complexation model to describe Th(IV) sorption onto illite and 

montmorillonite [90]. In the presence of strongly complexing ligands such as carbonate, 

phosphate and carboxylic acids, ternary An(IV) surface complexes have been reported. Uptake 

of Th(IV) and Np(IV) has been studied at high pH (pH = 11.0ī13.6), under conditions where ɔ-

Al 2O3 and SiO2 surfaces are negatively charged and at elevated carbonate concentrations where 

tetravalent actinide ions form anionic carbonato complexes. The observed decrease in 

distribution coefficient with increasing carbonate concentration is explained by the simple 

assumption that negatively charged complexes will not or barely sorb [91]. Declining Pu(IV) 

sorption onto calcite with increasing pH was also explained by the competitive formation of 

aqueous plutoniumīcarbonate species [92].  

Strong hydrolysis and carbonate complexation are known reactions in hexavalent actinide 

chemistry, as well as the formation of U(VI) silicato species and formation of polynuclear 

(dimeric, trimeric etc.) species. As uranium aqueous speciation is quite complex, interactions 

with mineral surfaces are difficult to correctly describe [93]. At increasing pH and uranyl ion 

concentration, ternary hydroxo and carbonato surface complexes and polynuclear complexes 
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form and finally U(VI) hydroxide/carbonate precipitates. ſSiOUO2 type complexes form at 

surfaces of the minerals silica [94] and albite [95]. Uranium (VI) forms very stable carbonato 

complexes in solution and as a consequence uranium sorption in the presence of dissolved CO2 is 

strongly suppressed in comparison to the carbonate free system [96 - 100]. The effect for U(VI) 

is much more pronounced than for the trivalent actinides [100]. Description of uranium sorption 

on natural rocks and sediments in the presence of carbonate is only possible by postulating 

formation of various ternary uranium carbonato surface complexes [101 - 103]. Different 

stoichiometries have been proposed in the literature for these species, a portion of these in 

modeling studies: ſ SOUO2(CO3HCO3)
2ī

 [101, 102], ſSOUO2(OH)(CO3)
2ī

 [93, 94],  ſ 

SO(UO2) - Cax - (CO3)y [104, 105], ſ S(CO3)UO2(CO3)2
3ī

 [106, 107], ſ SOUO2HCO3 [93], ſ 

SOUO2CO3
ī
 [93], ſ SOUO2(CO3)2

3ī
 [93],  ſSOUO2(HCO3)

2ī
 [93] and ſ SOUO2OH(CO3)2

4ī
 

[93]. In addition to sorption of pure carbonato and bicarbonate complexes, mixed hydroxo-

carbonato and carbonato-bicarbonato surface complexes have been proposed. Sorption of Ca-

uraniumī carbonato species such as Ca2UO2(CO3)3, which dominate aqueous U(VI) speciation 

in Ca containing systems at neutral/slightly alkaline pH conditions [93] have not yet been 

experimentally verified but had to be considered in modeling to successfully describe U(VI) 

uptake data [93, 108]. The existence of bicarbonato surface complexes may be questionable, as 

bicarbonate is known to be a weak ligand for actinide ions in solution. 

Sorption reaction mechanisms and actinide surface speciation now a day can be investigated 

in great detail with increasing availability of spectroscopic techniques which is described in the 

previous section (section 1.2). The actinide sorption reactions generally take place at mineral 

surfaces by various surface phenomena such as outer-sphere attachment and inner-sphere surface 

complexation of ionic and colloidal actinide species as shown in Fig.1.2. Beyond pure surface 



P a g e | 18 

 

 
 

attachment and complexation reactions, actinides can also react with minerals by incorporation 

(mineralization) and surface induced redox reactions.  

1.3.1. Outer-sphere sorption 

Sorption reactions may involve pure electrostatic attraction of actinide ions or polymeric 

actinide species to negatively charged mineral surfaces with no or little impact on the metal ions 

hydration shell. Such reactions are well-known for actinides interactions with permanently 

charged clay mineral surfaces i.e. the typical ñion-exchangeò sites. The origin of the relevant  

surface charge for this type of interaction in clay minerals is isomorphic substitution of Al in 

Al 2O6 octahedral layers by divalent cations (Mg/Fe(II)) and/or Si in tetrahedral SiO4 layers by 

trivalent cations (Al/Fe(III)). The usually weak electrostatic nature of cation attachment to 

permanently charged surfaces renders this interaction readily reversible and strong competition 

with other cations takes place. Relative sorption strength is quantified by selectivity coefficients 

defining the exchange of actinide ions with other cations (e.g., Na
+
, Ca

2+
) bound to the clay 

mineral planar sites. The mostly outer-sphere binding character of actinide ions sorbed to cation 

exchange sites has been evidenced by applying various spectroscopies [109 - 112] but can also 

be derived from the interpretation of results obtained from batch experiments performed at 

different ionic strengths. Solid/liquid distribution ratios are almost pH independent in the low pH 

region and decrease strongly if ionic strength increases. A general observation is obviously that 

actinide outer-sphere sorption to clay-type minerals becomes prevalent at low pH and low ionic 

strength as is described for An(III), An(V), and An(VI) [113-115]. However, the affinity of 

An(IV) toward hydrolysis and chemical binding to surface hydroxyl groups is generally 

considered strong even at low pH so that purely electrostatic interactions with mineral surfaces 

are considered irrelevant [114]. 
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Fig.1.2: Actinide sorption reaction mechanisms 

hn et al. (2002) identified only inner-sphere surface complexes for Th(IV) interacted with 

montmorillonite under very similar conditions of pH = 2 and 3, 0.1 mol dm
ī3

 NaClO4 [116]. The 

strong ionic strength dependence of neptunyl (NpO2
+
) sorption at pH < 6 onto smectite indicates 

outer-sphere sorption as well [117]. Various studies on UO2
2+

 sorption to mineral surfaces are 

available from the literatures, where laser fluorescence and X-ray spectroscopies have been 

applied to identify sorption mechanisms. At low pH, fluorescence emission spectra for UO2
2+

 

bound to montmorillonite closely resemble that of the aquo ion [108, 118] and are consequently 

assigned to a purely electrostatically sorbed aquo complex. Interestingly, outer-sphere sorption 
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of UO2
2+

 onto TiO2

- ller et al. (2012) found outer-sphere 

binding of UO2
2+

 at the TiO2 surface only at higher loading while at low surface coverage an 

inner-sphere bidentate surface complex was observed [118]. Chang et al. (2006) concluded from 

deconvolution analysis of their cryogenic TRLFS spectra obtained for UO2
2+

 adsorbed onto 

gibbsite a minor contribution from outer-sphere surface species [119]. According to that study 

the outer-sphere species exists only at the lowest ionic strength investigated (0.001 m) and 

disappears at higher electrolyte concentrations. 

1.3.2. Inner-sphere sorption 

The formation of strong actinide ionīsurface oxygen atom bonds with significant ionic or 

covalent contribution results in inner-sphere surface complexes where part of the metal ionôs 

hydration sphere is removed [24]. This strong binding to the mineral surface has a more 

pronounced effect on reversibility and desorption kinetics compared to outer-sphere sorption [27, 

54], While formation of outer-sphere bound actinide species at ion exchange sites of clay 

minerals is more or less pH independent. Sorption by inner-sphere complexation is considered to 

take place on amphoteric surface hydroxyl groups and thus varies with their pH dependent 

protonation/deprotonation. Further parameters affecting inner-sphere sorption are ionic strength, 

electrolyte composition as well as metal ion concentration, presence of competing cations, 

complexing ligands and temperature, etc [25, 55]. In general, the extent of sorption at given 

geochemical conditions follows the effective charge of the actinide ion: AnO2
+
 < An3

+
/AnO2

2+
 < 

An4
+
 [25, 56].    
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At given geochemical conditions, actinide sorption to various metal oxides generally 

decreases in the series iron å aluminum > titanium > silicium oxides [55, 57]. The presence of 

strong complexing organic and inorganic ligands effectively competes with surface 

complexation. Especially, carbonate and carboxylic acids can significantly suppress actinide 

uptake by solution complexation or competitive sorption, but also favor formation of ternary 

surface complexes. The interplay of actinide solution chemistry and reaction with mineral 

surfaces has been discussed in the literatures. A great number of studies on inner-sphere sorption 

of trivalent actinide ions onto pure and composite minerals are available as aluminum and iron 

oxides and hydroxides, clay minerals, igneous rock minerals, titanium oxides, calcite, etc. 

Am(III) sorption was studied mainly by batch sorption experiments [41, 56, 58-61], while only a 

few spectroscopic studies have been published [62-64]. In a study of Am(III) sorption onto 

smectite and kaolinite  inner-sphere surface compexation is studied at pH 6.62. The trivalent 

actinide ions coordinate with 4 oxygen atoms from the surface and 5 remaining hydration sphere 

water molecules. Am(III) sorption onto ferrihydrite results in a bidentate corner-sharing surface 

species [63]. Two different inner-sphere surface complexes have been identified also on quartz 

up to pH 9.4 [65]. In this case the sorption data have been interpreted as bidentate Am/ Cm(III) 

coordination to the surface. Very often the trivalent lanthanides are used as chemical homologues 

to simulate the behavior of the trivalent actinides Am(III) and Cm(III) with similar ionic radii. 

Analogous behavior could be clearly verified for Eu(III), Gd(III), Am(III) and Cm(III) sorption 

onto ɔ-Al 2O3 [58]. Surprisingly, Am(III) binding to Na-illite was reported to be significantly 

stronger than Eu(III) binding [42]. This finding is currently not understood, but might be 

explained by the differing sorption properties of different illite batches used for the experiments. 

Overall, the experimental findings suggest that the pH dependent surface speciation will be 
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controlled by the deprotonation of one surface hydroxyl group. However, because of the surface 

structure of minerals considered, further coordination to about 3ī4 neighboring surface oxygen 

atoms takes place simultaneously. At higher pH, trivalent metal ion sorption strongly decreases 

compared to the organic-free system due to An(III)-organic complexation in solution and 

reduced sorption of organic matter [97].  At pH > 10, dissolved silica increases due to enhanced 

dissolution of the alumosilicate. This is proposed to cause the appearance of silicato-Cm(III) 

surface species, identified by additional TRLFS bands. The fraction of these species is enhanced 

if the silicate concentration increases. Similar spectral features have been recently reported in a 

study of Cm(III) sorption onto illite and montmorillonite at pH > 10 and attributed to the same 

mechanism [102].   

1.3.3. Competitive sorption 

Geochemical modeling of actinide sorption in multi-component systems currently relies on 

the assumption of competitive metal ion interaction with hydroxyl groups at mineral surfaces. 

The extent of individual metal ion sorption is determined by the respective complexation 

constants. Recently, this concept has been put into question by a study on competitive sorption of 

actinide/lanthanide and other metal ions onto montmorillonite and illite [110]. Interestingly, only 

metal ions with similar chemistry (e.g., valence state) were observed to compete with one 

another, whereas metal ions with dissimilar chemical properties were not so that competition 

seems to be selective [111]. Eu(III), Nd(III), and Am(III) were reported to show competitive 

behavior. In contrast, competition between Th(IV) and U(VI) was not observed. From these 

findings, the authors conclude that multiple sets of surface sites exist at the clay mineral surfaces, 

which are selective with regard to the sorption of certain types of metal ions. Other types of 

metal ions are not able to compete for sorption on those selective sites. 
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1.3.4. Actinides - Natural organic matter (NOM) interactions  

Generally, natural organic matter (NOM) mainly present in the environment play an 

important role in the fate and transport behaviour of actinides in which they form strong 

complexes. The complexation of actinides with NOM may have two opposite effects. If 

complexed by immobile organic matter, their migration will be retarded. On the other hand if a 

stable complex is formed with mobile organic matter, migration will be enhanced. The presence 

of NOM has a strong impact on actinides sorption, is affected by the extent of organic interaction 

with mineral surfaces and thereby depends on pH [56, 96, 106, 107, 115]. General trends of 

actinide (IV) partitioning between solid and dissolved organic matter are inherently similar to 

observed behavior of trivalent actinide ions. The positively charged actinide ions in solution are 

sorbed on negatively charged mineral surface, thus retarding their migration. Actinides are also 

capable of forming soluble complexes with dissolved negatively charged organic acids. The 

organically complexed actinides do not interact as efficiently with mineral surface, thus their 

rates of transport as neutral species may be enhanced. The evidence that NOMs form very strong 

complexes with numerous actinides (Th, U, Am) and fission products has been reported [32].  

Field observations have suggested that the actinides are mobilized by NOM and rapidly 

transported with little retention [39]. Depending on geo-chemical parameters, the actinides-

organic complexes are able to migrate as colloid or retained through adsorption onto mineral 

surfaces [40]. Under a condition that limits NOM interaction with minerals due to low affinity or 

saturated for binding NOM, the presence of the NOM decreases the binding of the metals to the 

mineral phase and enhances their transport [39]. The mechanism of metal ion binding to organic 

matter remains a controversial area with ion-exchange, complexation, and surface adsorption 
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being the prevalent theory. Other theories include chemisorption and adsorption-complexation 

[41].  The same binding mechanism is believed to apply for NOM-radionuclides interactions. 

In NOMs, humic acids (HAs) plays a decisive role within natural interaction processes 

because of their good solubility in the pH range of natural waters and high complexing capacity. 

Due to their complicated and heterogeneous nature, a thermodynamically based description of 

the complex formation of HAs with actinide ions is difficult but yet important. There are 

different thermodynamic models describing the complexation behavior of HAs. However, these 

models differ from each other in the definition of the complexation reaction and the humic acid 

ligand concentration. Moreover, the existing database for the interaction between actinide ions 

and humic acids is incomplete, especially for actinides in the pH and concentration range of 

natural systems. Humic substances have been shown to interact with metal ions [34, 35], 

radionuclides [36], organic compounds [37] and minerals [38] through chemical and physical 

reactions forming soluble and insoluble complexes of widely differing chemical and biological 

stabilities. These interactions will determine the retention and migration of ions in the 

environment. The interactions with natural radionuclides are important in speciation and 

migration studies related to environmental contamination and landfill disposal of naturally 

occurring radioactive materials (NORM) waste. The ability of humic substances to bind 

actinides/metal ions comes from their high content of oxygen-containing groups such as 

carboxylic, phenolic, alcoholic and enolic and carbonyl. Several mechanisms are involved in the 

association of actinides/metals with HAs : (1) outer sphere complex formation (a relatively weak 

electrostatic interaction of metals with carboxylic or phenolic groups of humic acids) (2) inner 

sphere complex formation (strong interaction of dehydrolyzed metals with ligand in humic acids) 

and (3) physical interactions such as inclusion of inorganic particles in a three-dimensional 
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pocket-like structure in humic acids and precipitation of actinides/metals on humic acid 

molecules [17, 18]. The stability of metalïhumic complexes depends on the nature and 

properties of humic acids [19, 20]. Humic acids are relatively stable in oxidative environment 

and relatively immobile [21, 22] because metals are strongly bound to humic acids in a stable 

form for very long periods of time. According to Blevius et al. (1983), clayïorganic interactions 

are important to change the nature and number of complexation sites [23, 24]. Literature reported 

that the adsorption of humic acids on positively charged hematite changes the surface charge 

from positive to negative [25] and the addition of humic acids to clay or Fe oxide can increase 

colloidal stability [26, 27]. The mechanisms of clayïhumic acid interaction depend of the type of 

clay minerals involved and may be categorized as follows: (1) anion and ligand exchange at the 

clay edges, (2) cation or water bridges to basal surface, (3) H-bonding to the siloxane or gibbsite 

sheet, (4) Van der Waals forces, (5) entrapment in the crystal pores, (6) adsorption in interlayer 

spaces and (7) hydrogen bonds between oxygens or hydroxyl groups of clay and functional 

groups of humic compounds [28, 33,]. Thus, the stability of radionuclide-humate complexes in 

solid media in the environment is important to retard the mobilization of radionuclides. In peat 

lands, humic substances is mineralized very slowly to carbon dioxide and methane because 

microbial metabolism is restricted to anaerobic pathways in waterlogged and anoxic peat [31] .  

1.3.5. Geochemical modeling  

Traditionally, distribution coefficients (kd) are used to describe sorption of actinides and their 

retention on mineral surfaces in migration processes as well as to assess their mobility and 

propagation in environmental systems from a given source. kds of actinides are affected by 

numerous geochemical parameters and processes such as pH, sorption to clays, organic matter, 

iron oxides,  oxidation/reduction conditions, major ion chemistry and the physico-chemical form 
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of actinides. The number of significant influencing parameters, their variability in the field and 

differences in experimental methods result in as much as several orders of magnitude variability 

in measured kd values reported in the literature. This variability makes it much more difficult to 

derive generic kd values for actinides. Therefore, it is recommended that kd values to be 

measured for site-specific conditions. If the kd is not measured site-specifically, then a 

conservative kd should be used for calculation purpose.  

At equilibrium, distribution coefficients of interest is given by the following equation, 

W

S
d

C

C
k

                                                                                                                   (Eq.1.1) 

Where, CS is the amount of sorbate adsorbed per unit mass of adsorbent and Cw is the total 

amount of dissolved sorbate at equilibrium. The following common methods are used frequently 

for determination of kd values.  

1.3.5.1. Batch method 

     In batch experiments, the sorbent and the solution containing the sorbate (usually 

dissolved) are contained in a vessel. After a given reaction time, the solid and liquid are 

separated and the liquid (or solid) are characterized for sorbate concentration or chemical form. 

These methods are used for both adsorption and desorption reactions. 

1.3.5.2 Column method 

     In this method, sorbent material is loaded in the column and the solution containing the 

sorbate is passed through the column. After a given reaction time, the liquid are separated and 

characterized for sorbate concentration.  

1.3.5.3. Adsorption isotherm models 

Since the amount of surface available for adsorption on solids is limited, therefore, increases 

in sorbate concentration will induce competition for these sites and may decrease the value of the 
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measured kd. The variation of the kd values with sorbate concentration is known as a sorption 

isotherm, which can be described with a number of different approaches. The Freundlich 

equation is often useful for modeling sorption of metals onto solids with heterogeneous surfaces 

(multi- sites) and has frequently proved superior to the Langmuir equation for cations or anions 

sorption. The Langmuir isotherm is used for the changes in sorption when the surface becomes 

loaded with sorbate. It is originally developed to describe monolayer adsorption of gases onto 

solids. When it was adapted for adsorption from a liquid to a solid, it retained two useful 

parameters, which were the maximum adsorption capacity, Q
0
, and a constant, KL, related to the 

binding energy. Furthermore, many other (nonlinear) isotherms exist that rule out the application 

of a constant distribution coefficient in migration calculations. However, the use of single 

distribution coefficients may lead to significant error in performance assessment calculations. In 

principle, the drawbacks of the distribution coefficient concept are overcome by using 

appropriate adsorption models such as ion exchange and surface complexation/precipitation 

models. Various general phenomena contribute to sorption from aqueous solutions. For all these 

phenomena, models are required to go beyond simple distribution coefficients. The adsorption of 

a sorbate (An
n+
) to a surface functional group (ſ SOH) of sorbent materials is given by the 

following equation:  

ſ SOH + An
n+

   ź   ſ SOAn
-1+ n 

+ H
+
,  

where, ſ SOAn
ī1+n

 are the actinide surface complex formed. The basic charging is due to 

interactions of the surface hydroxyls with the charge-determining ions (proton and hydroxide ion 

for oxide minerals). The net charge of various surface species depends on pH and ionic strength 

and is described by surface chemical reactions, such as 

 ſ SOH + H
+
 ź ſ SOH2

+
 (K

+
) and ſ SOH + OH

-
 ź ſ SO

-
 + H2O (K

-
).  
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These two reactions generically symbolize protonation and deprotonation of mineral surfaces 

and are part of the very first surface complexation models which would nowadays be termed 1-

site-2-pK models. 

1.3.5.4. Transport model 

The transport of sorbate in sorbent materials is described using one dimensional differential 

model which can be derived as follows: 

 

                                                                                                                                       (Eq. 1.2) 

Where, C is the amount of the sorbate in dissolved phases, t is the time during movement of 

sorbate in sorbent, x is the thickness of sorbent materials, D is the diffusion coefficient, V is the 

velocity of  the fluid, ɚ is radionuclides decay constant and R is the retardation factor of sorbate 

which is calculated using the following formula, 

       
X

W

V

V
R                                                                                                                  (Eq. 1.3) 

Where, VW is the velocity at which the sorbate moves in sorbent materials and Vw is the 

velocity of conveying fluid. Using the value of retardation factor of interest, kd can be 

determined by the following equations 

b

d

R
k

)1(
                                                                                                         (Eq. 1.4) 

Where, ū and ɟb are the fractional porosity and the bulk density of the sorbent materials 

respectively.  
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1.3.5.5. Salinity method 

This method is applicable only when there is opposite relation (but strong correlation) 

between salinity and kd values. This can be expressed by the following equation:   

0
ln)1ln(ln d

S

d kSbk                                                                                               (Eq. 1.5) 

Where, kd
S
 is the distribution coefficient at some salinity S, b is a constant and kd

0 
is a 

constant that essentially represents the distribution coefficient at zero salinity. A plot of ln kd vs 

ln (S+ 1) yields a straight line (not always) with a slope b and intercept ln (S+ 1). These 

distribution coefficients (correspond to linear and reversible adsorption isotherms) are rather 

easily implemented in codes that describe the migration of a selected sorbate through sorbent 

materials. They are neither linked to a retention mechanism nor do they necessarily consider 

solution and surface speciation explicitly. Both these aspects can be resolved mechanistically by 

considering their contribution in the sorption reactions. 

1.4. Objectives of the thesis 

The main objectives are; 

1. To study the interaction of actinides (U, Th and Pu) with various matrices of prevailing 

marine environment of Mumbai Harbour Bay (MHB). 

2. Spatial and vertical concentration profile of U, Th and Pu in bottom sediment of MHB. 

3. Impact of minerals, trace metals and particle sizes on the association of U, Th and Pu 

with marine sediments. 

4. To study the adsorption-desorption behaviou of U and Th in sediment-seawater sytem 

and comparision with other geochemical environments. 

5. Radiometric dating of 
210

Pb, 
137

 Cs and 
228

Ra/
226

Ra for evualtion of chronicle deposition 

of U, Th and Pu in bottom sediment of MHB. 
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6. To evaluate the various thermodynamic parameters for U (IV) sorption onto 

sediment/soil in various aquatic environments. 

1.5. Outline of the thesis 

The rest of the thesis is organized as follows: 

Chapter 2 encompasses an overview of the study area which includes the interacting 

components (biotic and abiotic), water movement, tidal flow patterns and available dilution at 

Mumbai Harbour Bay (MHB). In addition, the various natural and anthropogenic sources of U, 

Th and Pu in the bay were also discussed in detail.  

Chapter 3 describes the concentration profiles of 
nat

U, 
nat

Th & 
239+240

Pu in seawater of MHB 

and prediction of their chemical speciation using computational methods. The chapter also 

discusses the various physico-chemical parameters such as Oxidation-Reduction Potential 

(ORP), pH, Dissolved Oxygen (DO), Electrical Conductivity (EC), Salinity, and Total dissolved 

solids (TDS) in seawater. In addition, the predominant aqueous species of U, Th and Pu at 

various physico-chemical parameters of seawater was calculated by the speciation code 

MEDUSA. This code includes an extensive thermodynamic database along with HYDRA 

(hydrochemical equilibrium constant database) speciation program and three main different 

algorithms for creating chemical equilibrium diagrams. The ligands such as hydroxide, chloride, 

nitrate, carbonate, fluoride, sulphate, phosphate and silicate are included.  

Chapter 4 focuses on particle size characterization, mineralogy and their impact on spatial 

and vertical distribution of 
238

U, 
232

Th and 
239+240

Pu in the bottom sediments. A total of 64 

bottom (grab) sediment samples were collected at different seawater depths (1m ï3 m) from 16 

different locations covering an area of about 64 km
2
 of Mumbai Harbour Bay using an Ekman 

dredge grab sediment sampler. The particle size distribution of sediment samples was determined 
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using a laser diffraction particle size analyzer (CILAS, France, Model 1190). The various 

minerals present in the sediments were identified and quantified by the X-ray diffraction (XRD, 

Model: GNR, Italy).   The total carbon in the sediments was estimated using C H N S O 

elemental analyser (Flash EA 1112 Series, Thermo Finnigan, Italy). Detailed spatial and vertical 

concentration profile of 
238

U, 
232

Th and 
239+240

Pu in bottom sediments was also discussed.   

Chapters 5 gives the detail of the distribution of major and trace metals (Na, K, Mg, Ca, Fe, 

Cu, Ni, Co and Mn) in sediments and their correlations with the contration profile of 
238

U, 
232

Th 

and 
239+240

Pu. Using normalization of metals to Fe, the mean enrichment factor of Cu, Ni, Co and 

Mn was also evaluated.  

Chapter 6 mainly focuses on the adsorption-desorption behavior of uranium and thorium in 

two different systems viz sediment-seawater and soil-groundwater. To understand the role of 

sediments in scavenging and removing radionuclides from the aquatic systems, it is necessary to 

study the processes by which ions are sorbed and desorbed from the surface of the sediments. In 

this study, the laboratory based batch experiment was conducted to determine the distribution 

coefficient (kd) of uranium and thorium in sediments. 

Chapert 7 discusses on the various obtained migration parameters such as sedimentation 

rate, sediment accumulation rate, age of sediment, total inventory, annual deposition rate, 

atmospheric fluxes, residences time, scavenging rate, linear attenuation coefficients, mass 

relaxation depth etc for 
210

Pb and 
137

Cs using radiometric dating models.  

Chapert 8 describes the various thermodynamic parameters of U(VI) sorption in various 

aquatic systems. In this study, the sorption of U onto sediment under seawater systems in terms 

of kd values was initially examined at three different temperatures viz 298 K, 323 K and 343 K 
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under the similar laboratory conditions and it was compared with other geochemical 

environments such as undisturbed and disturbed soil in groundwater and deionised water system. 

Summary of the study under this dissertation provides important informations about the 

interaction of three important elements of the actinides i.e. Uranium (U), Thorium (Th) and 

Plutonium (Pu) with various abiotic components of the marine ecosystem of Mumbai Harbour 

Bay. 
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CHAPTER 2 
AN OVERVIEW OF STUDY AREA ñMUMBAI 

HARBOUR BAY (MHB)ò: NATURAL AND 

ANTHR OPOGENIC SOURCES OF 
238

U, 
232

Th & 
239+240

Pu 

IN MHB  

 

2.1. Introduction  

     Mumbai, a metropolitan city, on the west coast of India is surrounded by coastal marine 

environment comprising of the Arabian Sea to the west and a number of tidal inlets around it 

such as the Thane creek, Back Bay, Mahim creek, Versova creek, Ulhas estuary and the Bassein 

creek. Most of the earlier studies carried out in this region have focused more on the main 

channel of the estuary (Ulhas) or larger creeks (Thane), especially near major industrial units 

[120 ï 123]. The bay is a triangular mass of brackish water which widens out and opens to the 

Arabian Sea in the South and narrow at the Northern end, where it is fed partially by river Ulhas. 

The river is connected with the bay through thane creek. Ulhas flows into the Arabian sea 

through the Bassein creek at the north- western end of Salsatte island and part of it flows through 

the Thane creek into the bay. The Panvel River flows into the bay from the eastern mainland 

[124 ï 126]. The average area of water surface of the bay is about 215 km
2
 at high tide level and 

about 160 km
2
 at low tide level. The total volume of water at mean sea-level as calculated from 

surrounding area is 9.1 x 10
11

 litres [124, 125]. The average tidal volume is 4.8 x 10
11

 litres 

[124]. Water movement in the bay is caused by the following factors: i) Part of water from Ulhas 

river flowing-in through the Thane creek and water from the Panvel river ii) Monsoon water 

pouring into the bay and iii) Tidal water. Of these three, Ulhas and Panvel rivers contribute a 

small fraction towards the movement of water in the bay as compared to the factor caused by the 
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volume of tidal water moving in or out of the bay. Discharges during the monsoon do not affect 

the tidal curves, as these are small compared to the tidal volume. However the flow into the bay 

by first two factors during the monsoon causes considerable renewal of water in the bay. The bay 

is subjected to wave actions and semi-diurnal tides.  Along the east and west sides of the bay, 

many industrial units like textile mills of South and Central Mumbai, the petrochemical, 

fertilizer, thermal plants, the pharmaceutical and chemical industries.  

2.2. Water movement in the bay 

     Water movement in the bay is caused by the following factors; 

i) Part of water from Ulhas River flowing through the Thane creek and water from the Panvel   

    River 

ii) Monsoon water pouring into the bay and 

iii) Tidal water 

Of these three, factor i and ii consisting of Ulhas and Panvel rivers contribute a small fraction 

towards the movement of water in the bay as compared to the factor iii caused by the volume of 

tidal water moving  in or out the bay. Discharges during the monsoon do not affect the tidal 

curves, as these are small compared to the tidal volume. However the flow into the bay by first 

two factors during the monsoon causes considerable renewal of water in the bay [124].  
 

2.3. Tidal flow patterns and available dilution   

     Three major streams are noticeable during both high and low tides; 

1. Stream flowing near the Trombay shore 

2. Stream flowing near the Elephanta shore (middle stream) 

3. Stream flowing between Elephanta and Nhava islands 
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     During high tides, water flowing near Trombay shore and near Elephanta and Nhava 

moves mainly into the creeks to the east of the bay. The pattern of water movement and dilution 

availability in the bay was determined in 1959 with a tracer discharge, before CIRUS was 

commissioned. A total of 4 Ci of 
24

Na were dissolved in 180000 L of seawater and discharged 

through a pipeline at the peak of high tide for about 30 hrs. The movement of radioactivity was 

traced with underwater probes and dilution was measured in water samples collected at various 

intervals. The observations were 

a. discharged radioactivity returned to the outfall on reversal of the tide, 

b. There was an immediate dilution by factors of 10
4
- 10

5
 for a 0.3 L/s discharge 

c. Patches of radioactivity remained close to the shore 

In a second experiment conducted after CIRUS was commissioned, 20 Ci 
42

K  dissolved in 

810000 L of seawater were released in 3 hrs through the CIRUS outfalls (700 Ls
-1

) at low tide. 

Observations confirmed the earlier pattern of dilution and tidal oscillations. The net dilution 

available during a particular tide during the period of a cycle has been calculated to lie between 

150 and 300 [124].  

2.4. Climate and topography of the study area  

     Most of the Mumbai city is at sea level and the average ranges from 10 to 15 meters. The 

northern part of Mumbai is hilly. Soil texture in the proximity of the sea is predominantly sandy. 

In the suburbs, the soil is largely alluvial and loamy. The underlying rock of the region is 

composed of black Deccan basalt. The climate of Mumbai is highly erratic as it is a coastal area 

and the weather is highly influenced by the Arabian Sea. Generally, May is the hottest month of 

the year and the average temperature ranges between 32°C and 40 °C. January is the coldest 

month and the average temperature is about 18 °C. The annual rainfall in this region varied from 
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1800 mm to 2400 mm with an average value of 2170 mm. Because of the southwest monsoon 

winds, more than 95% of the annual rainfall occurs during four months period of June to 

September. During monsoon season, the circulation pattern might be altered due to the influx of 

fresh water. This city has a high humid climate with an annual average relative humidity of more 

than 60% [127]. The city falls in the seismic zone that may experience an earthquake up to a 

magnitude of 6.5 on the Richter scale. 

2.5. Sample collection  

     The marine environment of Mumbai Harbor Bay [latitude (18
0
N ï 19.5

0
N), longitude 

(72.5
0
E-73

0
E)] (see Table 2.1) is the recipient of sewerage and effluents discharged from the 

chemical industries situated along the coast of Mumbai & Navi Mumbai. In addition, the bay 

also receives the ultra low level liquid effluent discharged from Effluent Treatment Plant (ETP) 

of Bhabha Atomic Research Centre, (BARC) in Mumbai. The effluents discharged from BARC, 

meets all the stringent safety standards set by the Atomic Energy Regulatory Board. The 

discharges are made at about 825 m away from the shore where 1.8 m depth of water is available 

even at neap tide.  

2.5.1. Seawater  

     A total of 64 seawater samples were collected in pre-acid washed plastic carboy (capacity 

: 35 L) from 16 different locations covering an area of about 64 km
2 
of Mumbai Harbour Bay. A 

grid sampling was prepared with a sub grid dimensions of 1 km x 1 km. Fig.2.1 depicts the map 

of MHB showing all sixteen sampling locations with Unique Identification Code (UID). During 

collection of samples, all members of team were briefed as shown in Plate 2.1. The seawater was 

collected as per standard protocols of US EPA and IAEA using Niskin sampling bottles as 

depicted in Plate 2.2.   
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Fig. 2.1: Map of Mumbai Harbour Bay showing various sampling locations with unique 

identification code 

 

 

 

 

 

 

 

 

Plate 2.1: Briefing of members during collection of marine samples of 

Mumbai Harbour Bay 
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2.5.2. Sediment  

     A total of 64 bottom (grab) sediment samples were collected at different seawater depths 

(1m ï3 m) from 16 different locations covering an area of about 64 km
2
 of Mumbai Harbour Bay 

using an Ekman dredge grab sediment sampler (See Plate 2.3) having the collecting capacity of 

5 kg. Sixteen core sediments were collected from eight different potential locations within 3 

nautical mile area from the discharge point of CIRUS. Both grab and core sediments samples 

were also collected as per standard protocols adopted by US EPA and IAEA. The sampling was 

done by using in-house fabricated sampler (See Plate 2.4) made of acrylic cylindrical pipes 

having a length of 4 m and 30 mm internal diameter which were inserted by a diver. The core 

samples were sliced (sectioned) into 4 cm fractions as depicted in Plate 2.5, collected in 

Plate 2.2: Collection of seawater using Niskin sampling bottles 
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polyethylene bottles with screw caps and transported to the laboratory and stored at 4
0
C till 

further analysis. The depth of the core was upto 40 ï 52 cm.  

 

Plate 2.3: Collection of grab (bottom) sediment using Ekman dredge sampler 

 

 

 

 

 

 

 

 

 

Plate 2.4: Collection of core sediment using in-house fabricated core sampler 

sampler core sampler 
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