APPLICATION OF BIOMATERIALS AND NANOMATERIALS
IN ENVIRONMNETAL REMEDIATION

By

SURESHKUMAR M K
CHEM012008040017
Bhabha Atomic Research Centre, Mumbai

A thesis submitted to the
Board of Studies in Chemical Sciences
in partial fulfillment of requirements
for the Degree of
DOCTOR OF PHILOSOPHY
of
HOMI BHABHA NATIONAL INSTITUTE

August 2015

Homi Bhabha National lnstitute
Recommendations of the Viva Voce Committee
As

members of the Viva Voce Committee, we certify that we have read the
dissertation prepared by SURESHKUMAR
entitled Application of

M.K

"

Biomaterials and Nanomaterials in Environmental Remediation "
and
recommend that it may be accepted as t'ulfilling the thesis requirement for the award
of Degree of Doctor of Philosophy.

l6: l:-. ea1

{\\.
Chairman

-

Prof. C.P. Kaushik

\TWI :

Date:

0*kyfi,4Examiner

-

Member

l-

d^ud,Y--:

Prof. Dinesh

h an

Prof. G.G Pandit

7k!;N(
L

16.17'2-olL

Datez

lt.l+.

Date:

16

tz >o tl

a.e,,-Date:

Member 2- Prof. Rakesh Verma

2

Final approval and acceptance of this thesis is contingent upon the candidate's
submission of the final copies of the thesis to HBNI.
I/We hereby certify that I/we have read this thesis prepared under my/our
direction and recommend thal it may be accepted as fulfilling the thesis requirement.

Date:

lL.lT,zotC

Place:

-r ao mG

Fy

wyv

Prof. R.M.Triapthi
Guide

Version approved during the meeting of Standing Committee of Deans held du.ing 29-30 Nov 2013

l6

'/L

STATEMENT BY AUTHOR
This dissertation has been submitted in partial fulfillment of requirements for an advanced
degree at Homi Bhabha National Institute (HBNI) and is deposited in the Library to be
made available to borrowers under rules of the HBNI.
Brief quotations from this dissertation are allowable without special permission, provided that
accurate acknowledgement of source is made. Requests for permission for extended
quotation from or reproduction of this manuscript in whole or in part may be granted by
the Competent Authority of HBNI when in his or her judgment the proposed use of the
material is in the interests of scholarship. In all other instances, however, permission must be
obtained from the author.

Sureshkumar M K

DECLARATION
I, hereby declare that the investigation presented in the thesis has been carried out by me. The
work is original and has not been submitted earlier as a whole or in part for a degree / diploma at
this or any other Institution / University.

Sureshkumar M. K

ACKNOWLEDGEMENTS
I take this opportunity to express my heartfelt gratitude and respect to Dr. R.M Tripathi,
Professor, HBNI & Head, Health Physics Division, Bhabha Atomic Research Centre, who has
always stood with me, cheerfully encouraging, supporting and guiding throughout the course of
my research work. It was nothing but impossible to finish this task without the support and
patience he has shown to me as a student.
I am indebted to Dr K.S Pradeepkumar, Associate Director HS&E Group, Bhabha Atomic
Research Centre for his encouragement during the course of the work. It was a private
discussion with him nearly a decade ago turned my attention to the migration of radioactivity,
resulting in my study on humic substances, which was the initial seed for this thesis.
I am grateful to the experts of my Doctoral Committee, Dr Y.S Mayya, Dr C.P Koushik, Dr G.G
Pandit, Dr Rakesh Verma and Dr S.K Mukerjee for their suggestions, comments and guidance
from time to time which immensely helped me in improving the quality of my research work.
I express my gratitude to all my colleagues of radiation hazard control unit, Plutonium Plant for
the encouragement and all the major and minor help rendered during my research work. All of
them were eagerly waiting for me cross this stage, and their love and support in abundance is
the source energy for me, to attempt any task, however difficult it may be.
There is no need of formal words of thanks to my entire family for the invaluable support, but it
is not possible, not to recollect the patience so long and the support so continuous from my Mrs
and I am sure that she will be more joyous than me to see me completing this task.

Sureshkumar M K

CONTENTS
Page No.

SYNOPSYS ----------------------------------------------------------- I-XI
LIST OF FIGURES ---------------------------------------------- XII-XVII
LIST OF TABLES -------------------------------------------------- XVIII
Chapter 1: Introduction

1-17

1.1 Environmental Pollution

1-2

1.2 Chemical Pollution

2

1.2.1

Organic pollutants

2

1.2.2

Inorganic pollutants

3-4

1.3 Present technologies for metal ion removal

4-12

1.3.1

Solvent Extraction

4-5

1.3.2

Precipitation and co-precipitation

5-6

1.3.3

Ion Exchange

6

1.3.4

Membrane based separation

6

1.3.5

Sorption

6-12

1.3.5.1 Sorption on Biomaterials

8-10

1.3.5.2 Sorption on Nanomaterials

10-11

1.3.5.3 Sorption on composite materials

12

1.4 Strategies for in-situ remediation

13-14

1.5 Objective of the thesis

14-17

1.6 Outline of the thesis

17

Chapter 2: Experimental

18-30

2.1 Introduction

18

2.2 Materials

18

2.3 Preparation and purification of sorbents and other chemicals

18-19

2.4 Analytical methods

19-26

2.4.1

UV-Visible absorption spectroscopy

19

2.4.2

FTIR spectroscopy

20

2.4.3

Molecular Fluorescence Spectroscopy.

20-21

2.4.4

Inductively Coupled Plasma Atomic emission Spectroscopy (ICP-AES).

21-22

2.4.5

X-ray Diffraction analysis

22-23

2.4.6

Scanning Electron Microscope.

23-24

2.4.7

X-ray photo electron Spectroscopy

24-25

2.4.8

ZnS(Ag) scintillation detector

25

2.4.9

Surface area Analyser

25

2.4.10 Zeta potential measurements

26

2.6 Sorption studies

26-30

2.6.1

Adsorption Isotherm

27-28

2.6.2

Adsorption Kinetics

28-30

2.7 Determination of apparent Stability constants of uranium with HA

30

2.8 Aggregation kinetics

31

Chapter 3:

Studies

on

sorption

of

U(VI

and

Cr(III)

onto

chitosan 32-59

tripolyphosphate beads
3.1 Introduction

32-33

3.2 Materials

33-34

3.3 Preparation and characterization of CTPP beads.

34-35

3.4 U(VI) and Cr(III) concentration measurements.

35

3.5 Batch sorption experiments

35-36

3.6 Competition and desorption experiments for Cr(III) with CTPP beads

36-37

3.7 Results and discussion

37-58

3.7.1

Characterisation of CTPP beads.

37-39

3.7.2

Sorption of U(VI) on CTPP beads.

40-48

3.7.2.1 Effect of cross-linking and solution pH on uranium sorption.

40-41

3.7.2.2 Effect of contact time on uranium sorption.

41-42

3.7.2.3 Adsorption kinetics.

42-45

3.7.2.4 Effect of initial uranium concentration.

45-46

3.7.2.5 Sorption isotherm.

46-48

Sorption of Cr(III) on CTPP beads

49-56

3.7.3.1 Effect of pH on Cr(III) sorption on CTPP beads.

49-50

3.7.3.2 Effect of contact time on sorption of Cr(III) on CTPP beads.

50

3.7.3.3 Adsorption kinetics

51-52

3.7.3.4 Effect of initial chromium concentration on adsorption

52-53

3.7.3.5 Sorption isotherm.

53-54

3.7.3.6 Observation of Cr on CTPP surface by EDS analysis.

54-55

3.7.3.7 Competition of metal ions in binary mixture

55

3.7.3.8 Desorption studies for Cr(III) ions

56

Identification of metal ion binding sites on CTPP beads

56-58

3.7.3

3.7.4

3.8 Conclusion

59

Chapter 4

Sorption of metal ions on Humic Acid coated Chitosan

60-81

:

Tripolyphosphate (HA-CTPP) beads

4.1 Introduction

60-62

4.2 Materials and methods

62-63

4.2.1

Materials

62

4.2.2

Preparation of CTPP beads

62

4.2.3

Preparation of HA-CTPP beads

62-63

4.3 Characterization of HA-CTPP beads.

63

4.4 Sorption of metal ions on CTPP and HA-CTPP beads.

63-64

4.5 Results and Discussion

64-80

4.5.1

Effect of pH on HA loading onto CTPP beads.

64-66

4.5.2

Formation of HA-CTPP beads

66

4.5.3

SEM images of the CTPP and HA-CTPP beads

67

4.5.4

FTIR spectra of CTPP and HA-CTPP beads

68

4.5.5

Swelling capacities of CTPP and HA-CTPP beads

69

4.5.6

Stability of HA-CTPP beads

69-70

4.6 Sorption studies
4.6.1

70-80

Sorption of U(VI) on HA-CTPP beads

70-74

4.6.1.1 Effect of pH on the sorption of U(VI) on HA- CTPP beads.

70-71

4.6.1.2 Effect of contact time on the sorption of uranium on HA-CTPP 71-72
beads.
4.6.1.3 Adsorption kinetics

72-73

4.6.2

4.6.1.4 Effect of concentration and Langmuir isotherm

73-74

Sorption of Pb(II) ions on HA-CTPP beads

74-80

4.6.2.1 Effect of pH on the sorption of Pb(II) ions onto HA-CTPP

74-75

beads
4.6.2.2 Kinetics of Pb(II) ions onto CH-TPP beads.

75-76

4.6.2.3 Effect of Pb(II) ion concentration and adsorption isotherm.

76-78

4.6.2.4 Characterization of Pb(II) loaded HA-CTPP beads.

78-79

4.6.2.5 Comparison sorption capacity of HA based sorbents for Pb(II) 79-80
ions.
4.7
Chapter 5:

Conclusions

81

Sorption of uranium on magnetite and humic acid coated magnetite

82-99

(HA-magnetite) nanoparticles.
5.1 Introduction

82-83

5.2 Adsorbent preparation and characterization.

83

5.2.1

Preparation of adsorbent

83

5.2.2

Characterization of the adsorbent.

83

5.3 Batch equilibration studies.

84

5.4 Results and Discussion

84-98

5.4.1

Characterization of nanoparticles

85-88

5.4.2

Sorption of uranium on magnetite nanoparticles.

88-94

5.4.2.1 Effect of pH and ionic strength on uranium sorption on

88-89

magnetite nanoparticles
5.4.2.2 Effect of contact time on sorption of uranium on magnetite 90-91

nanoparticles

5.4.3

5.4.2.3 Effect of initial uranium concentration on the sorption

91-92

5.4.2.4 Speciation of uranium on magnetite surface.

92-93

Sorption of uranium at low Concentration: An experiment with ADU 93-94
supernatant.

5.4.4

Sorption of uranium on HA-magnetite

95-98

5.4.4.1 Effect of pH and ionic strength of the medium on the sorption 95-96
of U on HA-magnetite.
5.4.4.2 Effect of contact time on the sorption of uranium on HA- 96-97
magnetite.
5.4.4.3 Effect of initial uranium concentration on the sorption of 97
uranium on HA-magnetite.
5.4.4.4 XPS spectra of uranium adsorbed HA-Magnetite

98

5.5 Conclusions

98-99

Chapter 6:

100-118

Studies on binding characteristics of Gray Humic Acid (GHA) and
Brown Humic Acid (BHA) fractions with U(VI)

6.1 Introduction

100-102

6.2 Materials and methods

102-106

6.2.1

Chemicals and purification procedure

102-104

6.2.2

Material characterisation and instrumentation.

104

6.2.3

Evaluation of stability constant for U(VI) with GHA and BHA.

104-105

6.2.4

Characterisation of humic acid precipitation in presence of uranium.

105-106

6.2.5

Long term stability of U-HA binding.

106

6.3 Results and discussions

107-118

6.3.1

Characterisation of humic acid fractions

107-108

6.3.2

Fluorescence quenching behaviour of GHA and BHA.

108-110

6.3.3

Precipitation and aggregation behaviour of GHA and BHA in presence

110-114

of uranium.
6.3.4

Long term behaviour of U-GHA and U-BHA systems.

114-118

6.4 Conclusions

118

Chapter 7

118-121

Summary and future scope

Annexure 1: List of publications

122

References

123-131

SYNOPSIS

“Environmental pollution is an incurable disease. It can only be prevented.”
Barry Commoner

Pollution can be defined as the introduction of undesirable substances to the environment. Ever
increasing human needs for better quality of life has lead to the pollution of air, soil and water
around us, knowingly or unknowingly, sometimes with global implications and much more cases
of local disasters. Pollutant chemicals could lead to imbalances in specific ecosystems, health
impairment for human and other flora and fauna and undesirable weather and climate variation.
Among the various pollutants, pollution due to toxic metal ions is of extreme concern due to
their non-biodegradability, possibility of presence of multiple species with different toxicities
and easy transferability from source to distance [1]. Metallic pollutants could be generally
classified into two categories: heavy metals, which are by convention, a metal or metalloid of
environmental concern and radionuclides which are toxic due to their property of emitting
radiation, irrespective of their chemical form.
Commonly encountered heavy metals are chromium, cobalt, nickel, copper, zinc, arsenic,
selenium, silver, cadmium, antimony, mercury, thallium and lead. Heavy metals are naturally
occurring, but become a cause of concern due to various anthropogenic activities which could
result in increased mobility and bioavailability in comparison to their naturally existing forms.
Mining and concentration, effluents from industries such as tanning and electroplating, vehicular
emission and electronic waste are examples of anthropogenic activities leading to heavy metal
pollution. In few cases such as that of arsenic, it is an identified health hazard in many parts of
the world at the naturally existing concentrations itself. Health effect of heavy metal toxicity
I

range from kidney, neurotic, reproductive and developmental disorders to carcinogenesis of
various organs [2]. Radionuclides could be naturally occurring such as 238U and 40K or manmade
isotopes such as 137Cs and 60Co. Exposure to artificial radionuclides could possible only from the
inadvertent release of such materials to the environment from nuclear or other industrial facilities
using radioisotopes. On the other hand, anthropogenic activities could lead to enhanced mobility
of naturally occurring radionuclides such as

238

U,

232

Th etc. resulting in exposure of human via

various routes of intake [3]. Carcinogenesis is the common hazard from all radionuclides
whereas most heavy radionuclides like uranium possesses both chemical and radiotoxicity.
The prudent strategy to minimise the release of toxic metal ions to the environment is to
treat the effluents before its release. In fact achieving “zero discharge of pollutants” from
industries has become a paradigm among environmental protection professionals [4]. Many
matured technologies are in practice such as coagulation/precipitation, membrane technology,
solvent extraction, ion exchange and adsorption for the treatment of effluents containing toxic
metal ions [5]. Any of these technologies is not absolutely superior to the rest and each of them
has some advantages and disadvantages. Along with proven advantages of adsorption process
such as low energy requirements and amenability for batch and continuous process, development
of new and improved adsorbent materials, keep this technology a viable option and an area of
intense research.
In recent years biomaterials received significant interest as good candidates for
environmental remediation, for their high abundance, environmentally benign nature and low
cost. The kinds of substrates of biological origin that have been investigated for biosorbent
preparation include microbial biomass (bacteria, filamentous fungi etc.), seaweeds (microalgae),
industrial wastes (fermentation and food wastes, activated sludge etc.), agricultural wastes
II

(fruit/vegetable wastes, rice straw, soybean hulls etc.), natural residues (plant residues, tree barks
etc.) and other materials (chitosan, cellulose etc.) [6]. Despite the large quantum of research
available on the uses of biomaterials for adsorption applications, continuous efforts are underway
to improve the existing materials and identify newer materials for such applications.
Modifications are indented either to improve the stability of adsorbent in solution or to improve
its efficiency and selectivity by the introduction of target specific functional groups.
Advances in nanotechnology have opened yet another window of opportunity by
providing smart material for adsorption applications [7]. Nanomaterials are excellent candidate
as adsorbent, due to their high specific surface area and consequent high reactivity. TiO2, various
iron oxides and hydroxides, MgO, ZnO, SnO2, ZrO2, CuO, nano-Zero Valent Iron (nZVI), and
carbon nanotubes (CNTs) are some of the nanomaterials of interest as adsorbent for metal ions.
Among the various nanomaterials studied for sorption application, magnetic nanomaterials are of
special interest due to the ease in their solid-liquid separation. Continuous efforts are underway
to prepare advanced nanomaterials for adsorption application, such as introduction of specific
functional group on surface for improving selectivity and sorption capacity and other surface
modifications for improving their stability in working solutions.
For environmental remediation, composite materials made from structurally different
biomaterials, and combinations of nanomaterials and biomaterials have also attracted significant
interest as adsorbents [8]. One approach in nano-biocomposite preparation is to use biomaterials
as a carrier for nanomaterials, without compromising their nano-characteristics and thus their
superior adsorption properties. Such composites, because of their macro-size are found to be
easily separable from the solution, on completion of the sorption process. In another widely
followed procedure, adsorbent biomaterials are used to coat magnetic nanomaterials, resulting in
III

magnetically separable bio-nano composites [9].

Overall, these new approaches have the

potential to deliver superior adsorbents for environmental separation than the use of individual
components as adsorbents.
In natural environment too, separation mediated by biomaterials and naturally occurring
nanomaterials play a very important role in the fate, transport and sequestration of contaminants.
Inorganic metal oxide nanoparticles and organic colloids such as humic materials are the two
most common environmental components in the nano-size domain that could play an active role
in the environmental processes at contaminated sites. Learning from nature, it is proposed that
materials in the nano size domain could be used for environmental remediation at contaminated
sites. Use of nano-Zero Valent Iron (n-ZVI) as Permeable Reactive Barrier (PRB) for arresting
the contaminant transport is one highly studied system for such in-situ applications. Humic
materials are also being proposed for remediation of metal contaminated sites and treatment of
contaminated water bodies and mine water [10]. However developments of these methods to
robust technologies for field application need additional fundamental understanding of
interaction of these components with various contaminant metal ions.
In the present thesis modified biomaterials and nanomaterials were studied as sorbents for
the removal of heavy metals from contaminated solutions. Two well recognised materials of
biological origin were selected for the present studies: a) chitosan, a material known to have
excellent binding properties with various metal ions and b) humic acid, which is a complex
heterogeneous mixture of different chemical structures having ionisable and chelating functional
groups. Additionally, a new composite sorbent is prepared by immobilisation of humic acid on
chitosan beads and used for metal ion sorption. Two nanomaterials, bare magnetite and humic
acid coated magnetite were prepared and studied for the sorption of metal ions from aqueous
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solution. Uranium is the principal model contaminant metal ion used in these studies which is
supplemented by the use of other toxic metal ions; lead and chromium in certain cases. An
attempt is also made to bring to light the intricacies of in-situ remediation using biomaterials.
Brown humic acid and gray humic acid from the same source is found to show significant
difference in their binding characteristics with uranium, indicating that in-situ remediation
proposal should be more complex than as it appears at first sight.
This thesis has been organised into seven chapters and a brief description of each chapter
is as follows:
Chapter 1: Introduction
This introductory chapter starts with a general and historical overview of the
environmental pollution; a description of various agents causing it and the known impacts of
several polluting agents. A brief description of various metal ions and radionuclides often
encountered as environmental hazard and their health hazards is given followed by a short
description of the currently used technologies for abatement of metal ion pollution. This
introduction is followed by a brief review of the current level of knowledge on the application of
biomaterials and nanomaterials in pollution abatement. The chapter ends with scope, specificities
and motivation for the present work leading to this thesis.
Chapter 2: Experimental techniques
This chapter deals with various experimental methods and modelling techniques used for
the present studies. It starts with general description of the preparation, purification and
characterisation of the different biomaterials and nanomaterials used as adsorbents. A brief
description of the various analytical instruments used for present studies such as UV-Visible
V

absorption spectroscopy, fluorescence spectroscopy, Fourier Transform Infrared Spectroscopy
(FTIR), Scanning Electron Microscopy (SEM), BET surface area analysis, X-Ray Photo Electron
Spectroscopy (XPS), Atomic Emission Spectroscopy (AES) and X-Ray Diffraction (XRD)
analysis are provided in this chapter.

Langmuir and Freundlich isotherm models used for

analysing the adsorption data as well as the kinetics model such pseudo-first order, pseudosecond order and intra-particle diffusion model used for analysing sorption kinetics are
presented. The chapter ends with a brief description of the methods used for deriving the
apparent stability constants and aggregation kinetics for the interaction of humic acid
components with uranium [11,12].
Chapter 3: Sorption of metal ions on Chitosan Tripolyphosphate (CTPP) beads.
This chapter presents the sorption of metal ions on chitosan tripolyphosphate (CTPP)
beads prepared by the ionic cross-linking of chitosan with sodium tripolyphosphate. The
synthesized material is characterised using FTIR spectroscopy and the surface morphology is
analysed using SEM. Beads at two different cross-linking densities were studied for the sorption
of U(VI) and Cr(III) from aqueous solutions. Sorption studies were carried out as a function of
various operating parameters such as solution pH, concentration of metal ions and contact time
[13, 14]. For both the metal ions, it is observed that pH=5 is optimum for sorption and sorption
capacity is higher for the higher cross-linked beads. Adsorption data are analysed using
Langmuir and Freundlich isotherm models and the Langmuir model is found to fit the
experimental data more closely than the Freundlich model. From Langmuir model the sorption
capacity of the sorbent for U(VI) and Cr(III) is found to be 236.9 mg/g and 469.5 mg/g
respectively. The adsorption of U(VI) and Cr(III) on CTPP beads were found to be slow, taking
ca 72 hours to complete the saturation. Experimental kinetics data were analysed using pseudoVI

first order, pseudo-second order and intra-particle diffusion model. Both U(VI) and Cr(III)
sorption is found to match the pseudo-second order model more closely than pseudo-first order
model. Additionally application of intra-particle diffusion model to the U(VI) sorption data
showed three distinct regions among which the intermediate time scale showed the best
statistical fit for this model. The competition effect of common metal ions on adsorption of
Cr(III) were studied using batch sorption experiments and trivalent metal ion Al(III) is found to
offer significant competition for the sites on CTPP. Recovery of Cr(III) from the adsorbent, post
adsorption is found to be effective with NaCl solutions. The findings in this chapter show that
CTPP beads could be used for toxic metal ion removal from contaminated solutions.
Chapter 4: sorption of metal ions on humic acid coated chitosan tripolyphosphate beads.
This chapter presents the preparation of humic acid coated chitosan tripolyphosphate
(HA-CTPP) beads and its application for the sorption of metal pollutants, U(VI) and Pb(II) ions
[15]. HA-CTPP beads were prepared by coating HA onto wet CTPP beads in aqueous solution.
SEM images of the beads showed that the HA-CTPP bead surface is highly porous in
comparison to that of CTPP beads. Leaching behaviour of HA from HA-CTPP beads were tested
by equilibrating the beads in aqueous medium in the pH range 1-8 for 24 hours. HA release is
found to be negligible below pH=3 and less than ten percentage even at the highest pH studied.
The stability of the beads is tested at different pHs by measuring the swelling capacity and found
that HA-CTPP beads shows three times lower swelling in comparison to CTPP beads. Sorption
of U(VI) and Pb(II) on HA-CTPP beads is studied using batch adsorption technique. The
sorption data in case of both the metal ions is found to fit the Langmuir model with adsorption
capacity 71.4 mg/g and 223.7 mg/g respectively for U(VI) and Pb(II) ions. Adsorption process is
found to complete in ~6 hours in case of Pb(II) ions and ~10 hours in case of U(VI) ions. In
VII

both cases, sorption kinetics is found to follow the pseudo-second order model. The observed
sorption capacity for U(VI) ions on HA-CTPP beads is significantly lower than that on the nonimmobilised humic acid reported in literature [15]. In case of Pb(II) ions, the sorption capacity
observed was comparable to that of unmodified HA reported in previous studies[16].
Chapter 5: Sorption of uranium on magnetite and humic acid coated magnetite (HAmagnetite) nanoparticles.
Sorption of uranium on magnetite nanoparticles and Humic Acid coated magnetite (HAmagnetite) nanoparticles is described in this chapter. The nanoparticles were prepared by coprecipitation of salts in aqueous media and characterised using FTIR spectroscopy, SEM, XRD
and XPS. For bare magnetite and HA-magnetite the optimum pH for adsorption of uranium is
found as pH=7 and 5 respectively [17]. With bare magnetite, the adsorption kinetics showed two
distinct steps: the initial step which completes in four hours where 95% of the sorption capacity
is achieved, followed by a slow step extending to several days. Uranium adsorption on bare
magnetite is found to be ionic strength independent. The overall sorption capacity for bare
magnetite for uranium was 5 mg/g. XPS analysis of the uranium loaded bare magnetite showed
the presence of reduced uranium species on the surface. Though sorption capacity is not
encouraging, with actual Ammonium Di-Uranate (ADU) supernatant containing 3.8 mg/L
uranium as the test solution, it is observed that magnetite nanoparticles is a suitable adsorbent
for treatment of solutions having lower initial metal ion concentrations. In contrast to bare
magnetite,
HA-magnetite is found to have different surface morphology, higher specific surface area
(99 m2/g instead of 59m2/g for bare magnetite) and more sorption capacity (22.4 mg/g) for

VIII

uranium. For HA-magnetite the sorption data is found to fit the Langmuir isotherm and from
XPS spectra of the loaded sorbent, no presence of reduced uranium species were observed on the
surface. In contrast to that of bare magnetite, sorption of uranium on HA-magnetite was fast,
completing saturation in thirty minutes. Thus these studies indicate that significant differences
are possible in the sorption properties of bare and organic coated nanomaterials, which in turn
may affect their application in separation process and their impact on natural environment.
Chapter 6: Binding characteristics of U(VI) with Grey and Brown humic acid.
This chapter deal with the differences in the interaction of the two principal components
of humic acid, Gray Humic Acid (GHA) and Brown Humic Acid (BHA) with uranium.
Commercially available Aldrich humic acid is purified and separated into GHA and BHA using
standard methods [18]. Characterisation of fractions shows more alkyl carbon group and less
acidic functional group content in GHA than that in BHA. Analysis using conventional
fluorescence quenching method results in comparable apparent stability constants for binding of
uranium with GHA and BHA. Uranium induced precipitation of GHA and BHA from aqueous
solution is studied at pH=4 and despite their comparable stability constant for the complex
formation, GHA is observed to get precipitated at lower total concentration of metal ion and with
faster kinetics. Fluorescence analysis of the HA-U system over three months period showed that
GHA-U system takes more time to reach the equilibrium configuration and is less stable than
BHA-U system. Findings from these studies shows that field application of biomaterials such as
humic substances at contaminated sites for preventing the contaminant transport, needs elaborate
and in-depth analysis.

IX

Chapter 7 Summary and conclusions
This chapter summarise the conclusions from this research and also the future research
prospectus on the topic explored under this thesis.
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Chapter 1

Introduction

“Environmental pollution is an incurable disease. It can only be prevented.”
Barry Commoner
1.1 Environmental Pollution
Pollution is defined as “the addition of any substance or form of energy (e.g. heat, sound,
radioactivity) to the environment at a rate faster than the environment can accommodate it by
dispersion, breakdown, recycling, or storage in some harmless form” [1]. Although pollution is
as old as human civilisation (at least since people started using fire thousands of years ago), it
had seen the growth of truly global proportions only from 19th century as the result of the
industrial revolution. Ever increasing human needs and associated technological progress for
better quality of life has lead to the pollution of air, soil and water around us, mostly
unknowingly, sometimes with global implications and much more cases of local disasters.
Pollutants could lead to imbalances in specific ecosystems, health impairment of human and
other flora and fauna and undesirable weather and climate variation. But the knowledge base on
the effect of pollutants on environmental health was only slowly evolving, since on first time
appearance of any new phenomena, much research is required to understand it. For example,
killer smog has appeared several times and taken away thousands of life, before air pollution got
the attention, it deserves [2]. As the awareness of public and governments on the social and
economic cost of pollution build up, world over, efforts are underway to better understand the
cause and effect of pollutants, mitigate and reclaim the existing polluted zones and to prevent
further pollution by adopting enhanced technology. In order to keep the environment clean and
safe, in addition to promoting technological innovations, each country is enacting more and more
stringent rules and regulations for matters pertinent to the environment.
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Pollution can be due to chemicals or energy such as heat, light or noise. The global history of
pollution shows that chemicals are the most common source of pollution than other agents. The
matter is further complicated by the fact that new synthetic chemicals, hitherto unknown to
nature, are regularly introduced for various applications. The deleterious effects of many of
them, on human and environmental health, will appear only over a longer time frame. It is also
important that, however efficient the life cycle assessment of a new chemical is, it is impossible
to simulate nature to predict how it will process it. Further, the chemicals once released to the
environment do not respect the boundaries between air, water and soil anymore than they respect
political boundaries. Thus water, soil or air pollution from a chemical agent is interdependent
and the only fool proof strategy to keep the nature safe and clean for the future generation is to
completely stop the release of toxic chemicals to the environment. In fact achieving “zero
discharge of pollutants” from industries has become a paradigm among environmental
protection professionals [3].
1.2 Chemical pollution
Chemicals causing environmental pollution are generally classified into organic and inorganic
pollutants.
1.2.1 Organic pollutants
Organic pollutants include Persistent Organic Pollutants (POPs), high oxygen demanding natural
waste, oil spill etc. POPs include large number of chemicals such as certain herbicides and
pesticides, pharmaceuticals, industrial organic solvents, and components of personal care
products. Health effect of some of them includes cancers, neurological disorders, reproductive
dysfunction and birth defects.
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1.2.2 Inorganic Pollutants
Inorganic pollution is largely due to heavy metals and radionuclides. Pollution due to toxic metal
ions has specific significance due to their non-biodegradability, easy transferability from source
to distance and possibility of simultaneous presence of multiple species with differing in
toxicity.
i)

Heavy metal pollution

The term heavy metal was originally used to represent toxic elements cadmium, mercury and
lead, owing to the fact that all of them were denser than iron. Over the course of time, this term
got into general use to represent group of metals or metalloid having similar toxicity such as
chromium, cobalt, nickel, copper, zinc, arsenic, selenium, silver, antimony and thallium. Among
them zinc, copper and nickel belongs to the essential elements having some biological functions
in organism at lower concentration while toxic at higher concentrations. The other group known
as non-essential elements have no any known biological function and are toxic at higher
concentrations, though some are tolerable up to certain level. The toxicity of metallic pollutants
depends on the nature of the metal ions and sometimes on the concentration levels also. Major
health effects of toxic heavy metals are kidney, neurotic, reproductive and developmental
disorders and carcinogenesis of various organs [4].
Mining industry was always a source of heavy metal pollution. Various other industries such as
electroplating, wood processing, leather tanning, pigment manufacture, battery manufacture etc
also produce large quantity of effluents containing significant concentrations of heavy metals in
mobile form [5]. In few cases such as that of arsenic, it is an identified health hazard in many
parts of the glob at the naturally existing concentrations itself [6].
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ii)

Radionuclide

Radionuclides could be naturally occurring such as
137

Cs and

60

238

U and

40

K or manmade isotopes such as

Co. Exposure to artificial radionuclides could possible only from the inadvertent or

regulated releases of such materials to the environment from nuclear or other industrial facilities
using radioisotopes. Despite the very stringent engineering controls and technology available
with the nuclear industry, all phases of nuclear fuel cycle operations such as uranium mining,
reactor operation, spent fuel reprocessing and waste management operations are prone to release
some activity to the environment. Release potential exists for other industries such as medical,
research and development (R&D) establishments and industrial facilities using radioisotopes. On
the other hand, anthropogenic activities could lead to enhanced mobility of naturally occurring
radionuclides such as 238U, 232Th etc. resulting in exposure to human via various routes of intake
[7]. Carcinogenesis is the common hazard from all radionuclides whereas most heavy
radionuclides like uranium possesses both chemical and radiotoxicity.
1.3 Present technologies for metal ion removal.
The basic approach used for the prevention of environmental pollution from toxic metals is to
treat and recover it from the waste streams, before its release to the environment. This is usually
achieved by employing suitable separation technologies such as solvent extraction,
precipitation/co-precipitation, ion exchange, membrane separation, adsorption etc in the waste
treatment process. A brief description of each of these technologies is as follows [8].
1.3.1 Solvent Extraction
Solvent extraction is the process of removing or extracting one component of interest from one
liquid to another liquid which is immiscible with the first. The separation is achieved by the
4

difference in solubility of the component of interest between the two liquids. The liquid
containing the solute to be separated (most often an aqueous solution) is mixed with the other
liquid called solvent (mostly organic) and shaken together to effect the transfer of solute from
one to another. The immiscibility of the solvents helps in the separation of the two liquids, after
the extraction of the components. The technology is well proven in the recovery of valuable
heavy metal ions such as plutonium and uranium from dissolved spent nuclear fuel, but not in
wide spread use for conventional heavy metals due to limitations such as requirements of
expensive special solvents, high capital investment, large volume of the secondary waste
generation etc.
1.3.2 Precipitation and co-precipitation
In this method the metal ions to be removed is precipitated with the addition of other chemical
agents. Precipitation depends on the solubility product Ksp of the metal salt involved, pH of the
wastewater and concentration of metal ions and relevant anions. Precipitation of a sparingly
soluble heavy metal salt from a saturated solution may be represented by the following dynamic
equilibrium:
MX2 (s) = M2+ (aq) + 2X- (aq),
where the constant Ksp = [M2+] [X-]2
At equilibrium, the metal ions removal rate in the form of a precipitate equals the dissolution rate
from the precipitate. When the product values of the concentration of cations and anions exceed
Ksp, precipitation occurs. Additionally, heavy metals can co-precipitate with secondary minerals
in wastewater. Copper, nickel, zinc, manganese etc. are co-precipitated in iron oxides and cobalt,
iron, nickel and zinc are co-precipitated in manganese oxides [9]. Though this method has found
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some applications in heavy metal removal, large amount of sludge generation is a major
drawback.
1.3.3 Ion exchange
In Ion Exchange (IX) process, the target metal ions affecting water purity are concentrated on the
resin, while non-toxic ions (usually hydrogen or sodium) are released from the resin to replace
them in solution. Ion exchange process is typically intended to be a reversible one, for the
purpose of reuse of the resin. As a cost-effective method, ion exchange process usually involves
low-cost materials and convenient operations. Ion exchange treatment methods are found to be
very effective for removing heavy metals from aqueous solutions, in particular for treating water
with low concentration of heavy metals. Major limitations of the technique are non-selectivity of
the resin and disposal of the spent resin.
1.3.4 Membrane based separation
Application of semi permeable membrane has gained significant importance in pollutant removal
including removal of heavy metals. In this process, one membrane acts as a physical barrier for
the contaminant to pass and thus only pure water flows to the other side. Depending on the pore
size and type of membrane used, many technologies evolved such as ultrafitraion, nanofiltration,
reverse osmosis etc. Membrane based technologies can achieve very high purity for the treated
water, but have several limitations such as high energy requirement, membrane fouling etc.
1.3.5 Sorption
Sorption is the process in which a solute is getting concentrated onto a solid from a fluid
medium. The solid medium used is called the sorbent and the solute is called sorbate. When the
accumulation is restricted to the surface of the solid (restricted to two dimensional space) the
process is called adsorption, and when it involves the bulk of the solid (three dimensional
6

matrix) it is called adsorption. The generic term sorption is used to represent adsorption and/or
absorption without referring to the actual mechanism involved. Sorption is generally classified
into two types based on the forces of interaction between the sorbent and sorbate.
i)

Chemisorption. In this process, a chemical bond or exchange of electron is taking place
between the sorbent moieties responsible for the uptake and the sorbate species. The
energy involved in chemisorption is of the order of tens of kcal/mol, corresponding to
the formation of chemical bonds. Chemisorption usually shows the saturation character
due to limited availability of active groups on the sorbent, but is stable compared to
physisorption.

ii)

Physisorption: In this process no chemical bond formation is taking place, and no
exchange of electron between the sorabte and sorbent. The binding between the two is
due to less stable interactions like Van der Walls forces. The energy involved is
maximum few kcal/mol and multilayer sorption is often encountered.

Though each of these technologies described above have associated advantages and limitations,
adsorption on solid surfaces is one of the most prominently used separation process in pollution
abatement, mostly due to its relative merits such as low energy requirements, low capital
investment, amenability to batch and continuous process and increasing supply of new and
efficient materials as sorbents. Previously, the choice of adsorbent material was limited to few
proven materials like charcoal, silica gel, zeolites, alumina etc. Due to the advent of
biotechnology and nanotechnology in recent decades, research towards using these materials as
sorbent has taken the centre stage in the development of technologies for waste remediation.
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1.3.5.1 Sorption on Biomaterials:
Materials of biological origin, both living organism and non-living biomaterials were proved to
be useful for biosorption process. In search of new opportunities for pollution control and
element recovery and recycling, all kinds of microbial, plant and animal biomass and derived
products have received investigations in a variety of forms and in relation to variety of
substances. Substrates of biological origin that have been investigated for biosorbent preparation
include microbial biomass (bacteria, filamentous fungi etc.), seaweeds (microalgae), industrial
wastes (fermentation and food wastes, activated sludge etc.), agricultural wastes (fruit/vegetable
wastes, rice straw, soybean hulls etc.), natural residues (plant residues, tree barks etc.) and other
materials (chitosan, cellulose etc.) [10]. Constant addition is taking place regularly to the pool of
biomaterials capable for toxic metal removal. Similarly most of the metals or metalloids in
periodic table having some toxicity or economic value have received attention in the bisorption
studies.

Biosorptive capacity of a biosorbent largely depends on the experimental conditions

employed and prehistory and pre-treatment to which the biomaterial is subjected, prior to use.
Thus from the vast pool of materials having biosorption properties, it is a challenging task to
select the most appropriate sorbent for a specific purpose. However it may not be justifiable to
search for new and additional material for remarkable properties, because so many representative
materials have already been studied. A preferable bisorbent should be of low cost, easy to
replenish, requires little processing or a by-product or waste material from another industry.
Basically future research should orient more towards doing product and process modification for
using the already proven materials. In fact large quantity of research has gone into modifications
of biomaterials for sorption applications. This include modifications to improve the efficiency
and selectivity towards pollutants by incorporating new functional groups, improving the
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physical properties like stability and rigidity by cross-linking and other physic-chemical
modifications, making the separation easier by introducing ferric, ferro or super- paramagnetic

Fig. 1.1 Common modifications applied to biomaterials ( Fomina and Gadd [11] )
9

materials into biosorbents etc [11]. A comprehensive list of modifications applied for
biomaterials is given in figure 1.1.
The mechanism of biosorption includes adsorption, ion exchange and complexation/coordination
with functional groups. A variety of functional groups such as carboxyl, phosphate, hydroxyl,
amino, thiol etc are involved in the biosorption process. In addition to the above mentioned
mechanism, surface precipitation is also found to act in certain cases. Among the various
available sorption sites, the actual mechanism could vary depending on the nature of the metal
ion; eg. whether the target is a hard or soft metal ion. This also indicates that multiple
mechanisms can simultaneously operate even in the case of a single adsorbent- adsorbate system.
Due to these myriad complications, for any selected system, experimental investigations are
essential to derive the sorption parameters and sorption characteristics.
1.3.5.2 Sorption on Nanomaterials
Nanomaterial provides unique opportunity as a sorbent for the remediation of pollution due to
toxic metal ions. The high surface area and reactivity of nanomaterials are the major attraction
for the use of them in pollutant remediation. Nanomaterials used for heavy metal removal
includes: a) single metal oxides such as TiO2, various iron oxides and hydroxides, MgO, ZnO,
SnO2, ZrO2 and CuO; b) neutral metal nanoparticles such as nano-Zero Valent Iron (n-VI), Cu0,
and Pd0;

c) organic nanoparticles such as carbon nano tubes (CNT) and

d) bimetallic

nanoparticles such as Carboxy Methyl Cellulose(CMC) stabilised Fe(III)/Ce(IV) and
Fe(III)/Cu(II) nanomaterials [11]. Among the various nanomaterials studied for the separation of
heavy metals, magnetic nanoparticles are of special interest due to the ease they provide in solidliquid separation [12,13]. Magnetic nanomaterials for heavy metal removal is so far reported to
and limited to iron based magnetic nanoparticles such as Fe3O4, Fe2O3, γ-Fe2O3 and certain bi10

metallic iron oxides such as CuFe2O4. One major shortcoming observed in those studies is the
instability of these nanoparticles in the solution conditions, limiting their overall efficiency as
adsorbents. Various surface engineering methods such as providing polymeric coating to the
nanoparticles are under development to enhance their stability in solutions. A list of
modifications suggested or applied for modification of nanoparticles is listed in figure 1.2. It
should be noted that many of these modifications lead to a third class of adsorbents which could
be categorised as composite adsorbents.

Fig 1.2 Modified nanomaterials used in environmental remediation (Peralta-Videa et al
[12])
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1.3.5.3 Sorption on composite materials
Along with many advantages of biomaterials and nanomaterials described above, few limitations
surfaces in utilising their full potential as sorbents for contaminants. The poor stability of these
materials in solution, the difficulty in separation of them from the bulk liquid on completion of
the process etc is serious technological bottlenecks. One obvious continuation is the preparation
of composites with improved physico-chemical characteristics in comparison to the individual
components. Voluminous work has been reported on such approaches [14] which could be
classified into: i) composite of chemically distinct biomaterials ii) composite of biomaterial and a
natural component such as clay and mineral phases iii) composite of biomaterials and synthetic
organic polymers iv) biomaterials coated on nanoparticles such as peptides and proteins on
magnetite nanoparticles. In case of nanomaterials, the approach is essentially to use biomaterials
and synthetic polymers as a support for the nanoparticles to be used, in order to ease its solidliquid separation and/or to increase its stability in working solutions [15].
The objective of the composite preparation, most often is to improve the physical properties of
adsorbent such as stability and ease of separation. But many studies proved that a synergism
could be possible, where the composite shows higher sorption capacity than the individual
components. One most sought after groups of composite are that of magnetic nanomaterials
coated with biosorbent such as chitosan derivatives [16]. Functionalised biomaterials for high
selectivity and efficiency combined with magnetic separation achieved in such processes are
very suitable for environmental cleanup operations. Additionally the organic coating on magnetic
nanoparticles in-turn improves their stability in aqueous medium. Overall the trend in composite
preparation proves that much scope remains in the use of bio-nano composite materials for
environmental cleanup operations.
12

1.4 Strategies for in-situ remediation.
While it is important that future contamination could be minimised by adoption of improved
technologies, world over many sites exists, contaminated with pollutant materials due to past
incidents, accidents or reckless releases when the rules and regulations were not so stringent as it
is today. Biomaterials and nanomaterials have huge potential to be used as in-situ barrier for
target pollutants at such sites, thus limiting its environmental foot print to smaller region. The
most studied system in this respect is the use of nZVI as the Permeable Reactive Barrier (PRB)
for various contaminants including metal ions like Ni, Cu, Zn, Cd, Pb, Cr, Hg, Se, Sb, As, U, Tc,
Mo, Pu, U, Am,

137

Cs and 90Sr [17]. Many other synthetic and natural minerals and biomaterials

also have been studied for such applications. Biomaterials subjected to the test as PRBs against
metallic pollutants include bone char, peat moss, chitosan, pecan shells, lignite and coal [18,19].
Humic substances are also identified as a potential agent for the in-situ remediation of
contaminants. Wan et al [20] used humic acid based soil amendment for the retardation of
uranium in a contaminated site. Bogush et al [21] and Olds et al [22] reported that humic acid
could be used for the treatment of acid mine drainage. Decontamination of organic and metallic
pollutants from natural waters by crude humic acid blend was reported by Yates and Wandurska
[23]. Alexadrova et al [24] demonstrated that the presence of high humic acid concentration
results in increased immobilisation and lower bioavailability of radionuclides at South Ural lake.
All these studies indicate that humic substances are potential biomaterial for in-situ treatment of
contaminated sites. However due to the very complex and yet to be fully revealed structure and
properties of humic materials, detailed analysis of humic-pollutant interactions are to be done
for development of such technology for field scale applications.
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Fig. 1.3 A proposed scheme for application of humic acid at contaminated site ( Bogush and
Voronin [22])
1.5 Objective of the thesis
As described in previous sections, carefully designed physico-chemical modifications of a given
sorbent leads to better products. In such attempts, it is important that the modification methods
employed should not involve complex multi-step reactions so as to result in overall reduced yield
for the final product. Preferably, for modifications, as a better eco-friendly practice, non-toxic
chemicals should be used. The present thesis is an effort to study the application of modified
biomaterials and nanomaterials as sorbents for selected metal contaminants. Chitosan, humic
acid and magnetite nanoparticles were the selected sorbents. Uranium(VI) was the principal
model heavy metal employed in the studies though chromium(III) and lead(II) were also
employed in some studies. While all substrates selected as sorbents are popular among the
environmental chemists, the studies presented here is novel with respect to the selection of
targets and/or the modifications procedures applied to these sorbents.
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Chitosan, the first biosorbent selected for the studies is made from chitin, the second most
abundant biopolymer after cellulose on earth. It is found to have excellent sorption capacity for
various heavy metals including radionuclides [25]. Chitosan is the copolymer composed of -2amino-2-deoxy-D-glucopyranose units and the residual 2-acetamido-2-deoxy-D-glucopyranose
units. The metal uptake by it is primarily attributed to the amine and hydroxyl groups present in
the polymer chain, which can interact with various metallic species through ion exchange and/or
chelation mechanism. In fact sorption of almost every toxic element in the periodic table might
have been studied on chitosan[26]. But chitosan flakes, as originally available, have many
disadvantages such as formation of gel like material on use at acidic pH. Stabilising with suitable
cross-linking agents is the usual procedure to enhance its stability for practical applications.
Earlier modifications of chitosan for sorption of uranium used toxic chemicals such as
glutaradehyde, epiclorohydrine or ethylene glycol diglycidyl [27-29]. A cross-linking method
based on the non-toxic chemical, sodium tripolyphosphate could be better alternative to prepare a
chitosan based uranium sorbent. Additionally the presence of phosphate groups introduced as a
result of the cross-linking process could enhance the uranium uptake, due to the excellent affinity
of phosphates for uranium. Based on these assumptions, this thesis investigates the utility of
chitosan cross-linked with tripolyphosphate as an adsorbent for toxic metal ions.
Natural Organic Matter (NOM) is the most abundant organic carbon form on earth and humic
materials are the major component of NOM in aquatic and terrestrial environment [30,31]. They
are formed by the decay of dead plants and organism and have the ability to complex with
various metal ions principally through interaction with carboxylic and phenolic groups and to a
lesser extend through less abundant keto, amino and thiol groups present in them. Due to the
strong complexing ability, it is pointed out that they are the most abundant ligands on earth crust
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for metal ions binding. Though many attempts are reported on the use of humic materials for
metal ion removal, serious shortcomings were observed for many of them. In this thesis, a new
solid humic sorbent is prepared using simple procedures and their metal ion sorption properties
were studied.
Magnetite nanoparticles are easy to prepare and often present in the natural environment.
Studying their metal ion sorption characteristics is important; both to use it as an environmental
cleanup agent and also to gather better understanding of their role in the natural environment.
Due to this technical and fundamental importance, the sorption characteristics of uranium on
magnetite is studied as a part of this dissertation. In natural environment, rather than its naked
form, magnetite may appear as nanoparticle coated with natural organic materials such as humic
acid. It is reported that such modifications could significantly affect their sorption characteristics
towards various chemical agents [32]. In order to understand this, humic acid coated magnetic
nanoparticles were prepared and studied for the sorption of uranium.
Full fledged use of humic materials for in-situ remediation of metal contaminated sites requires a
deeper understanding of the various aspects of their interactions with metal ions, especially due
to the fact that humic materials are not well defined chemical entities and is a complex mixture
of heterogeneous organic molecules. Some of the complexities observed in the interaction of
humic materials with metal ions and various geological media are preferential sorption of low or
high molecular weight components on mineral phases, preferential precipitation of high
molecular weight components, preferential interaction of metal ions with high or low molecular
weight components etc [33-35]. This warrants more elaborate examination of the behaviour of
various fractions of humic materials with metals and mineral components. Towards this, a
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comparative study of the interaction of uranium with Gray Humic Acid (GHA) and Brown
Humic Acid (BHA) fractions were carried out as a part of this dissertation.
1.6 Outline of the thesis
The thesis is divided into seven chapters, including this chapter on introduction to the subject.
Chapter two describes the various instrumental techniques and experimental procedures adopted
for the studies. Chapter 3 to chapter 6 gives the details of the studies carried out for this
dissertation. Chapter 3 presents the preparation and characterisation of chitosan tripolyphosphate
beads as well as the sorption studies of U(VI) and Cr(III) ions on this sorbent. Chapter 4
presents the preparation of a new sorbent, humic acid coated chitosan tripolyphosphate beads,
and their sorption characteristics for U(VI) and Pb(II) ions. Chapter 5 deals with sorption of
uranium on bare and humic acid coated magnetic nanopartcles. Chapter 6 devote to the studies
carried out on the binding characteristics of gray humic acid and brown humic acid fractions
with uranium. The last chapter (chapter 7) summarises the finding of this research.
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Chapter 2

Experimental

2.1 Introduction
Applications of some modified biomaterials and nanomaterials in the remediation of heavy metal
pollution are bought out in the research pertaining to this thesis. This chapter gives the generic
details on the preparation of the adsorbent materials employed, analytical and characterization
instrumentation utilised in the studies, modeling of the experimental results, and the approaches
used to study the heavy metal humic acid interactions.
2.2 Materials
Humic acid sodium salt (Lot No. 31938-042), chitosan (medium molecular weight), sodium
tripolyphosphate and calcium acetate monohydrate were purchased from Sigma Aldrich (USA).
Barium chloride and uranyl nitrate hexahydrate (ACS grade) were purchased from E.Merck
Germany. AAS standard solutions (1000 mg/l) of Na(I), Ca(II), Mg(II), Al(III), Cr(III) and
Fe(III) in 0.5 N nitrate medium were purchased from E.Merck. All other chemical and reagents
used in the experiments were of analytical reagent grade purity and obtained from local chemical
suppliers.
2.3 Preparation and purification of sorbents and other chemicals.
Modified biomaterial, Chitosan Tripolyphosphate (CTPP) beads are prepared by the in-liquid
ionic polymerization of chitosan following a method described by Lee et al [36]. The details of
the preparation and characterization are elaborated in chapter 3. Humic Acid coated Chitosan
Tripolyphospahte (HA-CTPP) beads were prepared by a single step wet coating of chitosan
tripolyphosphate beads in aqueous medium, which is described in details in chapter 4. Bare and
humic acid coated magnetite nanoparticles for adsorption studies were prepared by the alkaline
hydrolysis of iron(II) and iron(III) salts in absence and presence humic acid sodium salt
respectively as described in chapter 5 [37]. Commercial humic acid is purified and separated into
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two fractions, brown and gray humic acid based on its ionic strength dependant solubility [38].
Details of the separation and purification procedures are provided in chapter 6.
2.4 Analytical methods
2.4.1 UV-Visible absorption spectroscopy
UV-Visible spectroscope is one of the classical analytical instruments used for material
characterization and concentration measurement [39]. The principle of absorption spectroscopy
is based on the “Beer-Lambert’s Law”, according to which ‘ the decrease in intensity (dI) of a
narrow beam of light passing through a solution of small volume of absorbing molecules is
proportional to the intensity of the light entering the medium (I), the concentration of absorbers
C, and the length of the light path through the element, (dl).

Mathematically,

 dI  ICdl
This could be reduced to the normally used expression,

log

Io
 cl
I

(2.1)

where Io is the initial intensity of light, I is the intensity of light after passing through the
medium, ε is the molar absorbtivity or extinction coefficient of the analyte, c is the concentration
of the analyte and l is the path length of the cell. When a monochromatic radiation is used to
excite the analyte molecules, the fractional absorption is a property of the molecules and a
scanning of absorption across the wavelength gives the absorption properties of the analyte
molecules. Similarly the concentration of molecules in the solution can be obtained from the
absorbance measured usually at an appropriate peak wavelength of the analyte. For present
studies, absorption spectral scanning and concentration measurements were done using the
double beam UV-Visible spectrometer UV540 model (Thermo Spectronic, USA).
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2.4.2 Fourier Transform Infra Red (FTIR) spectroscopy
The functional groups on organic and inorganic substances could be identified using the
vibrational absorption properties of the material applying the same principal as applied to the
UV-visible absorption spectroscopy (usually represented in terms of the transmitted intensity).
Infrared spectra in the present studies were carried out using JASCO 400 FTIR spectrometer,
using KBr pellet method or using NUJOL mull on JASCO 610 spectrometer.
2.4.3 Molecular Fluorescence Spectroscopy.

Fig. 2.1 Schematic presentation of the fluorescence transition and fluorescence
spectrum.(image courtesy: elchem.kaist.ac.kr)

Molecular fluorescence is the phenomenon of emission of light from a substance subsequent to
its absorption, usually at wavelength higher than the absorbed wavelength. Similar to absorption
spectra, emission spectra also could be used for identification and quantification of analyte
samples. This technique is widely used for studying the interactions of metal ions and organic
compounds with biomolecules [40]. In the present studies fluorescence measurements were
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done using JASCO 4500 fluorescence spectrometer. This instrument uses a 150 W xenon lamp
as the light source for exiting the sample.
2.4.4 Inductively Coupled Plasma Atomic Emission Spectroscopy (ICP-AES).
It is a type of emission spectroscopy that uses the inductively coupled plasma to produce excited
atoms and ions that emit electromagnetic radiation at wavelengths characteristic of a

particular

element [39]. Usually plasma is generated from the argon gas in a plasma torch by the

Fig. 2.2 Schematic pesentation of ICP-AES spectroscopy system
(image courtesy:quoteimg.com)
application of radio frequency. Sample is nebulised into this plasma using a peristaltic pump
where the various molecules in the sample break up into their respective atoms which then ionize
and recombine repeatedly, giving off radiation at the characteristic wavelengths of the elements
involved. The intensity of this emission is indicative of the concentration of the element present
in the sample. It is a multi-elemental analysis technique with ppb level detection limit. A
schematic diagram of the instrumentation is given in figure 2.2. In present studies, ICP-AES
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model JY-238
238 (Jobin Vyon, France) was used for the analysis of concentration
oncentration of Na, Ca, Mg,
Pb, Cr, Al and Fe in solutions..
2.4.5 X-ray
ray Diffraction analysis
X Ray Diffraction
fraction (XRD) is the most commonly used technique for fingerprint characterization
of the crystalline materials, as well as for the determination of their unit cell parameters [41].
[41]
The theory of diffraction is based on the Bragg’s law
law:

n  2d hkl Sin

(2.2)

where n is an integer, dhkl is the interplanar distance of the crystal lattice which causes the

Fig. 2.3 Schematics of the XRD instrumentation (image courtesy: jessdavenport.com)

constructive interference, and θ is the angle of incidence of the X-ray
X ray beam with the crystal
plane. In XRD, the sample is irradiated by a collimated monochromatic X-ray
ray beam generated
from a cathode ray tube.. While scanning the sample through a range of 2θ angles, diffraction
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taking place only for the incident angle for which the Braggs law is satisfied and from the
obtained diffraction pattern identification of the sample is possible. A schematic diagram of XX
ray diffractometer
iffractometer is given in figure 2.3. XRD was used in the identification of magnetite
nanoparticles in the present investigations. Powder XRD of the nanoparticles was recorded with
the Cu k radiations (  = 1.5405) using Philips analytical X-ray
ray machine
machine. The data were
collected at room temperature
ature in the range of 2θ
2 between 20o and 70o.
2.4.6 Scanning Electron Microscope (SEM).

Fig. 2.4 Schematic presentation of the Scanning Electron Microscope and the different
particles emitted in the process (image courtesy: purdu.edu)
SEM gives information about topography, morphology, composition and crystallographic details
of the arrangement of the atoms in a material. In a typical SEM, an
an electron beam in the energy
range of hundreds of eV to 50 keV is focused on a small area of the sample, under
nder vacuum [39].
As the electrons strike and penetrate the surface, a number of interactions occur,
occur, that result in the
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emission of Secondary Electrons
lectrons (SEs), Back Scattered Electrons (BSEs),, characteristics X-rays,
and Auger electrons from the sample.
sample SEss are created near the surface, and are sensitive to the
topography of the sample. The BSEs
BSE comes from the bulk of the material and carries information
about distribution of heavy elements. Auger electrons and characteristic X-rays
rays give information
on the chemical composition of the sample. SEM micrographs and EDS for present studies were
recorded using Seron Inc. make AIS 2100 model scanning electron microscope using 20 keV
electron beam. For SEM images of powder samples, sample in methanol was placed over a
mirror polished Si single
ingle crystal and finally
ally a thin gold coating was applied prior to loading the
sample. For non-conducting
conducting materials such as polymeric beads, gold coating was invariably
required for producing the image.
2.4.7 X-ray Photo electron
tron Spectroscopy (XPS)

Fig. 2.5 Schematic presentation of XPS instrumentation (image courtesy: en.wikipedia.org)
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XPS is a technique used to gather information on the elemental composition and oxidation state
of material, usually by irradiating the material by a beam of X-rays, while simultaneously
measuring the kinetic energy and number of electrons emitted from the surface [39]. From the
kinetic energy of the emitted electron, nature and oxidation state of the element present on the
material surface can be identified. A schematic diagram of the XPS set up is given in figure 2.5.
For present studies, XPS spectrum of the nanoparticles was recorded using Perkin Elmer PHI
5400 spectrometer equipped with a Mg k* excitation source. In order to take into account the
charging effects on the measurement of binding energies, these energies were determined by
referencing to the adventitious C1s peak at 284.6 eV.
2.4.8 ZnS(Ag) scintillation detector.
A gross alpha counting system, used for counting alpha activity in samples consists of a detector
made of a transparent plate coated with the scintillating ZnS(Ag) crystal particles, a Photo
Multiplier Tube (PMT) and a counting set up [42]. Alpha particle incident on the detector
surface produces photons which is multiplied by the PMT and counted on the counter. For
present studies a PLA make CS 201 counter along with PSP647D alpha probe was used for the
counting of alpha particles emitted by
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U. The detector were calibrated using

241

Am standard

procured form Zigert-Egler (Germany)
2.4.9 Surface area Analyser
Brunauer-Emmett-Teller (BET) surface area of the magnetite nanoparticles was determined by
N2 adsorption- desorption measurement, using the home built surface area analyser in analytical
chemistry division. Dynamic, single point BET method based on physical adsorption of nitrogen
on the specimen, from a mixture of helium and nitrogen at liquid nitrogen temperature is
employed for the measurements.
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2.5.10 Zeta potential measurement
Zeta potential of humic acid and magnetic nanoparticles were measured using Malvern Zetasizer
(Nano ZS model, Malvern Instruments, U K). This instrument uses a 4.0 mW He-Ne laser (633
nm) beam to measure the electrophoretic mobility of the particles using dynamic light scattering
and obtains the zeta potential by putting this velocity data into Henry’s equation
UE 

2zf
3

(2.3)

where UE, ε, z, η stands for electrophoretic mobility, dielectric constant, zeta potential and
viscosity respectively and f is the Henry’s function having a value 1.5 under Smoluchowski
approximation.
2.6 Sorption Studies
Batch sorption studies were carried out by adding a fixed amount of the sorbent (w) to a fixed
volume (V) of the sorbate solution containing known concentration of the contaminant metal
ions. Before the equilibration of the mixture, pH of the experimental solutions were adjusted by
addition of required amount of acid or alkali. After agitation for known time, a small portion of
the aqueous phase was separated and analysed for concentration of the dissolved metal ions,
using spectroscopic or radiometry methods. Equilibrium sorption capacity (qt) at any time t was
determined, using equation

qt 

c0  ct V
w

(2.4)

where Co and Ct are the initial and the equilibrium concentrations at time t respectively of the
sorbate in solution.
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2.6.1 Adsorption isotherms
Various theoretical models have been proposed over the years to describe the sorption process in
detail. By analyzing the experimental data, using these models, a thorough understanding about
the sorption system under investigation is possible. For present thesis, adsorption experimental
data were analysed using the most popular isotherm model, the Langmuir model and the
Freundlich model, and at least one of them is found to fit the experimental observations
satisfactorily [43] in each of the studied case.
Langmuir Isotherm
The most often used model, Langmuir isotherm is based on assumptions such as: a) the
sorbent surface is made of homogeneous binding sites having same energy for sorption, b)
sorption on the surface is localized to definite sites and c) each site can accommodate only one
molecule, or atom. Langmuir proposed that the rate at which the sorbate molecules comes into
contact with the sorbent surface is proportional to the product of the concentration of the sorbate
C, and the fraction of the surface remaining uncovered by sorbate. If ‘θ’ is the fraction of
surface sites covered by sorbate molecules and (1 – θ) is the fraction of surface which is
unoccupied, then:
The rate of sorption α

C(1-θ)

or rate of sorption = Ka C(1-θ)
rate of desorption α θ
or rate of desorption = Kd θ
At equilibrium:
KaCe (1-θ) = Kdθ
or



K a Ce
K d  K a Ce
27



or

KCe
1  KCe

(2.6)

where K is the Langmuir constant Ka/Kd, and Ce is the equilibrium concentration of the sorbate
in solution at equilibrium condition.
Freundlich Isotherm
Freundlich isotherm is an empirical equation which assumes heterogeneous sorption sites on the
sorbent. The model expect stronger binding sites to occupy first and the binding strength to
decrease with increase in the degree of site occupation. For a given concentration of the solute,
sorption is directly proportional to the concentration raised to power 1/n. Here, n is a variable
having value greater than one. Mathematically Freundlich isotherm can be expressed as:
1

q e  k F  ce n

(2.7)

where kF is the Freundlich constant . A favorable sorption tends to have n between 1 and 10.
Larger value of n (smaller value of 1/n) implies stronger interaction between the sorbate and the
sorbent, while 1/n equal to 1 indicates linear sorption, leading to identical sorption energies for
all the sites.
2.6.2 Adsorption Kinetics
Sorption kinetics describes the time-dependent evolution of the sorption process until
equilibrium is reached. The most popular kinetic models used for sorption analysis are ‘pseudofirst order’ , ‘pseudo-second order’ and ‘ intra-particle diffusion model’ [44].
Pseudo-first order rate equation
The pseudo- first order rate equation can be represented as
=

(

−

)
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where qe and qt are the concentration of solute adsorbed on to the sorbent at equilibrium and at
time ‘t’ respectively and k1 is the first order rate constant. Kinetic parameters are often obtained
by applying the integrated form of the equation,

 k 
logqe  qt   log qe   1 t
 2.303 

(2.8)

from which, the model constant k1 can be derived from graphical analysis.
Pseudo- second order equation
The pseudo-second order model is applicable where the overall rate of the reaction is decided by
the interaction between the sorbate and sorbent and is represented as:
=

(

−

)

where k2 is the second order rate constant and can be obtained from the graphical analysis of the
integrated expression:
t
1
t


2
qt k 2 q e qe

(2.9)

Intra-particle diffusion model.
In many cases, concentration distribution of the solute within the solid sorbent is controlled by
the intra-particle diffusion and this could be the rate controlling step in the overall observed
kinetics. The Fickian diffusion equation is applicable to explain the sorption process [44], which
can be expressed as:
q t  k id  t 1 / 2

(2.10)
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where, qt is the adsorption capacity (mg/g) at time t, and k id is the intraparticle diffusion
constant (mg/g-h). The plot of qt as a function of

t gives a straight line, from which the intra-

particle diffusion constant, k id can be obtained.
2.7 Determination of apparent stability constants of uranium with HA

Binding constants between humic substances and uranium were derived using the classical
fluorescence quenching method following Nakashima et al[45]. In this method no assumptions
are made about the number of binding sites per HA molecule or the charge density on the metal
ions, whereas the interaction is measured based on the global parameter as the reduction in
fluorescence intensity of the humic acid upon its binding with the metal ion. Complex formation
of HA with metal ion can be represented as
HA + M ↔ HA-M
and the conditional stability constant can be represented as
=⌈

−

⌉⁄[

][ ]

where Kb is the conditional stability constant, [HA-M] is the concentration of humic metal
complex, [HA] and [M] are the concentration of free humic acid and metal ion at equilibrium.
If the fluorescence intensity of HA in the absence of metal ion is represented as Io and that in
presence of metal ion as I, the binding constant Kb could be related to the ratio of fluorescence
intensities by the standard Stern-Volmer equation,
=1+

[ ]

(2.12)

where [M] is the concentration of the metal ion. A plot of Io/I against [M] should give a straight
line with slope equal to the binding constant Kb .
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2.8 Aggregation kinetics of HA
Humic substances aggregate in aqueous media depending on the solution conditions such as pH
and ionic strength of the medium and concentration of metal ions [46]. The extend of
aggregation of humic acid can be represented as

= (

− )/

is the initial concentration of humic acid and C is the

where α is the degree of aggregation,

concentration of humic acid in solution at a given instance during the progress of the
aggregation. α =0 means zero aggregation and α=1 means complete aggregation.

Aggregation rate can be analysed using the first order rate equation
=

= (

–

)

where C is the dissolved HA concentration at an instant t, C0 and

(2.13)
are the initial and final (at

the saturation of the aggregation) dissolved HA concentration respectively. Integration of
equation (2.13) results in
=

+

−

(2.14)

or in terms of α;
=
where

=(

−

)/

−

(2.15)

is the highest degree of aggregation and the aggregation rate

constant k can be obtained from the plot of α against t. In the present studies this expressions
were used to derive the difference in the aggregation behaviour of GHA and BHA in presence of
uranium.
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Chapter 3

Studies on sorption of U(VI) and
Cr(III) onto Chitosan
Tripolyphosphate (CTPP) beads

3.1 Introduction
Chitin is the second most abundant polysaccharide (next only to cellulose) in nature. Chitin is
common in biological world and highly abundant in nature principally in shells of crustaceans,
terrestrial invertebrates and fungi. Partial deacetylation of chitin by alkaline hydrolysis gives
chitosan. The chemical structure of chitin and chitosan is

given below.

Fig. 3.1: Molecular structure of chitin and chitosan
Chitosan is the copolymer composed of -2-amino-2-deoxy-D-glucopyranose units and the
residual 2-acetamido-2-deoxy-D-glucopyranose units. Chitosan is abundant with amino and
hydroxyl groups which could bind metal ions through ion exchange and chelation mechanisms.
Due to this and the advantages like non-toxicity and biodegradability, chitosan have been heavily
investigated as a medium for the sorption of various heavy metal ions and radionuclides.
Nonetheless, the mechanical properties of chitosan is weak and is easily soluble in acidic pH
(pH≤5). Cross-linking with various chemicals is the usual method adopted to improve the
physical and engineering properties of this material. Most often, the cross-linking agents used for
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chitosan modifications are toxic chemicals such as glutaradehyde, epiclorohydrine or ethylene
glycol diglycidyl ether.
From the environmental safety point of view, it is preferred to use non-toxic and environmentally
benign substances for developing future technologies. Tripolyphosphate (TPP) mediated ionic
cross-linking of chitosan is thus a suitable alternative to the use of toxic chemicals for the
modification of chitosan. Cross-linking of chitosan by TPP can be achieved by a single step
process, where the formation of intra and intermolecular cross-linking leads to solidification of
chitosan to chitosan-tripolyphosphate (CTPP) beads [39]. However only few studies are reported
on the use of chitosan cross-linked with TPP for sorption of toxic metal ions. Since this crosslinking procedure adds phosphate groups having high affinity for metal ions like uranium to the
polymer, a synergism of good physical properties and high sorption capacity can be expected. In
the present investigations CTPP beads were prepared by the ionic cross-lining of chitosan and
sodium tripolyphosphate and its sorption properties for U(VI) and Cr(III) were investigated using
batch adsorption technique. Sorption studies were carried out as a function of contact time, pH
and concentration of metal ions.

The experimental results were fitted into Langmiur and

Freundlich isotherm models. Kinetics of the adsorption process was analyzed using pseudo-first
order, pseudo-second order and intra-particle diffusion models. To understand the competition
effects, sorption experiments were conducted using binary mixture containing Cr(III) and
competing ions. Attempts were also made to identify the binding sites using infrared
spectroscopy.
3.2 Materials
Chitosan (medium molecular weight) and sodium trypolyphosphate (STPP), (Na5P3O10) were
purchased from Aldrich chemical company, USA. U(VI) solutions of appropriate concentrations
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were prepared from UO2(NO3)2.6H2O (ACS grade) salt purchased from Merck, Germany.
Cr(III), Al(III), Fe(III), Ca(II), Mg(II) and Na(I) solutions of appropriate concentrations were
prepared by diluting AAS standard solutions in nitrate medium (Merck, Germany) of initial
concentration of 1000 mg/l. Higher concentrations of Cr(III) solutions were prepared by
dissolving appropriate quantity of Cr(NO3)3.9H2O (Merck, Germany) in nanopure water. 2-(5Bromo-2-Pyridylazo)5-diethylaminophenol(Br-PADAP),

Triethanolamine,

(1,2-Cyclohexane

Di-amine Tetra Acetic acid (CDTA), NaF and sulphosalicilic acid used for the analysis of
uranium concentrations were analytical grade, purchased from Merck, Germany or SigmaAldrich, USA. All other chemical used in the experiments were of analytical reagent grade
purity. Deionised water used for all experiments was obtained from Milli-Q (Millipore
Corporation, USA) water purification system.
3.3 Preparation and characterization of CTPP beads.
CTPP beads were prepared by ionic cross-linking of chitosan solution with sodium
tripoliphosphate [39]. Chitosan (10g) was dissolved in 500 ml of dilute acetic acid (1% v/v) to
prepare the chitosan solution. The STPP solution was prepared by dissolving 10g of the solid in
100 mL of water. The chitosan solution was pumped into TPP solution using a PVC tip, with an
opening of 1mm.The beads were prepared at two different pH for the TPP solution; pH=8.6
(original pH of the STPP solution) and at pH=3.0 by additing 1M HCl, in order to obtain beads
with different cross-linking densities[47]. The beads were cured for 12 hours, separated by
filtration, washed four times with deionised water and air dried before use in adsorption
experiments. Dried beads were spherical and slightly yellowish in colour. The surface
morphology of the beads was characterized using SEM. Atomic composition of the surface of
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the beads before and after sorption of Cr(III) is obtained using Energy Dispersive X-ray
Spectroscopy (EDS) analysis.
3.4 U(VI) and Cr(III) concentration measurements.
Concentration of dissolved uranium after the equilibration was determined using the
spectrophotometric method using Br-Padap as the complexing agent at pH=7.8 [48].
Triethanolamine buffer (T-buffer) for pH adjustment was prepared by diluting 14 mL of the
triethanolamine in 80 mL of deionised water, adjusting the pH to 7.8 by adding con. HClO4 and
finally made up to 100mL. Complexing solution for removing the interference of other bivalent
cations was prepared by dissolving 3.5g of sulphosalicilic acid, 0.5 g of NaF and 1.25g of CDTA
in 40 mL water and adjusting pH to 7.8 by addition of sodium hydroxide pellets and finally
made up to 100 mL. For measurement of uranium, 1 mL of complexing solution, 20-100 µL of
aliquot of the sample, 1mL T-buffer, 4mL of ethanol and 0.5 mL of Br-Padap were added into
the 10 mL volumetric flask and made up to 10 mL using deionised water. The solution was
allowed to develop colour for thirty minutes and optical density is measured at 578nm using
UV540 double beam spectrophotometer (Thermo Spectronic, USA).
Cr(III) measurements were carried out using ICP AES. The sample aliquot taken from the
reaction mixture is diluted to give a concentration less than 2 mg/l

and subjected to

spectroscopic analysis.
3.5 Batch sorption experiments
For batch equilibration studies, experimental solutions containing measured concentration of
metal ions and the adsorbent were adjusted to the required pH and equilibrated in an Erlenmeyer
flask at 250 rpm using a horizontal orbital shaker (REMI CIS24 BL model). Temperature during
the adsorption experiments were controlled at 25  0.5 oC. All pH adjustments were carried out
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with dilute HNO3/Na2CO3, in case of uranium and dilute HNO3/NaOH in case of Cr(III). Batch
adsorption studies were conducted with 50 mL solution containing 50 mg of the adsorbent and
different initial concentrations for U(VI) and Cr(III). After fixed time of equilibration, 20-100 µL
of the solution was withdrawn from the experimental mixture and concentration of metal ion
remaining in the solution was estimated. The amount of metal ion adsorbed onto the CTPP bead
at time t, was calculated by:

qt 

c0  ct V

3.1

w

where qt (mg/g) is the quantity of metal ion adsorbed on CTPP bead at time t, C0 is the initial
concentration of metal ions used in the experiment, C t is

the concentration of metal ion

measured in the liquid phase after equilibration time t ; V is the volume of the solution(L) and w
is the mass of the CTPP beads (g). For kinetic investigations, the adsorption experiments were
conducted at a stirring speed of 400 rpm, using a magnetic stirrer, in order to minimize the effect
bulk and film diffusion on the sorption process [49].
3.6 Competition and desorption experiments for Cr(III) with CTPP beads
Competition experiments were carried out using binary mixtures having Cr(III) as one
component and one of the selected cation as the competing ion. Concentration of both the cations
were fixed at 100 mg/L. pH of all the experimental mixtures were fixed at 5, except for Al(III)
containing mixture, where operational pH = 4 was used due to the hydrolysis of Al(III) at pH
above 4. After 72 hours of equilibration, concentrations of the free metal ions remaining in
solution were analyzed. For desorption experiments, 400 mg of Cr(III) loaded CTPP beads were
prepared under optimum sorption conditions of pH = 5 and equilibration time of 72 h. The
Cr(III)-loaded CTPP beads were separated, washed thoroughly with distilled water and air dried.
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25 mg of the dried Cr(III) loaded CTPP beads were then equilibrated with 25 mL Ethylene
Diamine Tetra Acetic acid (EDTA) or NaCl solutions at three different concentrations i.e. 0.001,
0.01 and 0.1 M. The amount of desorbed Cr(III) ions were determined at specific intervals using
ICP-AES. All adsorption and desorption experiments were carried out in duplicates and the
average values were taken.
3. 7 Results and discussion
3.7.1 Characterisation of CTPP beads.
Schematic representation of the formation of CTPP beads by the ionic cross-linking of chitosan
and sodium tripoliphosphate is presented in figure 3.2. CTPP beads thus prepared were
characterized using FTIR spectroscopy. The IR spectra of chitosan powder and the CTPP bead is
shown in figure 3.3. The main differences in the IR spectra is the additional peak in the CTPP
bead spectrum at 1230 cm-1, which can be assigned to the –P=O stretching vibration indicating
the presence of phosphate group in the prepared beads. Peak at 1694 cm-1 corresponding to –NH2
group and 1419 cm-1 corresponding to –NH deformation vibration of –NH2 groups, present in the
original chitosan spectrum is completely disappeared in the spectrum of CTPP bead, with the
appearance of a fresh peak at 1541 cm-1 which can be assigned to NH 3 [50]. The beads are
prepared at pH = 3 where the amino group are mostly protonated. From the spectral information
it can be concluded that the cross-linking is taking place through the ionic interaction between
the negatively charged –P-O- moieties of the phosphate group and protonated NH 3 moieties of
the chitosan molecule.
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Fig. 3.2 Schematic presentation of formation of CTPP beads by ionic cross-linking
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Fig. 3.3 IR spectra of chitosan(a) and chitosan tripolyphosphate beads (b)
SEM image of the beads at two different magnifications were given in figure
ure 3.4. The beads
employed in the studies have a diameter of approximately 2mm. SEM image at 10K
magnification shows that the surface is porous, which is a desirable characteristic for a substance
to be used as an adsorbent.

Fig. 3.4 SEM images of CTPP beads at x 50 and x10K magnifications.
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3.7.2 Sorption of U(VI) on CTPP beads.
3.7.2.1 Effect of cross-linking and solution pH on uranium sorption.

Chitosan in its native form is brittle, where most of the active functional groups are deeply
embedded inside the crystalline phase which leads to reduced adsorption capacity for the
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Fig. 3.5 Effect of pH and cross-linking on the sorption of uranium on CTPP beads (-■higher crosss-linked, -●- lower cross-linked, V= 50 ml, U=200 mg/l, CTPP = 50 mg, T=
25oC)
adsorbent. Cross-linking of chitosan with various cross-linking agents is found to improve its
amorphous character [51]. Figure 3.5 presents the uranium adsorption on lower and higher crosslinked CTPP beads, as a function of the solution pH. Under identical experimental conditions,
beads with higher cross-linking show higher adsorption capacity for uranium. The pH
dependence also differs significantly with the extend of cross-linking of the CTPP beads. The
uranium adsorption capacity of lower cross-linked beads decreased monotonously with pH of the
solution. Though for lower cross-linked beads, both amino and phosphate groups may be
available for the adsorption of uranium, it is reported that they are more amenable to swelling in
acidic solution [47]. In such case, as the pH of the solution increases, due to reduced swelling,
more and more active sites may not be reachable by uranium species for adsorption, resulting in
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lower adsorption capacity. On the other hand beads with higher cross-linking showed maximum
adsorption at pH = 5. The swelling behavior of higher cross-linked beads is nearly independent
of pH and other factors determine the adsorption dependence of uranium on pH of the solution.
At lower pH, the amino groups are protonated whereas phosphate groups remain un-dissociated.
Thus at lower pH, the positively charged uranyl ion is not favored by the positive or neutral
binding groups on the adsorbent, resulting in lower adsorption capacity. At neutral to alkaline
pH, uranium is present as anionic hydroxyl-carbonate complexes [52,53], and thus not favorable
for adsorption onto the neutral/negatively charged functional groups of CTPP beads, which
explain the reduction in adsorption at higher pH. Thus the maximum adsorption capacity
observed at pH = 5 for the higher cross-linked CTPP beads is the result of pH dependant
speciation of the uranyl ion and the pH dependant dissociation behavior of CTPP functional
groups responsible for sorption of uranium. Adsorption peak at pH=5 was earlier reported by
Takashi et al for the sorption of uranium onto chitin and chitosan phosphates [54]. Due to the
higher adsorption capacity, higher cross-linked beads and the optimum pH = 5 were used for
further experiments.
3.7.2.2 Effect of contact time on uranium sorption.
To understand the effect of contact time on uranium adsorption onto CTPP beads, experiments
were conducted with 100 mL of solution having 400 mg/L uranium and 100 mg of adsorbent.
100 L of the sample were analysed at various intervals to estimate the concentration of
dissolved uranium as a function of equilibration time. Figure 3.6 shows that the process is
characterized by a rapid adsorption in the initial four hours of equilibration time, followed by a
slow process, reaching equilibrium sorption capacity in 72 hours. The initial fast sorption might
be due to the surface adsorption of uranium on the CTPP beads. Uranyl ion is a bulky cation and
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the diffusion of the bulk ion into the CTPP beads is a slow process leading to the overall slow
kinetics for the sorption process. During longer stay of beads in the experimental solution, they
become swollen, but no solubility of the beads was observed even after five days of
equilibration. Concentration of dissolved uranium measured after 10 days of equilibration was in
the same range (within 5%) of the concentration measured after 72 hours of equilibration,
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Fig. 3.6 Effect of contact time on the sorption of uranium onto CTPP beads (V = 100 ml,
U=400 mg/L, CTPP =100 mg, T=25oC).
showing that for practical purposes 72 hours can be taken as the time required for completing the
adsorption equilibrium.
3.7.2.3 Adsorption kinetics.
Kinetics data of sorption were analysed using pseudo-first order, pseudo-second order and intraparticle diffusion model as represented by equations 3.2, 3.3 and 3.4 respectively. Here q e and

qt are the concentration of uranium adsorbed on CTPP at time t and at equilibrium time
respectively.
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 k 
log qe  qt   log qe   1 t
 2.303 

(3.2)

t
1
t


2
qt k 2 q e qe

(3.3)

q t  k id  t 1 / 2

(3.7)

k1 , k 2 and k id
constants.

are the pseudo-first order, pseudo-second order and intra-particle diffusion rate

Figure 3.7 gives the pseudo-first order and pseudo-second order plot of the

experimental data. The model parameters and the equilibrium concentration obtained by both the
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Fig. 3.7 Pseudo- first order and pseudo-second order model plot for the sorption of
uranium onto CTPP beads .
models are given in table 3.1. From the results it can be observed that both pseudo-first order and
pseudo-second order models are matching with the experimental kinetics data. From the better
correlation coefficient and the fact that the equilibrium concentration obtained by the pseudosecond order plot (209 mg/g) is more close to the experimental value than that obtained from the
pseudo-first order plot (141.5 mg/g), it can be concluded that pseudo-second order model is more
relevant to explain the kinetics of adsorption of uranium on CTPP beads. Application of intra43

particle diffusion model to the experimental data (figure 3.8) shows three regions with
independent slopes (all with r2 0.97). Thus it is clearly evident that intra-particle diffusion is not
applicable to the entire time scale of the sorption process. The initial region, which corresponds
to the fast adsorption, could be due to the surface adsorption on the dried beads where intra-
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Fig 3.8 Intra-particle diffusion model plot for the sorption of uranium onto CTPP beads.
particle diffusion has no significant contribution. Similarly the third region might be
corresponding to the chemical equilibration of uranium in the swollen CTPP beads. Among the
three regions, the one corresponds to the intermediate time scales has the best statistical fit as per
the intra-particle diffusion model. Thus it can be assumed that uranium diffusion inside the beads
have significant influence in controlling the kinetics of uranium sorption onto CTPP beads .
However it should be noted that this straight line does not pass through the origin which means
intra-particle diffusion is not the sole rate determining factor controlling the adsorption of
uranium onto CTPP beads. Similar three stage kinetics was earlier reported for the sorption of
humic acid on cross linked chitosan beads [55].
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Table 3.1: Kinetic model parameters for the sorption of uranium onto CTPP beads
Kinetic model

Value
Pseudo-first order

k1 (hour-1)

4.5 10-2

q e (mg.g-1)

141.6

R2

0.995
Pseudo-second order

k 2 (g-mg-1hour-1)

9.4  10-4

q e (mg.g-1)

209.2

R2

0.997
Intra-particle diffusion model

kid (mg.g-1.hour-1)

19.6

R2

0.993

3.7.2.4 Effect of initial uranium concentration.
For investigating the effect of initial uranium concentration on the adsorption of uranium onto
CTPP beads, experiments were conducted with 50 mL solutions having initial uranium
concentration varying from 100mg/L to 2000 mg/L and a fixed mass of 50 mg of adsorbent. The
results are presented in figure 3.9. As expected, the adsorption capacity increased with increase
in initial metal ion concentration. With more uranium present in solution, larger fraction of the
active sites is involved in the adsorption process. At higher uranium concentrations adsorption
capacity reached a plateau indicating saturation of the available binding sites on the adsorbent.
The steep slope at initial uranium concentrations is a desirable feature of the sorption system and
the results indicates that a CTPP bead is an efficient adsorbent for uranium.
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Fig. 3.9 Effect of initial uranium concentration on the sorption of uranium onto CTPP
beads (V= 50 ml, CTPP = 50 mg, pH=5, T= 25oC)
3.7.2.5 Sorption isotherm.
Langmiur and Freundlich isotherm models were applied to anlayse the sorption data as per
equations 3.8 and 3.9 respectively ,

qe 

bQce
1  bce

(3.8)

1

q e  k F  ce n
where

(3.9)

q e is the amount of metal ion adsorbed at equilibrium(mg/g), ce is the equilibrium

metal ion concentration remaining in solution, Q (mg/g) is the amount of metal ion adsorbed at
complete monolayer coverage, and b(mL/mg) is the Langmiur constant, and

k F and n are

Freundlich constants related to adsorption capacity and adsorption intensity respectively. Figure
3.10 shows the linear plot for the experimental sorption data on application of the models.
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Fig 3.10 Langmuir and Freundlich Isotherm fit of the sorption data of uranium onto
CTPP beads
The model parameters obtained by applying both Langmuir and Freundlich model to the
experimental data are given in table 3.2. From the better correlation coefficient and the fact that
Table 3.2 Isotherm Constants of the sorption of U(VI) on CTPP beads.

Isotherm model

Value

Langmuir
Q (mg/g)

236.9

b (L/mg)

0.019

R2

0.997
Freundlich

k F (mg/g)

89.9

n

7.65

R2

0.991

the equilibrium adsorption capacity (Q) obtained from Langmiur model (236.9 mg/g) is close to
the experimentally observed saturation capacity, it can be concluded that the monolayer
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Langmuir adsorption isotherm is more suitable to explain the adsorption of uranium onto CTPP
beads.

The favorability of the CTPP beads as an adsorption medium for uranium can be obtained from
the Langmiur adsorption constant b; which is related to the separation factor RL defined as:
RL 

1
1  bc0

(3.10)

where c0 is the initial metal ion concentration. 0  RL  1 indicates that the adsorbent is a
Table 3.3 Calculated RL values at different initial concentrations of uranium
Initial U concentration(Co)

Separation factor (RL)

(mg/L)
10

0.840

50

0.512

100

0.256

500

0.095

1000

0.050

favorable medium for the adsorption of the given metal. Table 3.3 presents the calculated RL
values at five different initial uranium concentrations. For all the tested uranium concentrations,
it is found that 0  RL  1, which proves that CTPP bead is a favorable adsorbent medium for
uranium. The same conclusion can be arrived from the Freundlich constant ‘n’ in which case a
value of n between 1 and 10 indicates the acceptance of the medium as the suitable adsorbent.
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3.7.3 Sorption of Cr(III) on CTPP beads
3.7.3.1 Effect of pH on Cr(III) sorption on CTPP beads.
Studies on the effect of pH on sorption was restricted to pH = 3-5 due to significant solubility of
the beads at pH<3, and precipitation of Cr(III) as Cr(OH)3 for pH above pH=5,

which could

lead to inaccurate interpretation of the obtained results. Figure 3.11 shows the amount of Cr(III)
adsorption as a function of initial solution pH. From the graph it can be seen that, with increase
in pH, amount of Cr(III) adsorbed also increases. Speciation data of Cr(III) shows that below
pH=6, chromium exists as positively charged species [56]. At higher pH, more sorption sites on
CTPP are deprotonated an thus resulting in higher uptake. Moreover under identical
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Fig. 3.11 Effect of pH on the sorption of Cr(III) onto CTPP beads (V= 50 ml, Cr(III) = 200
mg/L, CTPP= 50 mg, T=25oC)
Exper imental conditions, beads with higher cross-linking showed higher adsorption capacity for
chromium. As a result of cross-linking with TPP, phosphate groups are getting introduced in to
the matrix whereas the original amino groups of chitosan are getting consumed for ionic crosslinking. Thus higher uptake for higher cross-linked beads indicates that phosphate groups are the
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principal sites of binding. Due to the higher adsorption capacity, beads with higher cross-linking
and the optimum pH = 5 were selected for further experiments.
3.7.3.2 Effect of contact time on sorption of Cr(III) on CTPP beads.
Figure 3.12 shows the effect of contact time on the sorption of Cr(III) on CTPP beads. The
process is characterized by a rapid adsorption in the initial 4 hours of equilibration time,
followed by a slow process, leading to equilibrium adsorption in around three days. The
initial
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Fig . 3.12 Effect of contact time on the sorption of Cr(III) onto CTPP beads (V= 100 mL,
Cr(III) – 200 mg/L, CTPP = 100 mg, pH=5, T= 25oC)
fast sorption might be due to the surface adsorption of Cr(III) on the CTPP beads. During longer
stay of the beads in the experimental solution, they become swollen, and chromium ions are
slowly diffused into the bulk of the beads, gradually increasing the sorption capacity. Kinetics of
Cr(III) sorption on CTPP is found to be slow, similar to that observed for U(VI) and this is again
due to large size of the beads used in the present investigations.
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3.7.3.3 Adsorption kinetics
Both pseudo-first order and pseudo-second order kinetics were applied to analyze the
experimentally observed kinetic data (figure 3.13). The model parameters and the equilibrium
concentration obtained by both the models are given in table 3.4. From the results it can be
observed that both pseudo-first and pseudo-second order models are matching with the
experimental kinetics data. From the better correlation coefficient and the fact that the
equilibrium concentration obtained by the pseudo-second order plot (126.1 mg/g) is more close
to the experimental value (124.0 mg/g) than that from the pseudo-first order plot (81.1 mg/g), it
can be concluded that pseudo-second order model is more applicable for the adsorption of
chromium on CTPP beads.
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Fig 3.13 Pseudo first order and Pseudo second order kinetics plots for the sorption of
Cr(III) on to CTPP beads.
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Table 3.4: Kinetic parameters for the sorption of Cr(III) on to CTPP beads.
Kinetic model

Pseudo-first order
R2
k1
qe
(hour-1) (mg.g-1)
0.049
81.1
0.967

Experimentally
observed
adsorption
capacity (mg/g)

Pseudo-second order
R2
k2
qe
(g.mg-1hour-1)
(mg.g-1)
-4
126.1
0.995
21.8  10

124.0

3. 7.3.4 Effect of initial chromium concentration on adsorption:
To investigate the effect of initial chromium ion concentration on adsorption, experiments were
conducted with 50 mL solutions having initial chromium concentration varying from 10 to 5,000
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Fig 3.14 Effect of concentration on the sorption of Cr(III) onto CTPP beads (V = 50 ml,
CTPP =50 mg, pH=5 , T=25oC)
mg/L and a fixed mass of 50 mg of adsorbent. Figure 3.13 shows the amount of Cr(III) adsorbed
onto CTPP beads (mg/g) as a function of initial concentration of Cr(III) ions in solution. As
expected, with increase in Cr(III) ion concentration, the adsorption capacity increased and
reached a plateau at still higher concentrations. This is the typical behavior of saturated
adsorption in which the sorption capacity is limited by the availability of active sites on the
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adsorbent. The steep slope at initial Cr(III) concentrations is a desirable feature for the sorption
system and the results indicate that CTPP bead is an efficient sorbent for Cr(III).
3.7.3.5 Sorption isotherm.
Both Langmiur and Freundlich isotherm were applied to the sorption data and found to fit well
for the proposed models (figure 3.15). The calculated model parameters are presented in table
3.5. From the results it can be seen that, the experimental data is best fitted with the Langmuir
model and the maximum adsorption capacity (469.5 mg/g) obtained from Langmuir plot is very
close to the experimentally observed saturation sorption capacity (471.0 mg/g).
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Fig 3.15: Langmuir and Freudlich plot for the sorption of Cr(III) onto CTPP beads.

Table 3.5 Model parameters for the sorption of Cr(III) onto CTPP beads.

Langmuir model
Q(mg/g)
b(L/mg)
R2

469.5
3.4×10-3
0.9898
Freundlich model

KF(mg/g)
n
R2

12.8
2.19
0.9720
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RL values calculated at selected initial Cr(III) concentrations are given in ttable
able 3.7.
3.7 The values
are in the range of 0 < RL < 1, which indicates that the adsorption of chromium (III) on CTPP is
favorable process. The same conclusion can be arrived from the Freundlich constant ‘n’ in which
case a value of n between 1 and 10 indicates the acceptance of the medium as the suitable
adsorbent.
Table 3.6 RL values for the sorption of Cr(III) onto CTPP beads.
Initial Cr(III)
Concentration(C
(Co)
(mg/L)
10.0
50.0
200.0
500.0
2000.0
3000.0
5000.0

Separation factor
(RL)
0.967
0.856
0.597
0.372
0.129
0.090
0.056

3.7.3.6
6 Observation of Cr on CTPP surface by EDS analysis.

Fig 3.16 EDS spectra of CTPP beads taken before and after sorption of the Cr(III)
Cr(II ions.
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Though concentration measurement shows the uptake of Cr(III) on CTPP beads, additionally
EDS spectra of the CTPP beads were taken before and after sorption Cr(III). Figure 3.16(a) and
3.16(b) shows the EDS spectra and the clear peaks corresponding to chromium visible in the
latter, confirms that the metal is getting adsorbed onto the sorbent.
3.7.3.7 Competition of metal ions in binary mixture
Table 3.8 shows the competitive effect of few selected metal ions on the adsorption of Cr(III)
onto CTPP beads. Among the cations studied in competition experiments, Na(I), Mg(II) and
Ca(II) have no significant sorption onto CTPP beads and thus does not affect the sorption of
Cr(III). Interestingly in Fe(III)/Cr(III) binary system, CTPP beads showed almost equal sorption
capacity towards both the metal ions. However adsorption of Fe(III) didn’t affect the sorption
Cr(III) presumably due to the fact that these metal ions are going to different adsorbing sites of
the adsorbent. In presence of Al(III), sorption capacity for Cr(III) is significantly reduced. Al(III)
is a small cation, which effectively compete for the same adsorbing sites on the CTPP beads.
Results of competition experiments shows that CTPP beads are effective in removing Cr(III)
even in presence of other common ions.
Table 3.7 Effects of competing cations on the sorption of Cr(III) onto CTPP beads.

Binary mixture

Metal
ions

Al(III)-Cr(III)

Al(III)
Cr(III)
Fe(III)
Cr(III)
Ca(II)
Cr(III)
Mg(II)
Cr(III)
Na(I)
Cr(III)

Fe(III)-Cr(III)
Ca(II)-Cr(III)
Mg(II)-Cr(III)
Na(I)-Cr(III)

Initial
concentration
(mg/l)
100
100
100
100
100
100
100
100
100
100

Final
concentration
(mg/l)
61.2
81.2
42.7
39.7
89.5
43.1
100.2
53.4
99.3
47.7

Adsorption
capacity
(mg/g)
38.8
18.8
57.3
60.3
10.5
56.9
46.6
52.3
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3.7.3.8 Desorption study for Cr(III) ions
Desorption of the loaded adsorbents is essential for the recovery of the metal ions and reuse of
the adsorbent. Among the two desorption agents used, NaCl is found to be better than EDTA at
all the three concentration studied (table 3.9). For NaCl itself, desorption is found to be more
efficient at higher concentrations. It is also observed that at higher NaCl concentration, the
swelling of the beads are more compared to lower NaCl concentration. Better desorption at
higher NaCl concentrations could be attributed to the easy diffusion of the metal ions from the
bulk of the beads into the desorbing medium due to its higher swelling. Incidentally it should be
noted that the desorption is completed around 72 h, a time scale similar to that required for
reaching the adsorption equilibrium, indicating that both desorption and adsorption are slow
process probably due to the larger size of the beads used in these investigations.
Table 3.8 : Results of the desorption experiments of Cr(III) from loaded CTPP beads

Desorption
time (hrs.)
5
14
24
48
72

0.001 M
EDTA
1.2
1.5
2.4
4.4
6.3

0.01 M
EDTA
1.6
2.0
3.2
5.0
7.4

Percentage recovery (%)
0.1 M
0.001 M
EDTA
NaCl
2.9
1.2
4.9
2.4
6.0
8.4
8.2
20.4
12.5
31.8

0.01 M
NaCl
1.4
3.3
21.1
52.0
97.3

0.1 M
NaCl
2.8
3.9
32.2
81.7
98.7

3.7.4 Identification of metal ion binding sites on CTPP beads
Two potential binding sites in CTPP beads available for adsorption of metal ions is presented in
figure 3.17. Highly cross-linked beads used for the adsorption studies were prepared at pH = 3,
where most of the amine groups are protonated. Ionic cross-linking with tripolyphosphate might
have consumed most of these amino groups, thus not available for binding of metal ions. Thus
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the principal functional groups responsible for metal uptake by CTPP beads might be the
phosphate group. In order to identify the functional groups responsible for the sorption of
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Fig. 3.17 FTIR spectra of CTPP beads before (a) and after (b) sorption.
uranium onto CTPP beads, FTIR spectra of the CTPP beads were recorded after the adsorption
of uranium. Figure 3.18 presents the FTIR spectra of the CTPP beads before and after adsorption
of uranium. Significant decrease in the peak at 1230 cm-1 corresponding to –P=O stretching
vibration in the spectrum after adsorption of uranium indicates that phosphate groups are
affected due to the adsorption process. Though the peak at 1319 cm-1 corresponding to –C-N
stretching vibration is slightly shifted, no significant change is observed in the peak position of
any other major peaks corresponding to either nitrogen or oxygen functional groups[50]. Thus,
from the spectral characterization of the beads, it is evident that phosphate groups are the major
contributor for the adsorption of uranium (binding site I), though it does not preclude some
involvement of the amino groups (binding site II) in the adsorption process. The fact that both
for both U(VI) and Cr(III), higher cross-linked beads having larger phosphate content, shows
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higher sorption capacity also points towards the major role of phosphate group in the sorption
process.
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Fig. 3.18 Proposed sites for metal ions sorption on CTPP beads.
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3. 8 Conclusions
The research presented in this chapter on the sorption of U(VI) and Cr(III) ions onto CTPP beads
shows that this adsorbent is a suitable medium for the sorption of metal ions from aqueous
solution. For the macro-sized beads used in the present studies, the sorption kinetics is observed
to be slow completing in around 72 hours. Pseudo-second order kinetic model could
satisfactorily explain the sorption kinetics for both the metal ions. Application of intra-particle
diffusion model to the kinetics data for U(VI) sorption showed that at intermediate time scale,
intra-particle diffusion is the rate controlling process. Langmuir adsorption isotherm is found to
fit the experimental data showing sorption capacity of 469.5 mg/g and 236.9 mg/g respectively
for Cr(III) and U(VI). Ions of similar charge and size could hamper the sorption of target
pollutants such as the interference from Al(III) in case sorption of Cr(III). Thus CTPP sorbent is
not highly selective, but the sorption of trivalent target like Cr(III) is found to be not affected by t
ions such as Na(I), Ca(II) and Mg(II). This proves that the sorbent is an effective decontaminant
for toxic elements even in presence of many common metal ions. Added phosphate moieties are
found to be the principal sorption sites on the sorbent. Metal recovery subsequent to the sorption
is possible using NaCl solution.
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Chapter 4

Sorption of metal ions on Humic Acid
coated Chitosan Tripolyphosphate
(HA-CTPP) beads

4.1 Introduction
Humic materials formed by the degradation of biomaterials are one of the biggest pool of carbon
on earth [57].. Its role in speciation, bioavailability, transport and sequestration of various organic
and inorganic pollutants in aquatic and terrestrial environment is well understood [58]. The
ability of humic materials to complex with metal ions is primarily attributed
attributed to the abundant
–COOH and –OH
OH groups present in these macromolecules. A hypothetical model of humic
molecule is presented in figure 4.1.
4.1 The artifact that humic materials can strongly bind heavy

Fig. 4.1: Model of humic molecule (Stevenson [30])
metals and radionuclide have been the subject of many investigations, with the aim of
developing suitable technology utilizing these materials for treatment of contaminated water
[59]. Humic acid (HA) which is operationally defined as the fraction of the humic materials
which is water soluble above pH > 2 is the prime candidate in these investigations, principally
due to the high abundance of this fraction relative to others. In addition to its pri
pristine form,
humic acid in several physico-chemical
chemical modifications such as insoluble solid [60
60], immobilized
on silica [61] and as a composite with various polymers [62] have been tested for removal of
various metals. Few attempts were also reported on the use
use of HA as a polymeric macromolecule
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in the separation of metal ions using polyelectrolyte flocculation [63] and polymer enhanced
ultra-filtration [64]. Membrane fouling could be a serious bottle-neck in the scaling up of HA
based ultra-filtration process [65], whereas the immobilization of HA onto various supports
needs multi-step chemical treatment, often resulting in overall poor loading of HA onto the
immobilizing medium [66]. It is also reported that insoluble humic acid (IHA) obtained by heat
treatment have significantly lower sorption capacity than pristine HA due to thermal
decomposition of its metal binding functional groups during the heat treatment[67]. Hence it is
desirable to develop new immobilization technique for HA on different substrates, without
significantly undermining its inherent sorption capacity.
Herein HA immobilization onto chitosan beads were achieved by dipping wet chitosan beads in
HA solution at alkaline pH. The newly prepared sorbent is tested for its sorption properties for
U(VI) and Pb(II) ions as model contaminant metal ions. In this context, it should be noted that
few attempts have been reported on the use of HA from various origin for the removal of U(VI)
and Pb(II) from aqueous solution, but with some notable drawbacks with respect to solid/liquid
separation and sorption capacity. Use of HA gel [68] and IHA powder [69] as an adsorbent for
Pb(II) required extensive separation of the adsorbent, once the equilibrium is reached. Though
Seki et al. [70] studied the adsorption of Pb(II) onto HA immobilized on calcium alginate beads,
the sorption kinetics was found to be significantly slow for practical application. Wie et al have
studied the sorption of uranium onto soil derived humic acid[71], but solubility of HA at pH
higher than 2.5 is found to be a serious limitation in using unmodified humic acid for the
sorption applications. The study of Li et al [72] showed excellent sorption capacity for U(VI) on
HA but no mention was made on the stability of the sorbent under various experimental
conditions. This prompted to look for new and simple method for immobilization of HA for
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sorbent preparation. In comparison to the earlier published studies, the immobilization procedure
reported here is simple and efficient for preparation of a stable solid HA based sorbent for toxic
metal ion removal.
4.2 Materials and methods.
4.2.1 Materials
Chitosan (medium molecular weight), sodium trypolyphosphate (STPP), (Na5P3O10) and humic
acid (technical grade) were purchased from Aldrich chemical company, USA. UO2.(NO3)2.6H2O
was procured form E.Merck Germany. Pb(NO3)2 (AAS standard) as 1000 mg/l solution in 0.5 M
HNO3 was procured from Merck (India) Limited. All other chemical used in the experiments
were of analytical reagent grade. Deionized water used for all experiments was obtained from
Milli-Q (Millipore Corporation, USA) water purification system.
4.2.2 Preparation of CTPP beads
Wet chitosan beads were prepared at the original pH of the trypolyphosphate solution (pH=8.6)
by ionic cross-linking of chitosan and STPP as presented in Chapter 3. The beads were cured for
12 hours, separated by filtration, washed four times with deionized water and used for the
preparation of HA coated CTPP beads.
4.2.3 Preparation of H A-CTPP beads.
Efficiency of coating of HA onto mineral and organic surfaces could significantly vary with pH
of the solution in which the coating is carried out. In order to identify the suitable pH for
efficient coating, preliminary batch experiments were conducted with 100 ml of solution
containing 1g of humic acid each and 10 g of wet CTPP beads. pH=3 to 11 were employed in
these experiments. After eight hours of equilibration, concentration of free humic acid in
solution is measured using absorbance spectroscopy. HA coated CTPP beads for absorbance
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studies were prepared by placing 100 g of wet CTPP beads in 500 mL of humic acid solution
containing 5 g of humic acid at pH=10. The beads were stirred in HA solution for 12 hours,
filtered and washed five times in distilled water, before drying at 50oC in air oven. Concentration
of the unused humic acid in the solution was estimated using absorbance spectroscopy. From the
total weight of the dried HA-CTPP beads and the total HA consumed in the preparation process,
it is estimated that the composition of HA in the final dried beads is 43% (w/w).
4.3 Characterization of HA-CTPP beads.
Characterisation of the beads were carried out by SEM and FTIR spectroscopy. Swelling studies
of the CTPP and HA-CTPP beads were carried out by equilibrating the beads at selected pH in
deionized water for 24 hours. After equilibration the beads were separated, excess water was
removed using tissue paper and the final weight is obtained. Swelling capacity of the beads was
calculated using the expression:

W f  Wi 
SP  
  100
W
i



(4.1)

where Wf is the weight of the beads after equilibration with water for 24 hours and Wi is the
original weight of the dried beads.
In-order to estimate the stability of HA-CTPP beads in aqueous solution, 100 mg of dried
HA-CTPP beads were equilibrated in 100 mL of water after adjusting the initial pH in the range
of 1-8 using dilute NaOH or HCl. After 24 hours of equilibration, HA released from the beads to
the aqueous medium were measured by absorption measurement at 400 nm.
4.4 Sorption of Metal ions on CTPP and HA-CTPP beads.
Sorption studies with Pb(II) ions were carried out in 100 mL Erlenmeyer flask at 250 rpm using
a horizontal orbital shaker. In case of U(VI), experiments were conducted using 10 mL solution
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in 15 mL polypropylene (Laxbro) vials. Required quantity of sorbent and solution containing
metal ions was added and the pH is adjusted using dilute HNO3/NaOH in case of Pb(II) and
HNO3/ Na2CO3 in case of U(VI). Uranium concentrations measurement was carried out using
233

U tracer. For this, required quantity of

233

U was added to each experimental solutions, before

the adjustment of pH and addition of sorbent, so as to get an initial count rate of ~8000 cpm/ml
for the reaction mixture. Temperature during the adsorption experiments were controlled at 25 
0.5 oC. After fixed time of equilibration, concentration of the dissolved metal ions were
measured by using ICP-AES in case of Pb(II) ions and ZnS(Ag) scintillation counter in case of
U(VI) ions. The amount of metal ions sorbed onto the bead at time t, was calculated using the
expression:

qt 

c0  ct 
w

V

(4.1)

where, qt (mg/g) is the quantity of metal ions adsorbed onto the bead at time t (hrs), C0
(mg/l )and C t (mg/l) are the initial concentration and equilibrium concentration at time ‘t’ of
the metal ion, ‘V’ is the volume of the solution(L) and ‘w’ is the mass of the dried beads (g) used
in the experiment. Kinetic experiments for both the metal ions were conducted with 100 ml
solution in borosilicate glass apparatus and at a shaking speed of 400 rpm.
4.5 Results and discussions.
4.5.1 Effect of pH on HA loading onto CTPP beads.
Humic acid sorption onto chitosan derivatives was found to be a highly dependent on the pH of
the solution used for the sorption process. Previous studies on sorption of humic substances on
chitosan based sorbents shows that the sorption capacity decreases above pH=3- 4 [73-75].
Deprotonation of the amino groups on chitosan and ionization of acidic groups on HA were cited
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as the reasons for lower sorption at higher pH. The result obtained for the sorption of HA on
CTPP beads obtained in this study is different from those previous reports. Figure 4.2 shows that
the HA loading onto CTPP beads increase up to pH=4 and remains almost constant thereafter
for higher pH. The different result obtained here could be ascribed to two reasons. Earlier
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Fig 4.2 Variation in the loading of HA onto CTPP as a function of solution pH (V= 100 ml,
CTPP (wet) = 10 g, HA= 1g).
attempts were to remove HA from water at environmental concentrations and thus used
significantly lower initial HA concentrations in equilibrium studies. At those lower HA
concentrations, HA may be present in a different three dimensional structure than that of high
HA concentrations used in the present case, which lead to the significant difference in loading
onto the adsorbent [76]. Alternatively this difference also could be due to the inherent difference
in the sorption property of the adsorbent itself. Interestingly, it should be noted that very high
sorption capacity for HA (377mg/g) was reported using another ionic cross-linked chitosan
derivative, chitosan-H2SO4 beads [77]. At alkaline pH used in the present preparation, due to the
ionization of its carboxylic and phenolic functional groups, HA is expected to be present as
negatively charged species. Similarly the phosphate group is also expected to be ionized whereas
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the original amino groups of chitosan in CTPP are expected to be neutral. Since both adsorbent
and adsorbate carries a net negative charge, HA coating onto CTPP beads cannot be assigned to
ionic bond formation. Most probably other mechanism such as van der Waals interaction and
other electrostatic forces such as hydrogen bonding may be responsible for the deposition of HA
onto CTPP beads.
4.5.2 Formation of HA-CTPP beads
Digital photograph of CTPP and HA-CTPP beads are presented in figure 4.2. Both CTPP and
HA-CTPP beads were nearly spherical in shape with average size of 500 M. Dried CTPP beads
were hard and slightly yellowish in color. Dark color of HA-CTPP beads in comparison to
yellowish-white CTPP beads clearly indicates the incorporation of HA onto CTPP beads.

Fig. 4.3 Digital photograph of CTPP and HA-CTPP beads
A visual observation of the HA-CTPP beads, after smooth cutting, showed dark color penetrating
into the beads indicating that HA is not just surface adsorbed alone, but diffuse into the bulk of
the CTPP beads. Similar diffusion of HA into the bulk of calcium alginate beads were earlier
reported by Pandey et al [78] using fluorescence intensity measurements.
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4.5.3 SEM images of the CTPP and HA-CTPP beads

(a)

CTPP

(b)HA-CTPP

(c) CTPP
(d) HA-CTPP
Fig 4.4 SEM images of CTPP (a & c) and HA-CTPP (b & d) beads
SEM images of the beads are presented in figure. 4.3. The CTPP bead surface is seen to be
relatively smooth (figure 4.3 a), in comparison to that of HA-CTPP bead (figure 4.3 b). At higher
resolution, it is clearly evident that surface of HA coated bead (figure 4.3d ) is relatively highly
porous in comparison to that of bare CTPP beads (figure 4.3 c).
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4.5.4 FTIR spectra of CTPP and HA-CTPP beads
Though the incorporation of HA into the CTPP beads was visually observable, further
characterization of the beads were done using FTIR spectroscopy. Spectra of CTPP and HACTPP beads are shown in figure 4.4. The peaks at 1461.8 cm-1 which can be assigned to
the
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Fig 4.5 FTIR spectra of CTPP(a) and HA-CTPP(b) beads
phenolic groups of the original HA is present in HA-CTPP beads also, showing clear indication
of the incorporation of HA onto HA-CTPP beads. No peaks around 1720 cm-1 corresponding to
C=O stretching of the –COOH groups, typically observed in the spectrum of HA samples, were
visible in the spectrum of HA-CTPP specimen, and probably this characteristic peak might have
been masked by the broad shoulder observed in the wavelength range 1640 cm-1 – 1840 cm-1.
Comparison of the two spectra shows that there is a shift in the position of individual peaks
and/or appearance of new peaks due to the incorporation of HA onto CTPP beads. But the
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differences are not strong enough to assign a specific type of chemical bonding between HA and
chitosan molecules
4.5 .5 Swelling capacities of CTPP and HA-CTPP beads
Swelling percentage of the two beads as a function of pH is present in figure 4.5. At any given
pH, HA-CTPP beads have less swelling compared to CTPP beads. This is due to the
complimentary pH dependant solubility properties of humic acid and chitosan. At lower pH, HA
is sparingly soluble and thus acts as a protective layer whereas at higher pH, CTPP itself have
less solubility. Less swelling of HA-CTPP beads in aqueous solution indicates that the beads can
be equilibrated for extended period of time and thus practically more suitable for the adsorption
purposes than CTPP beads.
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Fig. 4.6: Swelling capacity of CTPP and HA-CTPP beads ( 24 h equilibration)
4.5.6 Stability of HA-CTPP beads
For practical application of the beads, the stability of the beads in solution is very important.
Stability of the HA coating in aqueous medium as a function of pH of the equilibrating medium
is presented in figure 4.6. If total HA was eluted out of the beads the final HA concentration
expected in the mixture is 430 mg/L. In experiments with pH < 3, concentration of HA in the
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final solution was below the detection limit. The dissolution of HA from HA-CTPP beads is
found to increase with increase in pH. However, at pH=8 (the highest pH studied) too, the
leaching of HA in 24 hours is found to be less than 10%, indicating that the beads can be
utilized for the adsorption applications. Despite the absence of specific chemical bond formation,
the stability of the beads is surprising and most likely due to conformational reasons. Difficulties
in re-dissolution of air dried humic acid has been reported earlier [79] and is ascribed to the
irreversible conformational changes taking place upon drying of HA.
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Fig. 4.7 Stability of HA-CTPP beads (V=100 ml, HA-CTPP =100 mg, 24 h equilibration)
4.6 Sorption studies
4.6.1 Sorption of U(VI) on HA-CTPP beads
4.6.1.1 Effect of pH on the sorption of U(VI) on HA- CTPP beads.
Effect of pH on the sorption of U(VI) on HA-CTPP beads were studied in the pH range pH=1-8.
Figure 4.8 shows the effect of solution pH on the sorption capacity. Sorption capacity is
observed to be maximum at pH=5. At lower pH, the acidic groups on HA are not ionized which
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prevents the uptake of positively charged UO22+. With increasing pH, more sorbent sites are
getting ionized resulting in increased uptake. Above pH=5, uranium itself is present as anionic
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Fig. 4.8 Effect of pH on the sorption of U(VI) onto HA-CTPP beads (V=10 ml, U(VI) = 400
mg/l, HA-CTPP = 50 mg, T= 25oC)
complexes [52,53] which results in reduction of uptake by the sorbent. Further experiments, for
elucidating the sorption characteristics were conducted at the optimum solution pH=5.
4.6. 1.2 Effect of contact time on the sorption of U(VI) on HA-CTPP beads.
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Fig 4.9 Effect of contact time on the sorption of uranium on humic acid coated CTPP beads
(V= 100 ml, HA-CTPP= 50 mg, U(VI)= 400 ppm, pH=5, T=25 oC).
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Effect of contact time on the sorption of U(VI) on HA-CTPP beads is presented in figure 4.9.
From the figure it can be seen that it takes around ~10 hours to reach the equilibrium sorption
capacity. This sorption kinetics is faster than that of CTPP beads, but significantly slower in
comparison to that reported for solid HA [72]. It is seen that HA is present not on the surface
alone and it takes longer time for such sites in the interior of the bead to be saturated by the metal
ion, resulting in overall slow kinetics for sorption process.
4.6. 1.3 Adsorption kinetics
Both pseudo-first order and pseudo-second order kinetic models were applied to the
experimental data of sorption of U(VI) on to HA-CTPP beads. Figure 4.10 represents the model
plots for the kinetic data. The model parameters are present in table 4.1. From the results, it can
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Fig. 4.10 Pseudo-first order and Pseudo-second order kinetic model fits of sorption of
uranium onto HA-CTPP beads.
be seen that though both the models are applicable, pseudo-second order model is more
appropriate to describe the results, indicating that chemisorption is the underlying mechanism
and site availability is the limiting factor controlling the sorption kinetics.
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Table 4.1: Kinetic parameters for the sorption of U(VI) on HA-CTPP beads
Pseudo-first order
k1

Pseudo-second order

qe

0.363

k2

qe
-2

57.53

0.6 x 10

75.35

4.6.1.4 Effect of concentration and Langmuir isotherm
Effect of initial U(VI) concentration on the sorption of U(VI) onto HA-CTPP beads were studied
using uranium solutions with initial concentrations ranging from 10mg/l to 100 mg/l. The result
is presented in figure 4.11(a). The adsorption data was analysed using Langmuir and Freundlich
isotherm models. The latter is found fit the experimental data well (r2 = 0.979) giving a sorption
capacity of 71.4 mg/g, whereas Freundlich model gave only very poor fit. Previous studies
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Fig. 4.11 Effect of concentration and Langmuir isotherm plot for the sorption of U(VI)
onto HA-CTPP beads (V =100 ml, HA-CTPP= 50 mg, pH=5, T=25oC).
reported a sorption capacity of 190 mg/g for uranium for humic acid extracted from five meter
depth soil [71]. HA-CTPP contains only 43% HA (wt/wt). Even if discounted for this, the
sorption capacity is lower than that for pristine HA reported in literature. Thus it could be
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concluded that in case of U(VI),

the sorption capacity is significantly deteriorate by the

immobilization process.
4.6.2 Sorption of Pb(II) ions on HA-CTPP beads
4.6.2.1 Effect of pH on the sorption of Pb(II) ions onto HA-CTPP beads
Adsorption of Pb(II) ions onto CTPP and HA-CTPP beads were investigated as a function of the
solution pH using initial metal ion concentration as 200 mg /L and at fixed pHs in the range
pH=1 to 5. No experiments were conducted for pH higher than five, due to the potential for
precipitation of Pb(II) ions from solution [80]. The experimental results (figure 4.13) shows that
at any given pH, HA-CTPP beads have significantly higher sorption capacity than CTPP beads,
which could be assigned to the additional sorption sites provided by the HA. Dependence of
sorption on pH was different for CTPP and HA-CTPP beads. For CTPP beads, the sorption
capacity increased with increase in pH. For Pb(II) ions sorption onto CTPP beads, similar pH
dependence was earlier reported by Ngah and Fatinathan [82]. The lower sorption capacity at
low pH could be due to protonated amino and/or phosphate groups on the adsorbent repelling the
positively charged metal ions. In contrast, the sorption capacity of HA-CTPP beads shows a
maximum at pH=3 and thereafter reduced once again. Previous works on metal ion sorption onto
HA derivatives reported continuous increase in sorption capacity with increase in pH, which is
ascribed to increased ionization of HA at higher pH [81]. One would expect the same behavior in
the present case too, where it is evident that HA is primarily responsible for the metal uptake.
For both chitosan and HA, the adsorption is found to increase with increase in pH [82] and thus
the reduction in Pb(II) adsorption for the HA-CTPP beads at higher pH’s cannot be assigned to
the electrostatic interactions between the metal ions and adsorbent. One possible explanation is
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Fig. 4.12 Effect of pH on the sorption of Pb(II) ions onto CTPP (■) and HA-CTPP ( ●)
beads ( HA-CTPP = 100 mg, Pb(II) = 200 mg/l, V=100 ml, T= 25oC)

that, due to the reduced swelling of the beads at higher pH, many of the active functional groups
of HA are not available for sorption of the metal ions. Cross section of the wet HA-CTPP beads
showed that HA is diffused in to the bulk of the beads also, which could be inaccessible for the
bulky Pb(II) ions at higher pH. Higher sorption capacity of HA-CTPP beads in comparison to
CTPP beads at all pH showed that the former is a better adsorbent for sorption of Pb(II) ions
from aqueous media and thus further investigations were limited to HA-CTPP beads .
4.6.2.2 Kinetics of Pb(II) ions onto CH-TPP beads.
To understand the effect of contact time on Pb(II) adsorption onto HA-CTPP beads, experiments
were conducted with 100 mL solution having 200 mg/L of Pb(II) ions and 100 mg of adsorbent.
100 L of the sample were sampled at various intervals to estimate the concentration of
dissolved Pb(II) as a function of equilibration time. Figure 7(a) shows that the adsorption process
is rapid, reaching the equilibrium in ~ 6 hours. The equilibration time for adsorption of Pb(II)
onto HA-CTPP beads are higher than that reported for sorption of Pb(II) onto CTPP beads [82]
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and HA immobilized on rectorite [83], possibly due to large size of macro sized beads used in
the present investigation. Pseudo-first order, pseudo-second order and intra-particle diffusion
models were applied to analyze the experimentally observed kinetic data. Among the three tested
models, pseudo-second order model is found to fit the experimental data than other
kinetic
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Fig. 4.13: Effect of contact time and pseudo- second order plot of the kinetics data for the
sorption of Pb(II) ions onto HA-CTPPP beads (V=100 ml, HA-CTPP =100 mg, Pb(II)= 200
mg, T=25oC)
models (figure 4.13b). The model showed high correlation coefficient (r2 =0.999) and give
equilibrium sorption capacity (173.9 mg/g) close to that of the experimentally observed sorption
capacity (168.8 mg/g).
4.6.2.3 Effect of Pb(II) ion concentration and adsorption isotherm.
For investigating the effect of Pb(II) ions concentration on the sorption of Pb(II) onto HA-CTPP
beads, experiments were conducted with 100 mL solutions having initial Pb(II) concentration
varying from 50 mg/L to 800 mg/L and a fixed mass of 100 mg of adsorbent. Optimum pH=3
were employed for the isotherm experiments. Figure 4.14 (a) shows the amount of Pb(II) ions
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adsorbed at equilibrium verses the initial concentrations. The adsorption curve shows the typical
behavior of saturated adsorption, where the entire sorption sites are consumed at higher metal ion
concentration and adsorption capacity reaches the limiting value. The steep slope at initial stage
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Fig. 4.14 Effect of initial concentration and the Langmuir isotherm plot for the sorption of

Pb(II) ions onto HA-CTPP beads (HA-CTPP= 100 mg, Pb(II) ions = 200 mg/l, V= 100 ml,
T= 25 oC).
in the adsorption curve is a desirable feature of the sorption system and the results indicates that
HA-CTPP bead is an efficient adsorbent for Pb(II), even at lower concentration of metal ions.
Adsorption data were further analyzed using Langmiur and Freundlich isotherm models. The
model parameters obtained by applying both Langmuir and Freundlich model to the
experimental data are given in table 4.2. From better correlation coefficient ( r2 = 0.998) and the
fact that the equilibrium adsorption capacity (Q) obtained from Langmiur model (223 mg/g) is
close to the experimentally observed saturation capacity (215 mg/g), it can be concluded that the
monolayer Langmuir adsorption isotherm is more suitable to explain the sorption of Pb(II) ions
onto HA-CTPP beads.
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Table 4.2 Model parameters for the sorption of Pb(II) ions onto HA-CTPP beads
Langmiur
Q (mg/g)

223.7

b (L/mg)

0.029

R

2

0.998
Freundlich

k F (mg/g)

40.4

n

3.72

R

2

0.963

4.6.2.4 Characterization of Pb(II) loaded HA-CTPP beads.
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Fig. 4.15: FTIR spectra of bare (a) and Pb(II) ions loaded HA-CTPP (b) beads.

FTIR spectra of the bare and Pb(II) ions loaded HA-CTPP beads is present in figure 4.15
Comparison of the two spectra shows that no additional peaks are present in the spectra of Pb(II)
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ions loaded material, while broad difference can be observed between the two spectra. This
indicates that chemical forces are involved in the sorption process, though specific functional
groups responsible for the uptake cannot be identified using this technique. Comparison of EDS
spectra of the bare (spectrum1) and Pb(II) ions loaded HA-CTPP beads (spectrum 2), presented
in figure 4.16, shows the presence of lead on the latter surface and is a direct evidence for the
uptake of Pb(II) ions by HA-CTPP beads.

Fig. 4.16: EDS spectra of HA-CTPP beads before after sorption of Pb(II) ions

4.6.2.5 Comparison sorption capacity of HA based sorbents for Pb(II) ions.
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Reported sorption capacities for humic acid based adsorbents for Pb(II) ions from aqueous media
is presented in table 4.3. Adsorption capacity of HA-CTPP beads reported here is significantly
higher than most other solid or insoluble HA reported in literature. In comparison to HA gel,
HA-CTPP beads shows slightly lower sorption capacity. As shown previously in figure 4.12, at
pH=3, bare CTPP beads shows nearly 20 percent of the adsorption capacity of HA-CTPP beads.
This indicates that the sorption of Pb(II) ions onto HA-CTPP beads can be largely assigned to
HA present in the HA-CTPP beads. Taking into account the fact that only less than fifty
percentage of HA is present in HA-CTPP beads, it can be concluded that the metal uptake
capacity of HA in HA-CTPP beads is comparable to that of HA gel reported by Coles and Young
[70]. After completion of equilibrium, solid-liquid separation can be easily achieved by the use
of macro-sized HA-CTPP beads instead of HA-gel and HA powder and thus is a significant
advantage in designing HA based industrial separation process.

Table 4.3 Reported sorption capacity for Pb(II) ions by various HA based sorbents

Adsorbent material

Isotherm model

pH

applied

Adsorption

Reference

capacity (mg/g)

SiO2-HA

E

7

34.65

84

HA-Rectorite

L

5.3

34.96

83

HA gel

L

1-4

353.6

85

HA gel

E

4

455.5

86

IHA

L

4

33.2

68

HA-gel

E

5

382.7

69

HA-gel/solid HA

E

1.5-5.4

220-262

87

HA-CTPP beads

L

3

223

composite

present work

( E- Experimental; L – Langmuir isotherm model)
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4. 9 Conclusions:
A new adsorbent, humic acid coated chitosan tripolyphosphate (HA-CTPP) beads was prepared
by loading HA onto wet CTPP beads in aqueous alkaline medium. This method gives high
loading of HA onto CTPP in comparison to previous reports of HA sorption onto modified
chitosan derivatives. The HA content of the resultant adsorbent was 43% HA (wt/wt). HA-CTPP
beads were more stable than CTPP at all pH and showed significantly low swelling capacity than
CTPP beads. Potential of HA leaching from the solid is found to be limited; < 10% even at pH=8
for twenty four hours equilibration. The new sorbent is studied for its sorption characteristics
towards the toxic metal ions U(VI) and Pb(II). pH=5 and 3 were found to be the optimum
solution conditions for the sorption of U(VI) and Pb(II) respectively onto HA-CTPP beads. The
kinetics of sorption is found to depend on the nature of metal ions; U(VI) sorption saturating in
~10 hours while Pb(II) in ~6 hours of equilibration. In both cases the kinetics could be fitted into
the pseudo-second order kinetic model. The new immobilization process resulted in reduction of
sorption capacity of HA for U(VI). But for Pb(II) ions, the sorption capacity is found to be
comparable with that of other HA based sorbents. Langmuir isotherm model is found to fit the
experimental sorption data resulting in sorption capacity of 71.4 mg/g

and 223.7 mg/g

respectively for U(VI) and Pb(II). In nutshell, the study presented in this chapter proves that the
new solid humic acid based sorbent reported here can be utilized as a medium for the removal of
toxic metal ions from contaminated water.
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Chapter 5

Sorption of uranium on magnetite and
Humic Acid coated magnetite (HAmagnetite) nanoparticles

5.1 Introduction
Nanomaterials has found applications in wide areas of technology such as medicine, sensing,
electronics and environmental remediation [88,89]. Nanomaterials have properties, sometimes
far different from their bulk counterparts due to the high surface area and surface reactivity. This
lead to the proposal, that they could be used as highly efficient adsorbents for the toxic materials
including heavy metals [90-92]. Among the various nanomaterials used for toxic metal sorption,
magnetic nanoparticles such as iron oxides are of special relevance due the ease of solid-liquid
separation it offers, in contrast to other non-magnetic nanomaterials [93,94]. Apart from this
technical use, since iron oxide nanoaprticles are ubiquitous in the environment, from a
fundamental perspective also it is important to understand the interaction of them with various
metal ions. For example it is known that iron oxides play a major role in the sorption and red-ox
behavior of various contaminant metal ions in the environment [95-97]. Due to this significance,
herein a study is carried out on the sorption of uranium on magnetite nanoparticles. The
selection of magnetite nanoparticle as sorbent was based on two compelling reasons: a) among
the various iron bearing nanoparticles reported for metal ion sorption, magnetite is the foremost
choice in most cases and b) in environment, they could form as a corrosion product of steel and
as a metabolic product of bacterial respiration [98,99]. It should be noted that many studies have
been reported previously on the sorption of uranium on magnetite and on their red-ox behavior
[100-105]. However most of them were dealing with anoxic conditions relevant to deep
geological disposal, necessitating

further studies on this system, for both to develop it as a

useful separation medium and to better understand the environmental process involving
magnetite and uranium. In addition to bare magnetite, in this thesis, humic acid coated magnetite
is also subjected to uranium sorption studies, due to its relative merits as an adsorbent reported in
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the literature [106,107], and the fact that natural organic matter coated magnetite may be more
probable in natural environment than naked one. It has been found that the sorption properties of
metal ions on humic acid coated magnetite are different from that of bare magnetite [108-110],
though no studies pertaining to uranium is yet reported.

Thus this study is an attempt to

understand the sorption behavior of uranium on laboratory prepared bare and humic acid coated
magnetite nanoparticles.
5.2 Adsorbent preparation and characterization.
5.2.1 Preparation of adsorbent.
Preparation of magnetite nanoparticle was carried out using an aqueous precipitation method
following Fuliu et al. [108]. 6.1g FeCl3. 6H2O and 4.2 g FeSO4. 7H2O were dissolved in 100 ml
water and heated to 90 oC. Then 100 mL of ammonia solution (30%) was added followed by 100
ml aqueous solution containing 1g of humic acid sodium salt. A black precipitate was formed
and the stirring continued for 30 minute at 90 oC. The precipitate was cooled, filtered, and
washed several times with nanopure water till no colour of HA is present in the washings.
Finally the adsorbent is dried in air oven at 60 oC. Bare magnetite nanoparticle is prepared by
utilizing similar procedure, but in absence of humic acid.
5.2.2 Characterization of the adsorbent.
Characterization of the product was carried out by FTIR spectroscopy, Powder X-ray diffraction
analysis (XRD), X-ray photoelectron spectroscopy (XPS), zeta potential measurements and BET
surface area analysis. The amount of humic acid present on HA-magnetite was determined using
Euro-glass TOC analyser.
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5.3 Batch equilibration studies.

Batch equilibration experiments were conducted in 15 mL polypropylene (Laxbro make) screw
capped vials. pH of the U(VI) solution were adjusted using dilute Na2CO3/HNO3 before the
addition of the nanoparticles. In all experiments 233U spike were added to get an initial count rate
of ~ 6000 cpm/ml of the solution. Equilibration was carried out in a temperature controlled
incubating shaker at 25oC with agitation speed of 250 rpm. After equilibration, nanoparticles
were separated using a handheld magnet and the adsorbent free liquid was counted for alpha

Fig 5.1 Solid-liquid separation using an external magnet
activity, to estimate the dissolved uranium concentration. Counting is done using 2 ml samples
in stainless steel planchets, after firing on Bunsen burner. Amount of adsorbed uranium was
estimated from the difference between the initial and final count rate of the sample. For
experiments with Ammonium Di-Uranate (ADU) supernatant sample, 10 mL of the original
sample was spiked with 233U, equilibrated for two days and centrifuged (10000g, 10min) before
using in the sorption experiments. Original pH of the ADU supernatant was 8.1 and no further
adjustments were done before the sorption experiments.
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5.4 Results and Discussion
5.4.1 Characterization of nanoparticles

The FTIR spectra of magnetite, HA and HA-magnetite
HA magnetite are presented in figure 5.2. The
incorporation of HA on magnetite can be seen from the presence of peaks at at 1737 cm-1
(corresponding to CO stretching of carboxylic or ketones),

1387 cm-1

(corresponding
(correspondin to

phenolic O-H or aliphatic C-H
H ) and 2925 and 2851 cm-1 (corresponding to aliphatic C-H
C
starching) [30].. Additionally it can be seen that the carboxylic peak of HA is shifted from 1708
cm-1 to 1737 cm-1 indicating chemical interaction with magnetite and HA.

Fig. 5.2 FTIR spectra of bare magnetite (a), humic acid (b) and HA-coated
coated magnetite (c).

300

250

magnetite
HA-magnetite

counts

200

150

100

50

0
10

20

30

40

50

60

2 Theta (degree)

Fig 5.3 XRD of bare and HA coated magnetite.
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Figure 5.3 shows the XRD pattern of synthesized products and fit very well with those expected
for magnetite [111]. No peaks confirming to other mineral phase were found in the recorded
spectrum. HA-magnetite also presented the same peaks as in bare magnetite, showing that the
presence of HA is not affecting its crystalline structure of magnetite. But all peaks were broader
than that of bare magnetite due to the presence of amorphous humic acid coating over the
nanoparticle. Magnetite and another iron oxide, maghemite (-Fe2O3) have similar XRD pattern
and thus XPS were used to confirm that the product is magnetite and not the fully oxidized
maghemite. Figure 5.4(a) shows the full range (0 – 1000 eV) XPS spectrum of the synthesized
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Fig 5.4 XPS spectra (a) and deconvoluted Fe2p peak (b) of bare magnetite.
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nanoparticle. The peaks at 284.6 eV, 530.1 eV, and 739.9 eV correspond to C1s, O1s and OAuger binding energies. The Fe2p peak was deconvoluted into individual peaks corresponding to
Fe 2p3/2, Fe 2p1/2 components using Gaussian peak fitting algorithm. The two peaks at 710.6 eV
and 723.9 eV corresponds to Fe 2p3/2 and Fe2p1/2 respectively and matching well with the
previously reported values [112] (figure 5.4b). From the deconvolution of Fe 2p3/2 peak into
Fe(II) and Fe(III) components, Fe(II)/Fe(III) ratio in the synthesized sample was estimated as
0.58.
Zeta potential of the magnetite and humic acid coated magnetite nanoparticls were measured in
the pH range 1-10. The result is presented in figure. 5.5. Charge reversal in case of HAmagnetite occurs around pH=2.5, whereas for magnetite it is at pH=6.8. Studies on the
dissociation behavior of carboxylic groups on Aldrich HA by various researchers found that that
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Fig. 5.5 Zeta potential of bare and HA coated magnetite as a function of pH.
the dissociation begins just above pH=2 [113] and this is the reason for the net negative charge
on HA-magnetite at lower pH in comparison to naked magnetite. For the latter, the negative
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charge formation on surface is only due to the ionization of surface hydroxyl groups. BET
surface area analysis shows that HA
HA–magnetite surface area (99 m2/g) is significantly larger tthan

Fig 5.6 SEM
M image of magnetite nanoparticle and HA-magnetite
magnetite nanoparticle
that of bare magnetite (59 m2/g). SEM images of magnetite and HA-magnetite
magnetite is shown in
figure 5.6 . Though extensive aggregation is observed in both cases, HA-magnetite
magnetite is found to be
more porous than bare magnetite which could be the reason for the large surface area observed
for the latter. By indirect means, less aggregation of HA
HA-magnetite
magnetite in comparison to bare
magnetite was reported earlier by Fuliu et al [108]. In present case, different surface morphology
is observed for bare magnetite and HA-magnetite nanoparticles.
5.4.2 Sorption of uranium on magnetite nanoparticles.
5.4.2.1 Effect of pH and ionic strength on uranium sorption onto magnetite nanoparticles
To find out the optimum pH for the sorption of uranium on magnetite, experiments were
conducted by varying the pH from 4
4-9
9 while keeping all other experimental parameters constant.
The result (figure 5.7a)) indicates that the sorpti
sorption is maximum at around pH = 7 and decreases
both in acidic and alkaline medium. Speciation calculations of U(VI) in presence of carbonate
[52,53] indicate that in neutral to alkaline medium, uranium is present in the anionic form by
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complexation with carbonate and hydroxyl anions and present as positively charged species at
lower pHs. Below the isoelectric point (pH= 6.8) magnetite surface is positively charged and the
surface charge is higher at lower pH. Thus at acidic pH, due to the positive charge on the

8

6.0

7

(a)

(b)
5.5

U adsorbed (mg/g)

U adsorbed (mg/g)

6
5
4
3
2

5.0

4.5

1
0
4

5

6

7

pH

8

9

4.0
0.00

0.05

0.10

0.15

0.20

Ionic strength (mol/l)

Fig. 5.7 Effect of pH (a) and ionic strength (b) on the sorption of uranium on magnetite
nanoparticle (equilibration time = 6h, T=25 oC)
magnetite surface and metal ion, sorption is unfavorable. Similarly above pH=6.9, the surface of
the nanoparticle becomes increasingly negatively charged and uranium is also present as anionic
species, leading to the decrease in sorption percentage. To understand the effect of electrolyte on
the sorption of uranium on magnetite nanoparticles, experiments were conducted by varying the
ionic strength from 0.01 to 0.2 mol/l by addition of NaClO4. From the result (figure 5.7b) it can
be inferred that ionic strength has only limited effect on the sorption process. From the apparent
independence of sorption on the electrolyte concentration it might be inferred that weak
electrostatic effects govern the sorption process. The maximum sorption capacity at the
experimental pH corresponding to the isoelectric point of the nanoparticle also confirms that
factors other than electrostatic interaction contribute to the sorption process.
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5.4.2.2 Effect of contact time on sorption of uranium on magnetite nanoparticles
Figure 5.8 presents the sorption of uranium on magnetite nanoparticles as a function of contact
time. From the figure it can be seen that the sorption process has two distinctive phases, initial
fast process completing in approximately four hours followed by a slow uptake extending to
several days. Similar two stage kinetics for uranium sorption on magnetite were reported earlier
for anoxic conditions, where the initial fast process is attributed to the adsorption of U(VI) ions
on surface and the slow process is due to the slow reduction of uranium from solution, due to the
favorable Eh-pH combination prevailing in the solution [100]. However in their study it was
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Fig 5.8 Effect of contact time on the sorption of uranium on magnetite nanoparticles
(volume 10 ml, adsorbent= 10 mg, U(VI)= 30 mg/L, pH=7).
observed that Fe(II) mediated solution phase reduction of U(VI) is not favorable at pH=7 and
even at acidic pH this reaction follows a very slow kinetics. Thus the fast adsorption cannot be
assigned to the adsorption of pre-reduced uranium species. However presence of reduced U(IV)
on the magnetite after uranium sorption, obtained from the XPS data, indicates that reduction is
indeed involved in the process. Due to the absence of temporal data on the speciation of
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adsorbed uranium, it cannot be concluded weather the reduction is triggered by the sorption
process itself or it is a slow process involving the already adsorbed U(VI) on the amphoteric
groups on magnetite. Comparing this results with that of the earlier investigators [114], it can be
concluded that U(VI) adsorption on magnetite is accompanied by reduction of a fraction of the
U(VI) to U(IV).
5.4.2.3 Effect of initial uranium concentration on the sorption
To find out the effect of initial uranium concentration on the sorption process, experiments were
conducted by varying the concentration of uranium from 2 mg/l to 50 mg/l. Figure 5.9 presents
the amount of sorbed uranium on the magnetite nanoparticles after six hours of equilibration. In
order to account for the loss of uranium by processes other than sorption, parallel experiments
were conducted without magnetite nanoparticles. In all cases, the loss is found to be insignificant
(< 5%). Thus the removal of uranium in presence of magnetite can be assigned to the interaction
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Fig. 5.9 Effect of initial metal ion concentration on the sorption of uranium on to magnetite
nanoparticles (V=10 ml, adsorbent = 10 mg, pH=7, equilibration time= 6 h).
between magnetite surface and uranium species present in solution. Saturation sorption capacity
for uranium on magnetite is found to be approximately 5 mg/g. The sorption capacity reported
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here is higher than the value reported by Missana et al [100]. It should be noted that the physicochemical properties of nanoparticles vary with the method of preparation. Average Fe(II)/Fe(III)
ratio (0.45) of the nanocrystals used by Missana et al for uranium sorption is significantly lower
than that of the magnetite used in the present work and the higher content of Fe(II) in the present
sample may be responsible for the higher uptake of uranium in the present case.
5.4.4.4 Speciation of uranium on magnetite surface.
Hexavalent uranium has a complex red-ox behavior in presence of other minerals. Since Fe(II)
coordinated surface functional groups is known to be very effective reductant [101],
spectroscopic investigation of the mineral surface is very important for understanding the kind
of reaction taking place on the surface. Uranium loaded nanoparticle was subjected to XPS
analysis in order to gain information on the oxidation state of iron and uranium. Figure 5.10a
shows the full range ( 0 to 1000 eV) XPS spectrum of the nanomaterial after uranium loading.
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Fig. 5.10: XPS spectra of the uranium loaded magnetite nanoparticles
The peaks centered at 284.6 eV, 530.1 eV and 739.9 eV denote the characteristic C1s, O1s and
O-Auger peaks respectively. The peaks at 380.9 and 391.6 eV visible in figure 5.11 corresponds
to U 4f7/2 and 4f5/2 respectively. By studying a series of uranium minerals, Schindler et al
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reported that the 4f7/2 peak for pure U(VI) oxidation state is appearing in the range 381.1-382.6
eV [115]. Also according to Allen et al 380.9 eV for U4f7/2 corresponds to the mineral UO2.2
[116]. Thus it is clearly evident that, in the present experiments, some of the uranium species
sorbed onto the nanomaterial is present in reduced oxidation state. Various reports on the
interaction of U (VI) with magnetite gives contradicting results from no reduction to complete
reduction [117,118]. Using a series of iron oxides with varying Fe(II)/Fe(III) ratios and different
contact times, Huber et al has reported that solid phase Fe(II) could indeed lead to the reduction
of U(VI) to lower oxidation states [119]. Deconvolution of the iron peaks in the XPS spectrum
showed that the Fe(II)/Fe(III) ratio in the final product is 0.48, indicating that part of the Fe(II)
present initially undergone oxidation as a result of sorption of uranium.
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Fig 5.11: 4f peaks of uranium obtained from the uranium loaded magnetite nanoparticles
5.4.3 Sorption of uranium at low Concentration: An experiment with ADU supernatant.
In order to assess the utility of the process in real world situations, experiments were conducted
with ADU supernatant collected from the industrial process. Composition of the effluent is given
in table 5.1. Results of the sorption experiments (figure 5.12) indicate that magnetite
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nanoparticles are effective in decreasing the uranium concentration in the effluent. In presence of
high concentration of the electrolyte also, sorption is found to reach the equilibrium within ~ 6

Table 5.1 Composition of ADU supernatant used in the sorption experiments

pH

U (mg/l) Mg(mg/l)

Ca(mg/l)

Fe(mg/l)

Si(mg/l)

NO3-(mol/l)

8.1

3.80

5.80

0.55

0.05

0.82

0.93

hours. A maximum of 42% decrease from the initial concentration of 3.8 mg/l is observed during
six hours of contact and thereafter further sorption was insignificant on prolonged equilibration
up to four days. The result indicates that iron oxide nanoparticles can be used as a partial
remediation strategy for removal of uranium from the contaminated solutions with low
concentrations of uranium.
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Fig. 5.12 Sorption of uranium on magnetite from ADU supernatant solution ( V=10 ml,
adsorbent= 10 mg, pH=8.1)
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5.4.4 Sorption of uranium on HA-magnetite
5.4.4.1: Effect of pH and ionic strength of the medium on the sorption of uranium on HAmagnetite.
Effect of pH on the sorption of U(VI) on HA-magnetite was studied with a solution containing
100 mg/l uranium solution. The result is presented in figure 5.13. The pH dependence of uranium
sorption on HA-magnetite is significantly different from that of magnetite shown in figure 5.7a.
Sorption capacity is found to increase up to pH=5 and then decreases. This behavior could be
correlated with the dissociation characteristics of HA and the ionic speciation of uranium in
solution. Below pH=5, the predominant species of hexavalent uranium is UO22+ whereas mixed
carbonato-hydroxyl complexes of uranyl ions forms at higher pH. The ionization
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Fig. 5.13 Effect of pH (a) and ionic strength (b) on the sorption of uranium on HAmagnetite (equilibration time = 2 hours, T=25oC)

of acidic groups on HA is continuously progressing with pH of the solution. This explains the
initial increase in sorption with pH. Above pH=5, uranium is present as neutral or anionic with
less affinity to interact with the negatively charged HA-magnetite surface, resulting in drastic
reduction in the sorption capacity above pH=5. Similar strong pH dependence for sorption of
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Pb(II), Cu(II) and Eu(III) on HA-magnetite were reported earlier by other researchers [97]. In
each case it could possible to relate the absorption maximum with the aqueous speciation of
metal ions. Similar to the results for bare magnetite, uranium sorption on HA-magnetite
nanoparticles is also found to be ionic strength independent (figure 5. 13b). This shows that
mechanism other than ion exchange is operating in the sorption of uranium onto HA-magnetite
nanoparticles.
5.4.4.2 Effect of contact time on the sorption of uranium on HA-magnetite.
Effect of contact time on the sorption of uranium on HA-magnetite was studied using 200 mg/l
uranium solution at pH=5. It could be seen that the equilibrium is attained in around 60 minutes.
This is slow compared to the kinetics of sorption reported for Cu(II), Hg(I), Pb(II), Cd(II) and
Eu(III) ions on HA-magnetite, but found to be faster than that kinetics for uranium sorption on to
single components ie bare magnetite and solid humic acid [54, 94]. The slow kinetics of U(VI) in
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Fig 5.14 Effect of contact time (a) and pseudo-second order plot (b) of the sorption of
uranium on HA-magnetite ( V=10 ml, HA-magnetite= 50 mg, U(VI)=200 mg/l, pH=5,
T=25oC).
comparison to other metal ions could be due to the bulky nature of uranyl ions, which results in
slow site to site exchange, required for the saturated sorption. The experimental data were
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analysed using pseudo-first order and pseudo-second order kinetic models. The experimental
data found to fit well (r2=0.995 ) with pseudo- second order model, resulting in an equilibrium
adsorption capacity of 24.39 mg/g at 100 mg/l initial concentration.
5.4.4.3 Effect of initial uranium concentration on the sorption of uranium on HAmagnetite.
Effect of uranium concentration on the sorption of U(VI) on HA-magnetite is studied by varying
the concentration of the metal ions form 1 mg/L to 200 mg/l. The result is presented in figure
5.15a. With increasing metal ions concentration, the sorption capacity increases. The data was
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Fig 5.15 Effect of initial uranium concentration (a) and Langmuir isotherm (b) of the
sorption of uranium on HA-magnetite (b) (V=10 ml, HA-magnetite=50 mg, pH=5, T=25
o
C)
tried to fit using Langmiur and Freundlich isotherm models, but the former only found to fit the
experimental observations. From the model fit the sorption capacity is derived as 25.64 mg/g.
This is four times higher than that observed for bare magnetite (5 mg/g). It should be noted that
the sorption capacity normalized to surface area is only twice that of magnetite. But the results
prove that the humic acid modification in fact improves the sorption uranium on magnetite.
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5.4.4.4 XPS spectra of uranium adsorbed HA-Magnetite
An XPS spectrum of the uranium loaded HA-magnetite is shown in figure 5.16. Binding energy
observed for U4f7/2 at 380.5 eV shows that only U(VI) is visible on the surface of the loaded HAmagnetite. This is contrary to the observation seen for uranium sorbed on to bare magnetite,
where reduced uranium species were also observed. One possible reason could be that the sorbed
uranium is principally bound to the HA functional groups present on the surface of the
nanoparticle. Carbonate complexed U(VI) is reported to have minimum interaction with
magnetite surface [120] and complexation with humic acid functional groups also could yield
similar results. On the other hand, highly efficient coupled reduction-complexation is found to
occur with Cr(VI) on HA coated magnetite[107]. Thus detailed studies in future are required to
understand the red-ox behavior of uranium on HA coated magnetite nanoparticles.
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Fig. 5.16 XPS spectra of uranium loaded HA-magnetite nanoparticles.
5.5 Conclusions.
In this chapter, the result of the sorption of U(VI) onto magnetite and HA coated magnetite (HAmagnetite) nanoparticles is presented. HA-magnetite is found to have higher specific surface
area, lower isoelectric point and different surface morphology than that of bare magnetite
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nanoparticles, prepared under identical conditions. U(VI) sorption studies showed difference in
the sorption behavior for these two sorbents. Magnetite showed an optimum pH= 7 for sorption
with sorption capacity of 5 mg/g. The same was 25.6 mg/g for HA-magnetite at the optimum
pH=5. Kinetics of U(VI) sorption on magnetite have two distinct steps, one completing in four
hours with sorption of 95% of the sorption capacity followed by a slow sorption extending to two
days. Sorption on HA-magnetite is found to be fast reaching saturation within sixty minutes,
following a pseudo-second order kinetic model. From XPS analysis it is observed that the
sorption of U(VI) onto bare magnetite is accompanied by partial reduction of U(VI) to U(IV),
whereas no reduced species are observed in case of HA-magnetite. The results presented here
show that organic coating on nanomaterials could significantly alter their contaminant sorption
properties and consequently their role in the environmental processes.
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Chapter 6

Studies on the binding characteristics
of Gray humic Acid (GHA) and
Brown Humic Acid (BHA) with
U(VI)

6.1 Introduction
Humic substances are ubiquitous in the environment and known to play very important role in
the transport and sequestration of environmental pollutants such as heavy metals, radionuclides
and hydrophobic organic molecules [121].

Humic substances are characterised with non-

stoichiometric compositions, complex and heterogeneous structure and polydisperse molecular
weights. Metal uptake by humic substances is principally through interaction with carboxylic and
phenolic groups and to a lesser extends through less abundant keto, amino and thiol groups
present in them [122]. They are also capable to sequester organic pollutants through hydrophobic
domains formed under suitable solution conditions [123]. Though humic substances have many
common features, depending on their origin, significant difference are often observed among its
content, physico-chemical properties and metal binding characteristics [124-126]. Most of the
initial research on humus-metal interaction was focused on studying the complex formation of
various metal ions with humic materials, in order to predict the fate, transport and bioavailability
of various metal ions. However in recent years this highly abundant environmental component is
identified as a potential agent for environmental remediation of contaminated sites [59]. Wan
et al [21] used humic acid for soil amendment for the retardation of uranium transport in a
contaminated site. Bogush et al [22] and Olds et al [23] reported that humic acid could be used
for the treatment of acid mine drainage. From laboratory column studies, Yoshida and Suzuki
[127] observed that at higher ionic strength, humic acid could retard the transport of Eu(III) in
quartz sand column. Saar and Weber [128] reported that formation of insoluble humic acidPb(II) complex is possible in certain organic rich environments. Decontamination of organic and
metallic pollutants from natural waters by crude humic acid blend was reported by Yates and
Wandurzka [24]. Aleksandrova et al [25] demonstrated that the presence of high organic matter
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concentration results in increased immobilisation and lower bioavailability of radionuclides at
South Ural lake. Many of these results are from field investigations and indicate the high
potential for the use of humic materials for in-situ remediation of contaminated sites. It should be
noted that these proposed environmental applications of humic substances essentially banks upon
specific properties of humic substances such as ability to form insoluble complexes with metal
ions, formation of insoluble hydrophobic domains at suitable solution conditions and formation
of organic coated mineral phases, which could in turn acts as a sink for the pollutants. Since
humic substances are operationally defined fractions of natural organic matter, for effective use
for in-situ-remediation in real field, more micro-level information on the interaction of different
sub-fractions of humic materials with pollutants are essential.
Humic substances are generally classified into humic acid, fulvic acid and humin depending on
their pH dependant water solubility. Each fraction among itself is not a well defined chemical
entity, but a complex mixture of different macromolecules. Thus the interaction of various
environmental pollutants with any such fraction needs further analysis, for a thorough
understanding of their role in the remediation process. Among the three major fractions of humic
materials, humin is water insoluble and thus is not normally produced on industrial scale where
as the isolation of fulvic acid fraction is cumbersome. Thus humic acid is the most common
fraction used in environmental remediation application, though commercial products almost
invariably contain other fractions as impurities. Humic acid itself could be fractionated into two
fractions: the Gray Humic Acid (GHA), insoluble in water at high ionic strength and neutral pH;
and the Brown Humic Acid (BHA), water soluble irrespective of the ionic strength of the
medium. Limited studies exist, comparing the interaction of metal ions with GHA and BHA of
same origin, though it is understood that their different aggregation behaviour could be related to
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their structural features [116,117]. Herein, the interaction of uranyl ion with purified GHA and
BHA from commercially available Aldrich humic acid is studied. Complex formation is studied
using conventional fluorescence quenching method, whereas the partitioning of metal ions within
the aggregate and the solution were studied using

233

U tracer. Differences were observed in the

interaction of uranium with GHA and BHA, with respect to the aggregation kinetics, metal
partitioning to the precipitate and long term stability of uranium bound to these separated
fractions.

6.2 Materials and methods
6.2.1 Chemicals and purification procedure
Commercially available Aldrich humic acid was used as the source material. The product
required extensive pre-treatment and purification before use. The commercial product available
as its sodium salt was dissolved in 0.1 M NaOH and centrifuged to remove clay and other
insoluble impurities. The clear solution was precipitated by addition of 1.0 M HCl and the
precipitated humic acid is separated by centrifugation. The procedure was repeated several times
till the non-dissolved impurities and fulvic acid were completely removed. The purified humic
acid thus obtained is subjected to dialysis using 5 kD dialysis membrane (Spectrum USA) till free
of chloride ions and then passed through Dowex 50 X8 cation exchange resin for conversion to
hydrogen form. Purified humic acid is further fractionated into GHA and BHA by suspending in
6M KCl solution at pH=7 for twenty four hours [38]. GHA got precipitated and separated using
centrifugation. The supernatant consist of BHA. Both fractions were subjected to purification
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Fig. 6.1 Scheme employed for the fractionation of Aldrich Humic Acid to GHA and BHA
by dialysis; for
or GHA 5 kD membrane were used whereas for BHA, to prevent the loss of
material, 1 kD
D membrane were used.
used Finally the solution was passed through ion
ion-exchange
column (Dowex 50 X 8) for conversion to hydrogen form and freeze dried. The purification
scheme employed in the present work is represented schematically in figure 6.1.
6.1 Uranyl nitrate
hexahydrate (ACS grade, E.Merk, Germany) were used
used as the source for uranium. 233U produced
from neutron irradiation of

232

Th and separated by the THOREX process was used as the tracer

for quantification of uranium[131
31].
]. Before use, the tracer isotope was subjected to one more
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purification process using Dowex 50 X 4 cation exchange resin. All other reagents used in the
experiments were of analytical reagent grade.
6.2.2 Material characterisation and instrumentation.
A sample from the purified humic acid is analysed for the presence of metallic impurities using
ICP-AES ( JY 238 Ultratrace, Jobyn Vyon France ) after destruction of the organic materials
using digestion with HCl/HNO3 mixture. Absorption measurements were carried out using
double beam UV-Visible absorption spectrometer (UV 540, Thermo-spectronic USA). FTIR
spectra of the samples were recorded on JASCO 400 FTIR spectrometer using KBr pellet
method. Carboxylic acidity and total acidity of the humic acid fractions were estimated using the
Barita method and calcium acetate precipitation method respectively [30]. Fluorescence
measurements were done on JASCO 6500 fluorescence spectrometer using 325 nm excitation
wavelengths and using 5 nm band width for both excitation and emission monochromators.
6.2.3 Evaluation of stability constant for U(VI) with GHA and BHA.
Binding constants between humic substances and uranium were derived using the classical
fluorescence quenching method following Nakashima et al [45]. Fluorescence measurements
were done with 20 ppm HA solution and uranium concentration varying in the range 1-10 mg/L.
Application of low concentration of humic acid is essential to avoid the self absorption of humic
acid fluorescence during measurements [132]. Fluorescence spectra were recorded using 325 nm
as the excitation wavelength and emission wavelength in the range 350 to 600 nm. Fluorescence
spectrum were measured after twenty minutes of equilibration of the solution. Complex
formation of HA with metal ion can be represented as
HA + M ↔ HA-M
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and the conditional stability constant (Kb) between the humic acid and the metal ion can be
represented as
=⌈

−

⌉⁄[

][ ]

(1)

where [HA-M] is the concentration of humic metal complex, [HA] and [M]

are the

concentration of free humic acid and metal ion at equilibrium. If the fluorescence intensity of HA
in absence of metal ion is Io and that in presence of metal ion is I, the binding constant Kb could
be related to the ratio of fluorescence intensities by the standard Stern-Volmer equation,
=1+

[ ]

(2)

where [M] is the concentration of the metal ion. A plot of Io/I against [M] should give a straight
line with slope equal to the binding constant Kb.
6.2.4 Characterisation of humic acid precipitation in presence of uranium.
The stability of humic acid solution in presence of metal ions were tested using 100 mg/l HA
solution at pH=4. The selected pH was not only relevant for the real terrestrial system, but also
ensures that uranium is present mostly as UO22+ species [53]. Precipitation experiments were
carried out in the absence of any other species except for the small quantity of HCl/NaOH added
for adjusting the pH of the solution. 10 ml solution consisting of predetermined concentration of
uranium in 15 ml polypropylene vials were equilibrated in an orbital shaker at 200 rpm for 24
hours and the precipitate and soluble HA were separated using centrifuge at 10000 rpm. 233U
tracer was added at the beginning of the experiment to get a count rate around 8000 cpm/ml in
order to facilitate the measurement of uranium by radiometry. Concentration of HA in the
supernatant were estimated using absorbance measurement at 500 nm.

For deriving the

information on the partitioning of uranium between the precipitate and the supernatant,

233

U in

the supernatant were esti mated using ZnS(Ag) alpha scintillation counter. Quantification of the
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uranium precipitated with HA is obtained from the difference in count rate of uranium in the
initial solution and that in the supernatant.
Experiments for determining the kinetics of aggregation were carried out using 100 mL of
solution in borosilicate vessel at two specific metal ion concentrations for both the humic acid
fractions. Solution were withdrawn at specific intervals from the reaction vessel and centrifuged
at 10000 rpm. Concentration of HA in the supernatant were estimated using absorbance
measurement. The methodology reported by Kloster et al [46] was used for the data treatment.
The extend of aggregation of humic acid can be represented as

= (

− )/

where α is the degree of aggregation,

(3)

is the initial concentration of humic acid and C is the

concentration of humic acid in solution at any given instance during the progress of the
aggregation. α=0 means zero aggregation and α=1 means complete aggregation. Degree of
aggregation at any time could be represented using the expression

=

where

=(

−

)/

−

(4)

is the highest degree of aggregation. Aggregation rate constant k is

obtained by fitting α, αf and t into equation (4) using the solver function of Microsoft Excel.

6.2.5 Long term stability of uranium binding to GHA and BHA.
Solution containing 20 mg/l GHA or BHA and different concentration of uranium were prepared
at pH=4 and fluorescence of the solutions was measured at different time intervals spanning up

106

to three months. In between the measurements, solutions were stored in dark in amber coloured
bottles, in order to prevent the photolysis of the sample during storage.
6.3 Results and Discussions.
6.3.1 Characterisation of humic acid fractions
Concentration of common metal ions present in the purified humic acid is provided in table 6.1
Table 6.1 Residual metal ions impurities (mg/g) in the purified Aldrich humic acid
element
concentration
(mg/g)

Ca
1.47±.48

Mg
0.41±.10

Fe
2.24±.50

Al
0.53±.30

Cu
0.03±.01

From the result it can be inferred that no significant concentration of multivalent metal ions are
present in the purified product so that it will interfere with the present investigations. Density of
the acidic functional groups in BHA and GHA are present in table 6.2. Carboxilic, phenolic and
Table 6.2 Density of acidic functional groups present in GHA and BHA fractions

GHA
BHA

Carboxylic
1.18
2.41

Acidity (meq/g)
Phenolic
0.56
1.23

Total
1.84
3.64

total acidity of BHA is found to be higher than that of GHA. Earlier researchers also reported
that, for specimens of same origin, BHA is having higher density of oxygen containing
functional groups than that in GHA [133]. IR spectra of GHA and BHA (figure 6.2) show the
presence of similar functional groups in both the fractions. Broad band at 3420 cm-1 is assigned
to the hydrogen bonded –OH groups. The relative intensity of 2918 cm-1 band corresponding to
the aliphatic C-H stretching and 1455 cm-1 band of deformation of –CH2 or –CH3 groups were
more prominent in GHA than that in BHA. Conversely the 1610 cm-1 band corresponding to
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Fig. 6.2 FTIR spectra of GHA and BHA
conjugated C=C or hydrogen bonded –C=O groups and 1714 cm-1 corresponding to –C=O
stretching of the –COOH
COOH groups were more prominent in BHA than GHA. Overall from the IR
spectral analysis it can be concluded that GHA is of more aliphatic characteristics an
and have less
carboxylic acid density than BHA. Fluorescence emission spectra obtained at 325 nm excitation
(figure 6.3) shows that emission peaks are red shifted in BHA with respect to that of GHA. Also
fluorescence yield of BHA is relatively higher than that for GHA for any given wavelength. Both
these indications show that BHA is more conjugated or aromatic than GHA, corroborating the
finding from IR spectral analysis.
6.3.2 Fluorescence quenching behaviour of GHA and BHA.
Apparent stability constants of GHA
G
and BHA
HA with uranium were estimated using the classical
fluorescence quenching experiments. Figure 3 shows the fluorescence spectra of GHA and BHA
with increasing concentration of uranium. Both humic acid fractions showed decreasing
fluorescence intensity on addition of uranium. For the quantitative evaluation of the interaction
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constant, quenching of the fluorescence spectra were analysed using SternStern-Volmer method.
Figure 6.4 shows the Stern-Volmer
Volmer plots for the quenching of fluorescence of GHA and BHA,

Fig. 6.3 Fluorescence quenching profile of GHA and BHA in presence of uranium (HA= 20
ppm, U(VI)= 0,1,2.3, 4,5,7, 10 ppm)
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Fig. 6.4 Stern –Volmer
Volmer plot for the fluorescence quenching of GHA and BHA
respectively on addition of uranium.
uranium. The data gives a good linear fit showing that the model
assumed is applicable in the present experimental scenario. From the derived apparent stability
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constants (table 6.3) it is evident that though BHA shows slightly higher stability constant than
BHA, the difference is not significant in comparison to the difference in stability constants
Table 1 Conditional stability constants for binding of uranium with GHA and BHA

GHA
BHA

Measured stability constants Kb(/mMol)
Kb1
Kb2
42.1(445 nm)
47.1(471 nm)
51.4 (447 nm)
61.4 (473 nm)

among humic acid from various sources [57]. Most of the functional groups responsible for
metal ion interactions could be similar in both the fractions, resulting in comparable stability
constants.
6.3.3 Precipitation and aggregation behaviour of GHA and BHA in presence of uranium.
Coagulation and precipitation of humic acid from aqueous solution is found to depend on various
factors such as pH and ionic strength of the medium and presence of multivalent metal ions and
the concentration of humic acid [133-135]. Metal ions bearing multiple charges play dual role in
the aggregation process. Neutralisation of negatively charged functional groups in humic acid
molecules and facilitating cation mediated intermolecular bridging. In order to understand the
effect of electrolyte and metal ion concentration on humic acid, zeta potential of purified nonfractionated Aldrich humic acid at three different ionic strengths were measured as a function of
uranyl ion concentrations (figure 6.5). The dashed line shows the uranyl ion concentration at
which the HA precipitation is visible within 24 hours on preparation of the sample. As the ionic
strength increases, the requirement of uranium for the onset of precipitation decrease drastically,
as the case generally observed for any

polyelectrolyte. It could be seen that at the highest

concentrations of uranium also (where precipitation is complete) humic acid zeta potential is still
negative. Similar observation was reported by other researchers also [46] and indicates that
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Fig. 6.5 Zeta potential of humic acid solution as a function of initial U(VI) concentration
(HA=100 mg/l).

charge neutralisation is not the single reason for precipitation of the humic materials in presence
of metal ions. In order to understand whether differences exists in the coagulation behaviour of
GHA and BHA, coagulation experiments were conducted at pH=4 at different uranium ion
concentrations. To clearly attribute the coagulation behaviour to the humic acid-uranium
interaction, no other supporting electrolyte were added to the solution except small quantity of
NaOH or HCl added for adjusting the pH of the solution. In fact the original pH of the solutions
were close to four and little adjustment were only required in each case. Figure 6.6 presents the
extent of precipitation of HA as a function of the initial uranium concentration. It can be seen
that precipitation of GHA begins at lower uranium concentration than that of BHA. Similarly
precipitation of GHA complete with an initial uranium concentration of 0.34 meq/l,
BHA

whereas

requires significantly higher initial concentration (0.67 meq/l), for completing the
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Fig. 6.6 Precipitation of GHA and BHA in presence of U(VI) ions; inset shows the
concentration of uranium trapped in the precipitate (HA=100 mg/l, equilibration time = 24
hours).
precipitation. Another notable difference is the concentration range of uranyl ion within which
the flocculation begins and complete precipitation of humic acid is achieved. The range is
narrow for GHA in comparison to that for BHA. Formation of hydrophobic phase during
complexation of metal ions is attributed to neutralisation of charge on humic acid moieties, metal
ion induced bridging and reduction of electrical double layer on the colloids at higher ionic
strengths [133,134]. As the densities of ionisable groups are lower in GHA in comparison to
BHA, early saturation is expected in GHA leading to completion of precipitation at lower
uranium concentrations. But even at complete precipitation also zeta potential is still negative
[46] indicates that other additional factors are also involved in the precipitation process. More
aliphatic characteristics of GHA as revealed from the IR spectra could be one probable reason
for the early formation of hydrophobic domains from its aqueous solutions.
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The inclusion of metal ion into the precipitate is another indication of the nature of interaction
with the metal ions and HA. The inset in figure 6.6 shows the quantity of metal ion associated
with humic precipitate in experiments were the initial uranium concentrations were above the
threshold concentration for complete precipitation of HA. If charge neutralisation is the only
mechanisms involved, then the quantity of uranium associated with the precipitate should be a
constant on complete precipitation, since the total binding sites on HA is limited. For both GHA
and BHA, an increase in precipitated quantity of uranium is observed with increase in initial
uranium concentration. But the increase was more predominant for GHA than BHA. It could also
be noted that GHA contains nearly half the acidic functional group than that of BHA. Thus the
additional scavenging of metal ions in the precipitate is associated with other phenomena such as
surface precipitation and entrapment in humic precipitates. The probability for entrapment is
more possible with GHA due to its macromolecular characteristics than BHA. This finding is
similar to the results reported by Baigorri et al [38]. By studying GHA and BHA fractions of
humic acid from different sources, they reported that the concentration of transition elements
associated with GHA is invariably higher than that with BHA from the same source.
Aggregation kinetics experiments were conducted using 100 ml of HA solution containing 100
mg/l of humic acid, and at stirring speed of 250 rpm using a magnetic stirrer. Experiments were
done at two different uranium concentrations, one at concentration below the threshold for
complete precipitation of HA, and another at above that for the threshold. Figure 6.7 shows that
aggregation kinetics of humic acids in presence of uranium at pH=4. Table 6.5 presents the
kinetics constant

derived from these experiments. For the cases of partial and complete
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Fig. 6.7 Aggregation kinetics of GHA and BHA in presence of U(VI)
precipitation, GHA shows higher aggregation kinetics than that of BHA. Further at the same
initial concentration of 50 mg/l of uranium, GHA aggregation rate is observed to be four times
Table 6.4 : Kinetics constant for the aggregation of GHA and BHA in presence of uranium

GHA
BHA

Initial U (mg/l)
30
50
50
90

αf
0.46
0.99
0.33
0.99

K (min-1)
0.11
0.17
0.04
0.13

that of BHA. The results of the kinetic experiments also show that GHA is more prone to cation
induced aggregation than BHA of same origin.
6.3.4 Long term behaviour of U-GHA and U-BHA systems.
As GHA and BHA having nearly same observed stability constant, an attempt was made to see
whether the long term stability of the uranium bound with these two fractions are the same or
not. When exciting the HA-U mixture containing higher concentrations of uranium,
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characteristic fluorescence peak of uranium is visible. Tracking this on longer time scale gives
indication, whether differences exist between the binding of GHA and BHA with uranium over
longer time frame. Figure 8a and 8b shows the fluorescence emission spectra of GHA
GHA-U

Fig. 6.8 Fluorescence emission spectra of U(VI) –GHA on 0, 14th, 32th, 54th and 80th day
delayed (GHA= 20 mg/l, a-U(VI)=
a
7mg/l, b- U=20 mg/L)
recorded over a period up to three months. At both experimental uranium concentrations,
uranium fluorescence is found to increase with time. This indicate the formation of free uranium
from the HA-U
U adduct over the measurement period. Similar experiments done on BHA ((Figure
6.9a and 6.9b) also show the enhancement of uranium fluorescence with time. But in sharp
contrast to GHA-U
U system, within one month itself, the BHA-U
BHA U system is observed to reach the
equilibrium configuration and no further release of uranium is observed over the extended period
of measurement. One important conclusion from these results is that
that a fraction of humic acid
bound metal ion could become free over a period of time and also that the extent of release
depends on the nature of the humic material.
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Fig. 6.9 Fluorescence emission spectra of U(VI) –BHA on 0, 14th, 32th, 46th and 80th day
delayed (GHA= 20 mg/l, aa-U(VI)= 10mg/l, b- U=30 mg/L)

Time-dependent
dependent reorganisation of humic acid-metal
acid metal complex was reported by other investigators
also [138-140].
140]. By using pyrene as a fluorescence probe, Wandruzka et al [138]] has reported that
with
h time, metal ions moves to more stable binding sites in humic acid. Lippold et al [139]
observed that humic acid-alumnium
alumnium complex is becoming more and more inert on aging and
attributed this phenomenon to structural reorganisation, resulting in transfer o
off the metal ions to
more stable binding sites. But in case of Fe(III), it was observed that temporal release of iron
from HA-Fe
Fe system is due to the depolymerisation of the initially attached polynuclear iron
species[140]. At pH=4 used in the present experiments,
experiments, uranium could not be present as
polynuclear species and the slow and time
time-dependent
dependent release could be due to some other
phenonmena.
The slow reappearance of uranium fluorescence from the HA-U
HA U system could occur due to any
of the possible mechanism as represented in figure
f
6.8.. It should be due to the direct
decomposition of HA-U
U complex as described in scheme (1). An enhancement of the
fluorescence intensity at all wavelengths indicates that at least partially, decomposition of the
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Fig. 6.10 Suggested mechanisms for release of uranium from bound state
complex is one contributing factor for the release of uranium over a period of time. However, the
measured apparent stability constant for uranium binding with GHA and BHA are not far apart
to explain the wide difference observed between the dissociation behaviour of these two
components. Another possibility (scheme 2) is the conversion of some monodentate
monodentate uranium
complex to bidentate,, resulting in release of free uranium ions. A third possibil
possibility is depicted in
scheme 3, in which the uranium ions, which is initially either adsorbed to the surface or
physically entrapped in the humic acid cage, get into free form as a result of the reorganisation of
the three dimensional humic acid structure. GHA
GHA is more prone to such reorganisation than
BHA due to its relatively complex three dimensional structure. Experimentally observed higher
availability of metal ions with GHA than BHA, also indicates that such physical entrapment is
more probable with GHA [13].
]. Though additional research is required to decipher the exact
mechanism of release of the metal ion from the HA-M
HA M adduct, it is clear that humic acid
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consisting of more GHA like components are less preferable for remediation of metal ion
contaminants, due to the relative instability of the GHA-M complex.
6.4. Conclusion
Comparative study of the interaction of uranium with GHA and BHA from same origin shows
that metal uptake and long term stability of humic acid-metal complex depends on other factors
in addition to the availability of metal chelating functional groups. Among the two components
studied, GHA is found to aggregate faster in presence of metal ions than BHA. On storage, a
part of the initially bound uranium is found to get released to the solution. Though metal ion
release is observed from both the fractions, metal ions bound to GHA are found to be more prone
to dissociation than that bound to the BHA fraction. The present results indicate that GHA
fraction is less preferable as a sink or sorbent for the toxic metal ions than BHA for in-situ
remediation application. The results obtained here shows that more elaborate and in-depth
studies on humic substances- metal ion interactions are essential to develop environmental
remediation technologies based on humic substances.

118

Chapter 7

Conclusions and future research
prospective

This chapter highlights the results obtained from the studies carried out for this thesis on the
application of modified biomaterials and nanomaterials in mitigating the environmental pollution
due to heavy metals. Chemically modified chitosan, humic acid, magnetite nanoparticles and
their combinations were the substrates used in the studies. U(VI) was the principal contaminant
metal ions used as the model pollutant which was supplemented by Cr(III) and Pb(II) ions in
certain cases.
Chitosan tripoliphosphate (CTPP)

beads prepared by ionic cross-linking of chitosan with

sodium tripoliphosphate is found to have stability in aqueous medium at pH=3 or above for
sorption applications. Application of Langmiur model to the absorption data for U(VI) and
Cr(III) on to CTPP beads resulted in sorption capacity of 236.9 mg/g and 469.5 mg/g
respectively. In both cases, Freundlich model is also found to fit the sorption data. Due to the
higher size of the beads employed (~2 mm size) the sorption/ desorption process is found to be
slow completing in approximately seventy two hours. The kinetic data for both the metal ions
were found to fit the pseudo-first order and pseudo-second order model.

Additionally,

intermediate time scale for the sorption of U(VI) is found to fit the intra-particle diffusion model.
Competition experiments showed that presence of Na(I), Ca(II) and Mg(II) have no effect on the
sorption of Cr(III) on CTPP, whereas Al(III) could partially block the sorption of Cr(III). Fe(III)
co-adsorb onto CTPP beads along with Cr(III) without affecting the sorption of the latter.
Desorption of Cr(III) from loaded CTPP beads is possible with the use of NaCl solution. Higher
cross-linked CTPP beads showed more sorption capacity indicating that the newly introduced
phosphate groups are the major contributors for the sorption of metal ions. Overall these results
indicate that CTPP based sorbents could be used in the remediation of heavy metal pollution.
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A new Humic Acid (HA) based adsorbent with 43% (wt/wt) loading of HA was prepared by
coating HA onto wet CTPP beads in aqueous solution under alkaline pH. The new adsorbent is
found to be more stable than bare CTPP beads in the pH range 1-10. The coated humic acid was
stable against dissolution with leaching rate less than 10% at pH=8 for twenty four hours of
equilibration. SEM analysis showed that the HA-CTPP bead surface is more porous than the
surface of bare CTPP beads. The new adsorbent is tested for the sorption of pollutant metal ions
U(VI) and Pb(II) ions from aqueous solution. The sorption of both the metal ions is found to be
pH dependant, with optimum condition as pH=5 for U(VI) and pH=3 for Pb(II) ions. The new
adsorbent showed a sorption capacity of 71.4 mg/g for U(VI) and 223.7 mg/g for Pb(II) ions.
The uranium sorption capacity of humic acid is reduced due to the immobilization process, but is
not affected in case Pb(II) ions. Sorption of Pb(II) ions took six hours for saturation while it is
ten hours in case of U(VI) ions. For both the metal ions the sorption kinetics follows a pseudosecond order kinetics model, indicating the involvement of chemical forces in the sorption
process. The result obtained from these studies proves that the present immobilization method is
a viable process for the preparation of a HA based solid biosorbent for heavy metal sorption.
Magnetite and humic acid coated magnetite nanoparticles (HA-magnetite) were prepared and the
sorption of U(VI) onto both the substrates were studied to understand their utility in separation
and their role in the natural environment. HA-magnetite have larger specific surface area (99
m2/g) than bare magnetite (59m2/g) and their surface morphologies were observed to be
different. Zeta potential of

HA-magnetite was measured as 2.5,

lower than that of bare

magnetite as 6.8. Optimum pH for the sorption of U(VI) onto bare magnetite nanoparticles is
found to be pH=7 with sorption capacity ~5 mg/g. Sorption kinetics have two distinct stages one
completing in around four hours, covering 90% of the saturated sorption capacity, followed by a
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slow process extending to few days. Sorption is found to be independent of the ionic strength of
the medium. Test with real industrial effluent of low initial U(VI) concentration (3.8 mg/l) and
high salt content resulted in sorption of 42% of the initial amount within

six hours of

equilibration. XPS analysis of the uranium and iron oxidation state before and after sorption of
the U(VI) showed that a fraction of the uranium present on the magnetite surface is present in the
reduced state. In contrast to bare magnetite, HA- magnetite showed higher sorption capacity of
25.64 mg/g, with the optimum pH for the sorption as pH=5. The kinetics were faster than that for
the bare magnetite completing, in less than sixty minutes and is found to follow the pseudosecond order kinetic model. Surface area normalized sorption capacity of HA-magnetite is found
to be twice of that of bare magnetite. XPS examination of uaranium loaded HA-magnetite has
not showed presence of reduced uranium species on the surface. From these results it is
concluded that significant difference in the heavy metal sorption characteristics of nanoparticles
is possible as a result of their surface coating with humic acid. These difference in sorption
behavior have significant bearing on the long term transport and fate of contaminant metal ions
in the environment.
Commercially Available Aldrich humic acid was purified and separated into two fractions: Gray
Humic Acid (GHA)

and Brown Humic Acid (BHA), depending on their ionic strength

dependant solubility. Their binding properties with uranium were studied using fluorescence
spectroscopy method. From spectroscopic characterization, GHA is found to be more aliphatic
and contains less concentration of acidic functional groups

than BHA. Apparent stability

constants for the binding of U(VI) with GHA and BHA were more or less similar. GHA is found
to be more prone to aggregation in presence of U(VI) ions than BHA and the aggregation
kinetics is also faster for GHA than BHA under identical experimental conditions. Uranium is
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found to get sequestered into the HA-metal precipitate, and the sequestration was more
predominant with GHA than BHA. On long term storage, HA-Uranium complex is found to
undergo dissociation or rearrangement. The rearrangements or dissociation were more
predominant and of longer duration for GHA-U system than for BHA-U system. The result
obtained in these studies shows that, depending on the structural characteristics of HA fractions,
wide difference in their interaction with metal ions could be possible, which could in-turn affect
the final performance of a humic substances based in-situ environmental remediation process.
Scope for future work
CTPP beads are found to be good sorbent for the sorption of U(VI) and Cr(III). However the
presently used beads of ~2 mm diameter leads to slower kinetics than that is suitable for column
application or batch process with high throughput. Studies should be conducted as a function of
bead dimensions to optimize the parameters for practical applications. CTPP beads, having good
sorption properties for metal ions may find application in decorporation of toxic metal ions,
especially from GI track and studies in this direction could be carried out. Contrary to many
earlier research results, in this study, high loading of HA on to a chitosan derivative (CTPP) is
observed and over a wide range of solution pH. HA removal from water itself is a major problem
worldwide and thus CTPP could be investigated as a sorbent for the removal of humic acid.
Magnetite and HA-magnetite is found to differ in their sorption characteristics towards U(VI).
Sorption characteristics of HA-magnetite for metal ions could be further investigated as a
function of organic loading and by application of additive models. Difference observed in the
interaction of U(VI) with GHA and BHA indicates that additional studies should be conducted to
understand subtle differences of interaction of metal ions with various fractions of humic acids.
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a b s t r a c t
Chitosan-tripolyphosphate (CTPP) beads were prepared using in-liquid curing method and used for the
adsorption of uranium from aqueous solution. Beads were prepared at two different cross-linking densities by adjusting the pH of the tripolyphosphate solution. The synthesized beads were characterized
using FTIR spectroscopy before and after adsorption of uranium. Beads having higher cross-linking are
found to have better adsorption capacity for uranium. Factors that inﬂuence the uranium adsorption onto
CTPP beads such as solution pH, contact time and initial uranium concentration were studied in detail.
The experimental results were ﬁtted into Langmuir and Freundlich adsorption isotherms. From Langmuir
adsorption model the adsorption capacity of CTPP beads for uranium is estimated as 236.9 mg/g. Pseudoﬁrst order, pseudo-second order and intraparticle diffusion model were applied to the observed kinetics
data and the results shows that the pseudo-second order model is more suitable to explain the kinetics
of adsorption of uranium on CTPP beads. FTIR spectroscopic characterization of the beads showed that
the phosphate groups may be more responsible for the adsorption of uranium on CTPP beads.
© 2010 Elsevier B.V. All rights reserved.

1. Introduction
Chemical and radiotoxicity of uranium is well documented [1].
Based on the radiological risks by the radiation of uranium isotopes and chemical risks from heavy metals, the health effects of
uranium can be divided into carcinogenic and non-carcinogenic
effects. Nephritis is the primarily chemically induced effect of
uranium in humans, whereas USEPA has classiﬁed uranium as a
conﬁrmed human carcinogen and suggested that zero tolerance
is the only safe acceptable limit [2]. They prescribed that maximum contaminant level goal (MCLG) for uranium as zero in 1991.
In addition, the EPA ﬁnalized a realistic regulation level of 30 g/L
as the maximum contaminant level. Though stringent environmental regulation exists against the release of uranium contaminated
solution into the environment, efﬂuents from nuclear and many
other conventional industries are found to have signiﬁcant quantity of uranium present in it [3]. Therefore it is desirable to develop
efﬁcient and economically viable methods for the treatment of
water contaminated with uranium. Different methods have been
used for cleaning solutions contaminated with uranium such as
co-precipitation, ion exchange, membrane based separation and
sorption on various surfaces [4–7]. In acidic solutions, uranium

∗ Corresponding author. Tel.: +91 22 25591247, fax: +91 22 25505151.
E-mail address: smk@barc.gov.in (M.K. Sureshkumar).
0304-3894/$ – see front matter © 2010 Elsevier B.V. All rights reserved.
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exists as U(VI), whereas in neutral or basic pH conditions, it normally exist as neutral or anionic species by complex formation with
anionic ligands such as OH− or CO3 2− [8]. Thus in neutral pH ranges,
processes such as ion exchange is less effective for the removal
of uranium from aqueous medium whereas membrane separation suffers many practical difﬁculties such as membrane fouling,
which requires frequent maintenance. Thus sorption on various
media is getting increasing interest as a suitable remediation process for the treatment of uranium contaminated solutions [9]. In
past several decades, environmental friendly and potentially inexpensive biosorbents have attracted signiﬁcant interest as suitable
materials for the development of new environmental remediation
technologies [10,11]. Chitin is the most abundant biopolymer after
cellulose, and its partially deacetylated form, chitosan is found to
have excellent sorption capacity for various heavy metals including radionuclides [12–17]. Chitosan is the copolymer composed
of ␤-2-amino-2-deoxy-d-glucopyranose units and the residual 2acetamido-2-deoxy-d-glucopyranose units and the metal uptake
by it is primarily attributed to the amine and hydroxyl groups
present in the polymer chain, which can interact with various
metallic species through ion exchange and/or chelation mechanism. Two types of modiﬁcations are commonly adopted for the
preparation of chitosan based sorbents. Cross-linking to improve
its solubility and engineering properties and grafting of functional
groups for enhancing the adsorption capacity and/or selectivity.
Various reports have been published on the use of modiﬁed and
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Fig. 1. Schematic representation of cross-linking of chitosan with sodium tripolyphosphate.

unmodiﬁed chitosan derivatives for analytical preconcentration
[18–20] and sorption of uranium from aqueous solution [21–25].
However all these previous reports, dealing with sorption of uranium on chitosan derivatives; cross-linking agents used where
toxic chemicals such as glutaraldehyde (GLA), epiclorohydrine
(ECH) or ethylene glycol diglycidyl ether (EGDE).
From the environmental safety point of view, it is preferred to
use non-toxic and environmentally benign substances for developing future technologies. Tripolyphosphate (TPP) mediated ionic
cross-linking of chitosan is thus a suitable alternative to the use
of toxic chemicals for the modiﬁcation of chitosan. Cross-linking of
chitosan by TPP can be achieved by a single-step process, where the
formation of intra- and intermolecular cross-linking leads to solidiﬁcation of chitosan into chitosan-tripolyphosphate (CTPP) beads
[26]. Recently Ngah and Fatinathan [27] has reported the adsorption of Pb(II) and Cu(II) on CTPP beads from single and binary
metal systems. Since phosphate groups are also known to have
good afﬁnity for uranium, CTPP beads may be a good adsorbent
for uranium from aqueous solution. In the present work, we studied the adsorption of uranium onto CTPP beads. CTPP beads of two

different cross-linking densities were prepared and the sorption
of uranium is studied as a function of contact time, pH and concentration of uranium. The experimental results were ﬁtted into
Langmuir and Freundlich isotherm models. Kinetics of the adsorption process was analysed using pseudo-ﬁrst order, pseudo-second
order and intraparticle diffusion models. To understand the mechanism of adsorption of uranium onto CTPP beads, the beads were
characterized using Fourier transform infrared (FTIR) spectroscopy
before and after adsorption of uranium.
2. Experimental
2.1. Materials
Chitosan (medium molecular weight) and sodium tripolyphosphate (STPP) (Na5 P3 O10 ) were purchased from Aldrich Chemical
Company, USA. UO2 (NO3 )2 ·6H2 O (ACS grade) was purchased from
Merck, Germany. 2-(5-Bromo-2-Pyridylazo)5-diethylaminophenol
(Br-PADAP), triethanolamine, CDTA, NaF and sulphosalicylic acid
used for analysis uranium were analytical grade and were pur-
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chased from Merck, Germany or Sigma–Aldrich, USA. 2000 mg/l
U(VI) standard solution was prepared by dissolving appropriate
quantity of UO2 (NO3 )2 ·6H2 O in deionised water. All other chemicals used in the experiments were of analytical grade. Deionised
water used for all experiments was obtained from Milli-Q (Millipore Corporation, USA) water puriﬁcation system.
2.2. Preparation and characterization of CTPP beads
CTPP beads were prepared using the method described by Lee et
al. [26]. Chitosan (10 g) was dissolved in 500 ml of dilute acetic acid
(1%, v/v) to prepare the chitosan solution. The STPP solution was
prepared by dissolving 10 g of the solid in 100 mL of water. The chitosan solution was added/poured into the TPP solution drop wise
using a PVC tip, with an opening of 1 mm. The beads were prepared
at two different pH for the TPP solution; pH = 8.6 (original pH of the
STPP solution) and pH = 3.0 adjusted by adding 1 M HCl, in order
to obtain beads with different cross-linking densities [28]. The
formation of cross-linked CTPP beads by the interaction between
phosphate groups of tripolyphosphate and amino group of chitosan
is schematically represented in Fig. 1. The beads were cured for 12 h,
separated by ﬁltration, washed four times with deionised water and
air dried before use in adsorption experiments. Dried beads were
spherical and slightly yellowish in colour. FTIR spectra of the powdered beads before and after adsorption of uranium were recorded
as KBr pellets using JASCO 6200 model FTIR spectrophotometer.

presented in the liquid phase after equilibration time t; V is the
volume of the solution (L); w is the mass of the CTPP beads (g). For
kinetic investigations, the adsorption experiments were conducted
at a stirring speed of 400 rpm, using a magnetic stirrer, in order to
minimize the effect bulk and ﬁlm diffusion on sorption process [31].

2.3. Uranium measurement by Br-PADAP method

3. Results and discussion

Concentration of dissolved uranium after the equilibration was
determined using the spectrophotometric method using Br-PADAP
as the complexing agent at pH = 7.8 [29,30]. Triethanolamine buffer
(TEA-buffer) for pH adjustment was prepared by diluting 14 mL
of the triethanolamine in 80 mL of deionised water, adjusting the
pH to 7.8 by adding concentrated HClO4 and ﬁnally made up to
100 mL. Complexing solution for removing the interference of other
bivalent cations was prepared by dissolving 3.5 g of sulphosalicylic
acid, 0.5 g of NaF and 1.25 g of CDTA in 40 mL water and adjusting pH to 7.8 by the addition of sodium hydroxide pellets and
ﬁnally made up to 100 mL. For the measurement of uranium, 1 mL of
complexing solution, 20–100 L of aliquot of the sample, 1 mL TEAbuffer, 4 mL of ethanol and 0.5 mL of Br-PADAP were added into
the 10 mL volumetric ﬂask and made up to 10 mL using deionised
water. The solution was allowed to develop colour for 30 min and
optical density is measured at 578 nm using UV540 double beam
spectrophotometer (Thermo Spectronic, USA).

3.1. Characterization of CTPP beads

Fig. 2. FTIR spectra of (a) chitosan and (b) CTPP beads cross-linked at pH = 3.

CTPP beads prepared were characterized using FTIR spectroscopy. The IR spectra of chitosan powder and the CTPP bead is
provided in Fig. 2. The main differences in the IR spectra is the additional peak in the CTPP bead spectrum at 1230 cm−1 , which can
be assigned to the –P O stretching vibration indicating the presence of phosphate group in the prepared beads. Peak at 1694 cm−1
corresponding to –NH2 group and 1419 cm−1 corresponding to
–NH deformation vibration of –NH2 groups, present in the original chitosan spectrum is completely disappeared in the spectrum
of CTPP bead, with appearance of a fresh peak at 1541 cm−1 which
can be assigned to NH3 + [26,27]. The beads are prepared at pH = 3
where the amino group are mostly protonated. From the spectral
information it can be concluded that the cross-linking is taking
place through the ionic interaction between the negatively charged
–P–O− moieties of the phosphate group and protonated NH3 + moieties of the chitosan molecule.

2.4. Sorption of uranium on CTPP bead
3.2. Effect of cross-linking and solution pH on uranium sorption
For batch equilibration studies, experimental solutions containing measured concentration of uranium and the adsorbent were
adjusted to the required pH and equilibrated in 100 mL Erlenmeyer
ﬂask at 250 rpm using a horizontal orbital shaker. Temperature during the adsorption experiments were controlled at 25 ± 0.5 ◦ C. All
pH adjustments were carried out with 1 M HNO3 /Na2 CO3 . After
ﬁxed time of equilibration, 20–100 L of the solution was withdrawn from the experimental mixture and uranium concentration
was estimated using the spectrophotometric method as described
in Section 2.3. The amount of uranium adsorbed onto the CTPP bead
at time t, was calculated by:
qt =

(c0 − ct )
V
w

(1)

where qt (mg/g) is the quantity of uranium adsorbed on CTPP bead
at time t (h), c0 is the initial concentration (mg/L) of uranium used in
the experiment, ct is the measured concentration (mg/L) of uranium

Chitosan is brittle, where most of the active functional groups
are deeply embedded inside the crystalline phase which leads to
reduced adsorption capacity for the adsorbent. Cross-linking of chitosan with various cross-linking agents is found to improve its
amorphous character. In order to investigate the effect of crosslinking and solution pH on the uranium sorption process, two
sets of experiments were conducted, one using higher cross-linked
beads and the other with lower cross-linked beads. Equilibration
studies were carried out with 50 ml of 200 ppm U (VI) solution
containing 50 mg of the adsorbent in each case and varying the
initial pH of the solution from 3 to 9. Fig. 3 presents the uranium
adsorption on lower and higher cross-linked beads, as a function
of the solution pH. Under identical experimental conditions, beads
with higher cross-linking showed higher adsorption capacity for
uranium. The pH dependence also differs signiﬁcantly with the
extent of cross-linking of the CTPP beads. The uranium adsorp-
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Fig. 3. Effect of pH on the adsorption of uranium on CTPP beads: lower crosslinked beads (䊉) and higher cross-linked beads () (volume = 50 ml, U = 200 mg/L,
CTPP = 50 mg and T = 25 ◦ C).

tion capacity of lower cross-linked beads decreased monotonously
with pH of the solution. Though for lower cross-linked beads, both
amino and phosphate groups may be available for the adsorption of uranium, it is reported that they are more amenable to
swelling in acidic solution [26]. In such case, as the pH of the solution increases, due to reduced swelling, more and more active sites
may not be reachable by uranium species for adsorption, resulting
in lower adsorption capacity. On the other hand beads with higher
cross-linking showed maximum adsorption at pH = 5. The swelling
behavior of higher cross-linked beads is nearly independent of pH
and other factors determine the adsorption dependence of uranium
on pH of the solution. At lower pH, the amino groups are protonated
whereas phosphate groups remain undissociated. Thus at lower
pH, the positively charged uranyl ion is not favored by the positive or neutral binding groups on the adsorbent, resulting in lower
adsorption capacity. At neutral to alkaline pH, uranium is present
as anionic hydroxyl-carbonate complexes such as, UO2 CO3 OH− ,
(UO2 )2 (CO3 )(OH)3 − , (UO2 )11 (CO3 )6 (OH)12 2− , etc. [32], and thus
not favorable for adsorption onto the neutral/negatively charged
functional groups of CTPP beads, which explain the reduction in
adsorption at higher pH. Thus the maximum adsorption capacity observed at pH = 5 for the higher cross-linked CTPP beads is
the result of pH-dependent speciation of the uranyl ion and the
pH-dependent dissociation behavior of CTPP functional groups
responsible for uranium adsorption. Due to the higher adsorption
capacity, beads with higher cross-linking and the optimum pH = 5
were used for further experiments.

Fig. 4. Effect of contact time on the adsorption of uranium on CTPP beads (volume = 100 ml, U = 400 mg/L, CTPP = 100 mg, pH = 5 and T = 25 ◦ C).

solubility of the beads was observed even after 5 days of equilibration. Concentration of dissolved uranium measured after 10 days of
equilibration was in the same range (within 5%) of the concentration measured after 72 h of equilibration, showing that for practical
purposes 72 h can be taken as the time required for completing the
adsorption equilibrium.
3.4. Effect of initial uranium concentration
The relation between the adsorbed amount and the equilibrium
concentration in the aqueous phase is very important in optimizing the sorption process and understanding the sorption behavior.
For investigating the effect of initial uranium concentration on the
adsorption of uranium onto CTPP beads, experiments were con-

3.3. Effect of contact time on uranium sorption
To understand the effect of contact time on uranium adsorption
onto CTPP beads, experiments were conducted with 100 mL of solution having 400 mg/L uranium and 100 mg of adsorbent. 100 L of
the sample were analysed at various intervals to estimate the concentration of dissolved uranium as a function of equilibration time.
Fig. 4 shows that the process is characterized by a rapid adsorption
in the initial 4 h of equilibration time, followed by a slow process,
leading to equilibrium adsorption in around 3 days. The initial fast
sorption might be due to the surface adsorption of uranium on the
CTPP beads. Uranyl ion is a bulky cation and the diffusion of the
bulk ion into the CTPP beads is a slow process leading to the overall
slow kinetics of the adsorption process. During longer stay of the
beads in the experimental solution, they become swollen, but no

Fig. 5. Effect of initial uranium concentration on adsorption on CTPP beads (volume = 50 ml, CTPP = 50 mg, pH = 5, and T = 25 ◦ C).
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Table 1
Model constants and correlation coefﬁcients for adsorption of uranium by CTPP beads.
Isotherm model

Experimentally observed saturation capacity (mg/g)

Langmuir

Freundlich

Q (mg/g)

b (mL/mg)

R2

kF (mg/g)

n

R2

236.9

0.019

0.997

89.9

7.65

0.991

239.9

Table 2
RL values for uranium adsorption obtained form Langmuir equation.
Initial U concentration (c0 ) (mg/L)

Separation factor (RL )

10
50
100
500
1000

0.840
0.512
0.256
0.095
0.050

isotherm can be expressed as:
1
ce
ce
=
+
qe
Q
Qb

Fig. 6. Intraparticle diffusion kinetics of the adsorption of uranium on CTPP beads.

where qe is the amount of metal ion adsorbed at equilibrium (mg/g),
ce is the equilibrium metal ion concentration remaining in solution,
Q (mg/g) is the amount of metal ion adsorbed at complete monolayer coverage, and b is the Langmuir constant related to the afﬁnity
of the binding site (mL/mg).The monolayer adsorption capacity, Q
and the Langmuir constant b can be obtained from the linear plot
of ce /qe against ce . Other commonly used adsorption model is the
Freundlich isotherm which is an empirical model used to explain
the adsorption on heterogeneous surfaces. The Freundlich isotherm
can be expressed as:
ln qe = ln kF +

ducted with 50 mL solutions having initial uranium concentration
varying from 100 mg/L to 2000 mg/L and a ﬁxed mass of 50 mg
of adsorbent. Fig. 5 shows the amount of adsorbed uranium after
equilibrium versus the initial uranium concentrations. As expected
the adsorption capacity increased with the initial metal concentration. With more uranium present in solution, larger fraction of the
active sites is involved in the adsorption process. At higher uranium
concentrations adsorption capacity reached a plateau indicating
saturation of the available binding sites on the adsorbent. The steep
slope at initial uranium concentrations is a desirable feature of the
sorption system and the results indicates that a CTPP bead is an
efﬁcient adsorbent for uranium.

1
ln ce
n

(3)

where kF (mg/g) and n are Freundlich constants related to adsorption capacity and adsorption intensity respectively, and can be
obtained from the linear plot of ln qe against ln ce . The model parameters obtained by applying both Langmuir and Freundlich model to
the experimental data are given in Table 1. From the better correlation coefﬁcient and the fact that the equilibrium adsorption
capacity (Q) obtained from Langmuir model (236.9 mg/g) is close
to the experimentally observed saturation capacity (239.9 mg/g),
it can be concluded that the monolayer Langmuir adsorption
isotherm is more suitable to explain the adsorption of uranium onto
CTPP beads.
The favorability of the CTPP beads as an adsorption medium for
uranium can be obtained from the Langmuir adsorption constant
b; which is related to the separation factor RL deﬁned as:

3.5. Sorption isotherm
RL =
Adsorption isotherm is fundamental in understanding the distribution of the adsorbate on adsorbent surface once the equilibrium
is established [33]. The simplest adsorption model is Langmuir
isotherm in which it is assumed that the adsorbate form a monolayer on the adsorbent surface and the adsorption energy decreases
as the distance from the surface increase, making multilayer
adsorption process less favorable. The linear form of the Langmuir

(2)

1
1 + bc0

(4)

where c0 is the initial metal ion concentration. 0 < RL < 1 indicates
that the adsorbent is a favorable medium for the adsorption of the
given metal. Table 2 presents the calculated RL values at ﬁve different initial uranium concentrations. For all the tested uranium
concentrations, 0 < RL < 1 which proves that CTPP bead is a favorable adsorbent for uranium. The same conclusion can be arrived

Table 3
Kinetics parameters of uranium adsorption by CTPP beads.
Kinetic model

Experimentally observed adsorption capacity (mg/g)

Pseudo-ﬁrst order
k1 (h−1 )
0.045

qe (mg g−1 )
141.6

Pseudo-second order
R2
0.995

k2 (g mg−1 h−1 )
−4

9.4 × 10

Intraparticle diffusion model

qe (mg g−1 )

R2

kid (mg g−1 h−1 )

R2

209.2

0.997

19.6

0.993

202.4

Author's personal copy
70

M.K. Sureshkumar et al. / Journal of Hazardous Materials 184 (2010) 65–72

Fig. 7. Schematic presentation of binding of uranium by CTPP beads.

from the Freundlich constant n in which case a value of n between
1 and 10 indicates the acceptance of the medium as the suitable
adsorbent.

uranium onto CTPP beads. The model parameters qe and k1 can be
obtained form the linear plot of log(qe − qt ) against time. Pseudosecond order kinetics can be expressed as:

3.6. Sorption kinetics

t
1
t
=
+
qt
qe
k2 q2e

Experiments for studying the adsorption kinetics were carried
out at higher agitation speed in order to minimize the effect of bulk
diffusion and ﬁlm diffusion on the adsorption process. It is assumed
that at the experimental agitation rate of 400 rpm, intraparticle diffusion or chemical reactions may be the rate limiting step. Both
pseudo-ﬁrst order and pseudo-second order kinetics were applied
to analyse the experimentally observed kinetic data [34]. Pseudoﬁrst order kinetic model can be expressed as:
log(qe − qt ) = log qe −

 k 
1
2.303

t

(5)

where qe and qt are the concentration of uranium adsorbed on CTPP
beads (mg/g) at equilibrium time, and time t (h) respectively, and
k1 is the pseudo-ﬁrst order rate constant (h−1 ) for the adsorption of

(6)

where qe (mg/g) and qt (mg/g) have the same meaning as earlier
and k2 is the rate constant (g mg−1 h−1 ) of the pseudo-second order
kinetic model. The equilibrium adsorption capacity qe and the second order rate constant k2 can be obtained from the plot of t/qt
against t. The model parameters and the equilibrium concentration
obtained by both the models are given in Table 3. From the results
it can be observed that both pseudo-ﬁrst and pseudo-second order
models are matching with the experimental kinetics data. From the
better correlation coefﬁcient and the fact that the equilibrium concentration obtained by the pseudo-second order plot (209 mg/g)
is more close to the experimental value than that obtained from
the pseudo-ﬁrst order plot (141.5 mg/g), it can be concluded that
pseudo-second order model is more relevant to explain the kinetics
of adsorption of uranium on CTPP beads.
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after the adsorption of uranium. Fig. 8 presents the FTIR spectra of
the CTPP beads before and after adsorption of uranium. Signiﬁcant
decrease in the peak at 1230 cm−1 corresponding to –P O stretching vibration in the spectrum after adsorption of uranium indicates
that phosphate groups are affected due to the adsorption process.
Though the peak at 1319 cm−1 corresponding to –C–N stretching
vibration is slightly shifted, no signiﬁcant change is observed in the
peak position of any other major peaks corresponding to nitrogen
and oxygen functional groups. Thus from the spectral characterization of the beads, it is evident that phosphate groups are the major
contributor for the adsorption of uranium (binding site I), though it
does not preclude some involvement of the amino groups (binding
site II) in the adsorption process.
4. Conclusion

Fig. 8. FTIR spectra of CTPP beads before (a) and after (b) adsorption of uranium.

Adsorption of the metal ions to the active sites of the adsorbent
depends on the concentration level of metal ions near the vicinity
of the binding sites. Concentration distribution within the beads is
controlled by the intraparticle diffusion and in many cases the Fickian diffusion equation is applicable to explain the sorption process
[34], which can be expressed as:
qt = kid × t 1/2

(7)

where qt is the adsorption capacity (mg/g) at time t, and kid is the
−1
intraparticle diffusion constant (mg g−1
√ h ). The plot of quantity
adsorbed (qt ) at time t as a function of t gives a straight line, from
which the intraparticle diffusion constant, kid can be obtained. The
experimental curve (Fig. 6) gives three straight lines with three
different slopes (all with r2 ≥ 0.97). Thus it is clearly evident that
intraparticle diffusion is not applicable to the entire time scale of
the adsorption process. The initial straight line, which corresponds
to the fast adsorption, could be due to the surface adsorption on the
dried beads where intraparticle diffusion has no signiﬁcant contribution. Similarly the last straight line might be corresponding to
the chemical equilibration of uranium in the swollen CTPP beads.
Among the three lines, one corresponding to the intermediate time
scales has the best statistical ﬁt as per the intraparticle diffusion
model. Thus it can be assumed that uranium diffusion inside the
beads have signiﬁcant inﬂuence in controlling the kinetics of uranium sorption at intermediate time scales. However it should be
noted that this straight line does not pass through the origin which
means intraparticle diffusion is not the sole rate determining factor controlling the adsorption of uranium onto CTPP beads. Similar
three-stage kinetics was earlier reported for the sorption of humic
acid by cross-linked chitosan beads [34].
3.7. Mechanism of uranium adsorption on CTPP beads
Two potential binding sites in CTPP beads available for the
adsorption of uranium is presented in Fig. 7 [27]. Highly crosslinked beads used for the adsorption studies were prepared at
pH = 3, where most of the amine groups are protonated. Ionic crosslinking with tripolyphosphate might have consumed most of these
amino groups, thus not available for binding of uranium. Thus the
principal functional groups responsible for uranium adsorption by
CTPP beads might be the phosphate group. In order to identify
the functional groups responsible for the adsorption of uranium
onto CTPP beads, FTIR spectra of the CTPP beads were recorded

CTPP beads were found to have good adsorption capacity for
uranium from aqueous solution. Adsorption capacity is found to be
more for higher cross-linked CTPP beads than that for the lower
cross-linked beads, regardless of the pH of the experimental solution. For beads with higher cross-linking, adsorption capacity is
found to depend on the solution pH, and maximum adsorption
capacity is observed at pH = 5. Langmuir adsorption isotherm is
found to be more suitable to explain the adsorption of uranium
onto CTPP beads than Freundlich model. Kinetics of adsorption
of uranium by CTPP beads is found to be slow, taking around 3
days to complete the equilibrium, probably due to slow diffusion of the bulky uranium species into the beads. The observed
adsorption kinetics data matches with the pseudo-second order
model, indicating that the adsorption is dominated by chemisorption. Application of the intraparticle diffusion model gave three
straight line portions in the experimental curve, showing the limited utility of this model, in explaining the observed kinetics. From
characterization of the beads before and after uranium adsorption using FTIR, it is concluded that phosphate groups are more
responsible for the uranium uptake by CTPP beads than the amino
groups.
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A new humic acid (HA) based adsorbent was prepared by coating
humic acid on chitosan tripolyphosphate (CTPP) beads. Humic
acid-chitosan tripolyphosphate (HA-CTPP) beads thus obtained
were characterized using Fourier Transform Infrared Spectroscopy
and Scanning Electron Microscopy. Swelling capacity studies of
CTPP and HA-CTPP beads conducted in the pH range, pH ¼ 1–
10 showed that HA-CTPP beads are more stable against swelling
than CTPP beads. Equilibration of HA-CTPP beads in water for
different pH showed that leaching of HA from the beads is
negligible and the beads are stable for adsorption applications.
Adsorption of Pb(II) ions onto HA-CTPP beads were studied as
a function of various operational parameters such as initial pH,
metal ion concentration, and contact time. The results showed that
HA-CTPP beads are suitable for Pb(II) ions adsorption and the
kinetics of sorption very well ﬁt into pseudo-second order model.
The Langmuir model was found to be more suitable for explaining
the observed adsorption data, giving a theoretical maximum adsorption capacity of 223.7 mg/g. HA-CTPP beads could possibly ﬁnd
application in the treatment of waste water contaminated with other
toxic and/or heavy metals.
Keywords adsorption; chitosan; humic acid; Pb(II) ions

INTRODUCTION
Humic materials formed by the degradation of biomaterials are one of the biggest pools of carbon on earth
(1). Its role in speciation, bioavailability, transport, and
sequestration of various organic and inorganic pollutants
in aquatic and terrestrial environment is well understood
(2). The ability of humic materials to complex with metal
ions is primarily attributed to the abundant –COOH and
OH groups present in these macromolecules. The artifact
that humic materials can strongly bind heavy metals and
radionuclide have been the subject of many investigations,
with the aim of developing suitable technology utilizing
these materials for treatment of contaminated water (3,4).
Humic acid (HA) which is operationally deﬁned as the
Received 9 April 2012; accepted 22 August 2012.
Address correspondence to M. K. Sureshkumar, Radiation
Safety System Division, Bhabha Atomic Research Centre,
Trombay, Mumbai, India-400085. E-mail: smk@barc.gov.in

fraction of the humic materials which is water soluble above
pH > 2 is the prime candidate in these investigations, principally due to the high abundance of this fraction relative
to others. In addition to its pristine form, humic acid in several physico-chemical modiﬁcations such as insoluble solid
(5), immobilized on silica (6), and as a composite with various polymers (7,8) have been tested for the removal of various metals. Few attempts were also reported on the use of
HA as a polymeric macromolecule in the separation of
metal ions using polyelectrolyte ﬂocculation (9) and polymer enhanced ultra-ﬁltration (10). Membrane fouling could
be a serious bottle-neck in the scaling up of the HA based
ultra-ﬁltration process (11,12), whereas the immobilization
of HA onto various supports needs multi-step chemical
treatment, often resulting in overall poor loading of HA
onto the immobilizing medium (13,14). It is also reported
that insoluble humic acid (IHA) obtained by heat treatment
has signiﬁcantly lower sorption capacity than pristine HA
due to the thermal decomposition of functional groups
(15) during the heat treatment. Hence, it is desirable to
develop a new immobilization technique for HA on different substrates, without signiﬁcantly undermining its
inherent sorption capacity.
In the present investigation, we have prepared HA
coated chitosan beads by dip coating of the wet chitosan
beads in HA solution. Pb(II) was selected as a model heavy
metal cation for studying the adsorption properties of the
newly prepared adsorbent. In this contest, it should be
noted that many attempts have already been reported on
the use of HA from various origin for removal of Pb(II)
from aqueous solution. However, use of HA gel (16) and
IHA powder (17) as an adsorbent for Pb(II) required
extensive separation of the adsorbent, once the equilibrium
is reached. Though Seki et al. (18) studied the adsorption
of Pb(II) onto HA immobilized on calcium alginate beads,
the sorption kinetics was found to be signiﬁcantly slow for
practical application. In contrast, the humic acid coated
chitosan tripolyphosphate (HA-CTPP) beads reported here
have faster adsorption kinetics and are easily separable
from the liquid phase after equilibration.
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EXPERIMENTAL
Materials
Chitosan (medium molecular weight), sodium trypolyphosphate (STPP), (Na5P3O10), and humic acid (Technical
grade) were purchased from Aldrich chemical company,
USA. Pb(NO3)2 (AAS standard) as 1000 mg=l solution in
0.5 M HNO3 was procured from Merck (India) Limited.
All other chemicals used in the experiments were of analytical grade. Deionized water used for all the experiments was
obtained from Milli-Q (Millipore Corporation, USA)
water puriﬁcation system.
Preparation of CTPP Beads
Detailed description on the preparation of chitosan
tripolyphosphate (CTPP) beads by ionic cross-linking of
chitosan and STPP is presented in our previous reports
(19,20). Brieﬂy, chitosan (20 g=L) solution prepared in
dilute acetic acid (1% v=v) was dropped into tripolyphosphate solution (100 g=l) at moderate stirring of 100 rpm.
The beads were prepared at the original pH of the STPP
solution (pH ¼ 8.6) in order to obtain beads of lower
cross-linking density. The beads were cured for 12 hours,
separated by ﬁltration, washed four times with deionized
water, and air dried before use in adsorption experiments.
Preparation of HA-CTPP Beads
Dip coating on the wet CTPP beads were employed for
the preparation of HA-CTPP beads. Wet CTPP beads,
prepared as described in the previous section, were placed
into 500 mL of humic acid solution containing 5 g of humic
acid. A solution pH ¼ 10 was used for the HA solution to
improve the solubility of HA. The beads were stirred in
the HA solution for 12 hours, ﬁltered, and washed ﬁve
times before drying at 50 C in an air oven. Concentration
of the unused humic acid in the solution after removal of
the beads was estimated using UV-Visible spectroscopy at
400 nm in order to get an estimate of the HA coated onto
CTPP beads. From the total weight of the dried HA-CTPP
beads and the total HA consumed in the preparation
process, it is estimated that the composition of HA in the
ﬁnal dried beads is 43% (w=w).
Characterization of CTPP and HA-CTPP Beads
Surface morphology of the beads was obtained using
Scanning Electron Microscope (Model no. AIS 2100,
Seron Inc.). FTIR spectra of the powdered CTPP and
HA-CTPP beads were recorded on JASCO 4000 FTIR
spectrophotometer using KBr pellet method. Swelling studies of the CTPP and HA-CTPP beads were carried out in
deionized water for 24 hours by equilibrating the beads at
selected pH. After equilibration the beads were separated,
excess water was removed using tissue paper, and the ﬁnal
weight was obtained. Swelling capacity of the beads was

calculated using the expression:
SP ¼



W f  Wi
 100
Wi

ð1Þ

where Wf is the weight of the beads after equilibration with
water for 24 hours and Wi is the original weight of the
dried beads.
In order to estimate the stability of HA-CTPP beads in
aqueous solution, 100 mg of dried HA-CTPP beads were
equilibrated in 100 mL of water after adjusting the initial
pH in the range of 1–8 using dilute NaOH or HCl. After
24 hours of equilibration, HA released from the beads to
the aqueous medium were measured using UV visible spectroscopy at 400 nm(UNICAM UV500, Thermo electron
corporation, USA).
Sorption of Pb(II) on CTPP and HA-CTPP Beads
For batch equilibration studies, experimental solutions
containing ﬁxed concentration of Pb(II) and the adsorbent
were adjusted to the required pH and equilibrated in a
100 mL Erlenmeyer ﬂask at 250 rpm using a horizontal
orbital shaker. Temperature during the adsorption experiments were controlled at 25 þ=0.5 C. All pH adjustments
were carried out with 1 M HNO3=NaOH. After ﬁxed time
of equilibration, concentration of the dissolved Pb(II) ions
were estimated using ICP-AES (ICP-AES, Model JY 238
Ultrace, Jobin-Yvon, France). The amount of Pb(II),
adsorbed onto the bead at time t, was calculated using the
expression:
qt ¼

ð c0  ct Þ
V
w

ð2Þ

where qt (mg=g) is the quantity of Pb(II) adsorbed onto the
bead at time t (hrs), C0 is the initial concentration (mg=L) of
Pb(II) used in the experiment, Ct is the measured concentration (mg=L) of Pb(II) presented in the liquid phase after
equilibration time t; V is the volume of the solution(L), and
w is the mass of the dried beads (g) used in the experiment.
RESULTS AND DISCUSSION
Characterization
Formation of CTPP and HA-CTPP Beads
Cross-linked CTPP beads are formed by the ionic
cross-linking between protonated amino groups of chitosan
and ionized phosphate groups of tripolyphosphate (20).
Cross-linking is essential to bring required mechanical
stability to chitosan, though this procedure is expected to
decrease its inherent metal sorption capacity, due to partial
utilization of the amino groups in the cross-linking process.
After drying, CTPP beads were yellowish white in color
whereas HA-CTPP beads were uniformly black, clearly
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indicating complete surface coverage of CTPP beads by
HA. In both the cases, dried beads were nearly spherical
in shape with average size of 500 micron. A very interesting
observation in this study is that the amount of HA incorporated onto CTPP is signiﬁcantly higher than that
reported by other researchers using chitosan derivatives
(21,22). This could be ascribed to two reasons. Earlier
attempts were made to remove HA from water at environmental concentrations and thus used signiﬁcantly lower
initial HA concentrations in equilibrium studies. At those
lower HA concentrations, HA may be present in a different
three-dimensional structure than that of high HA concentrations used in the present work, which lead to the signiﬁcant difference in loading onto the adsorbent. Alternatively,
this difference also could be due to the inherent difference in
the sorption property of the adsorbent itself. Interestingly,
it should be noted that very high sorption capacity for
HA (377 mg=g) was reported using another ionic crosslinked chitosan derivative, chitosan-H2SO4 beads (23). A
widely accepted model structure of HA(1) is presented in
Fig. 1. From the structure it can be concluded that at the
experimental pH used in the present preparation, due to
the ionization of its carboxylic and phenolic functional
groups, HA is expected to be present as negatively charged
species. Similarly, the phosphate and amino groups of
CTPP are also expected to be either neutral or negatively
charged. Since both the adsorbent and the adsorbate carry
a net negative charge, HA coating onto CTPP beads cannot
be assigned to ionic bond formation. Most probably other
mechanism such as van der Waals interaction and other
electrostatic forces such as hydrogen bonding may be
responsible for the deposition of HA onto CTPP beads. A
visual observation of the HA-CTPP beads, after smooth
cutting, showed dark color penetrating into the beads

FIG. 1.

A model for humic acid molecule (from reference 1).

indicating that HA is not just surface adsorbed alone, but
diffuses into the bulk of the CTPP beads. Similar diffusion
of HA into the bulk of calcium alginate beads were earlier
reported (24) using ﬂuorescence intensity measurements.
SEM Images of the CTPP and HA-CTPP Beads
SEM images of the beads are presented in Fig. 2. The
CTPP bead surface is seen to be smooth (Fig. 2a), whereas
the presence of HA as a rough coating is clearly visible in
case of HA-CTPP bead (Fig. 2b). At higher resolution,
the relatively highly porous structure of the HA coated
beads is clearly distinguishable form the nearly uniform
surface of the CTPP beads (Figs. 2c–2d).
FTIR Spectra of CTPP and HA-CTPP Beads
Though the incorporation of HA into the CTPP beads
was visually observable, further characterization of the
beads were done using FTIR spectroscopy. Spectra of
CTPP and HA-CTPP beads are shown in Fig. 3. The peaks
at 1461.8 cm1 which can be assigned to the phenolic groups
of the original HA is present in HA-CTPP beads also, showing clear indication of the incorporation of HA onto
HA-CTPP beads. No peaks around 1720 cm1 corresponding to C=O stretching of the –COOH groups, typically
observed in the spectrum of HA samples, were visible in
the spectrum of HA-CTPP specimen, and probably this
characteristic peak might have been masked by the broad

FIG. 2. SEM images of CTPP (a) and HA-CTPP (b) bead surface taken
at magniﬁcation of 250 times; (c) and (d) presents the same surface at 1000
times magniﬁcation.
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of humic acid and chitosan. At lower pH, HA is sparingly
soluble and thus acts as a protective layer whereas at higher
pH, CTPP itself have less solubility. Less swelling of
HA-CTPP beads in aqueous solution indicates that the
beads can be equilibrated for an extended period of time
and thus practically more suitable for the adsorption
purposes than CTPP beads.

FIG. 3. FTIR spectra of CTPP (a) and HA-CTPP (b) beads. (Color
ﬁgure available online)

shoulder observed in the wave-number region 1640 cm1–
1840 cm1. A comparison of the two spectra shows that
there is a shift in the position of individual peaks and=or
appearance of new peaks due to the incorporation of HA
onto CTPP beads. But the differences are not strong enough
to assign a speciﬁc type of chemical bonding between HA
and chitosan molecules.
Swelling Capacities of CTPP and HA-CTPP Beads
Swelling percentage of the two beads as a function of pH
is present in Fig. 4. At any given pH, HA-CTPP beads
have less swelling compared to CTPP beads. This is due
to the complimentary pH dependant solubility properties

FIG. 4. Swelling capacity of CTPP and HA-CTPP beads as a function of
pH; (equilibration time 24 h; T ¼ 25 C).

Stability of HA-CTPP Beads
For practical application of the beads, the stability of the
beads in solution is very important. Stability of the HA
coating towards aqueous medium as a function of the pH
of the equilibrating medium is presented in Fig. 5. If total
HA was eluted out of the beads the ﬁnal HA concentration
expected in the mixture is 430 mg=L. In experiments with
pH < 3, concentration of HA in the ﬁnal solution was below
the detection limit. As expected, the dissolution of HA from
beads increases with increase in pH. However, for all the pH
investigated, the dissolution was negligible in the time range
of the experiment, indicating that the beads can be utilized
for the adsorption applications. Despite the absence of speciﬁc chemical bond formation, the stability of the beads is
surprising and most likely due to conformational reasons.
Difﬁculties in re-dissolution of air dried humic acid is
already reported and it is ascribed to the irreversible conformational changes taking place upon drying of HA (25).
Pb(II)Adsorption Studies
Effect of pH on Adsorption of Pb(II) on to CTPP and
HA-CTPP Beads
Adsorption of Pb(II) ions onto CTPP and HA-CTPP
beads were investigated as a function of the solution
pH using initial metal ion concentration as 200 mg=L and

FIG. 5. Leaching of HA from HA-CTPP beads as a function of pH;
(equilibration time ¼ 24 hours, volume ¼ 100 mL, T ¼ 25 C).
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varying the pH from 1–5. No experiments were conducted
for pH higher than ﬁve, due to the precipitation of Pb(II)
ions from solution. The experimental results (Fig. 6) show
that at any given pH, HA-CTPP beads have signiﬁcantly
higher sorption capacity than CTPP beads, which could
be assigned to the additional sorption sites provided by
the HA. pH dependence on the sorption was different for
CTPP and HA-CTPP beads. For CTPP beads, the sorption
capacity increased with increase in pH. Similar pH dependence was also reported for sorption of Pb(II) on CTPP
beads (26) and the lower sorption capacity at low pH could
be due to protonated amino groups which are not available
for the binding of positively charged metal ions. In contrast,
the sorption capacity of HA-CTPP beads shows a
maximum at pH ¼ 3 and thereafter reduced once again.
Previous works on metal adsorption onto HA derivatives
reported continuous increase in sorption capacity with
increase in pH, where it was ascribed to the availability of
more ionized anionic functional group at higher pH. One
would expect the same behavior in the present case too,
where it is evident that HA is primarily responsible for the
metal uptake. For both chitosan and HA, the adsorption
is found to increase with increase in pH and thus the
reduction in Pb(II) adsorption for the HA-CTPP beads at
higher pH’s cannot be assigned to the electrostatic reasons.
One possible explanation is that, due to the reduced swelling
of the beads at higher pH, many of the active functional
groups of HA are not available for sorption of the metal
ions. Cross section of the wet HA-CTPP beads showed that
HA is not simply coated on to the surface, but diffused to
the bulk of the beads, which could be inaccessible for the
bulky Pb(II) ions at higher pH. Higher sorption capacity

FIG. 6. Effect of pH on adsorption of Pb(II) ions onto CTPP (&) and
HA-CTPP (.) beads; (adsorbent ¼ 100 mg, Pb(II) ions ¼ 200 mg=L, volume ¼ 100 mL; T ¼ 25 C).

of HA-CTPP beads in comparison to CTPP beads at all
pH showed that the former is a better adsorbent for sorption of Pb(II) ions from aqueous media and thus further
investigations were limited to HA-CTPP beads.
Adsorption Kinetics
To understand the effect of contact time on Pb(II)
adsorption onto HA-CTPP beads, experiments were conducted with 100 mL of solution having 200 mg=L Pb(II)
ions and 100 mg of adsorbent. 100 mL of the sample was
analyzed at various intervals to estimate the concentration
of dissolved Pb(II) as a function of equilibration time.
Figure 7 shows that the adsorption process is rapid, reaching the equilibrium in 4–6 hours. The equilibration time for
adsorption of Pb(II) onto HA-CTPP beads are higher than
that reported for sorption of Pb(II) onto CTPP beads (26)
and HA immobilized on rectorite (27), possibly due to the
large size of macro sized beads used in the present investigation. Pseudo-ﬁrst order, pseudo-second order, and intraparticle diffusion models were applied to analyze the
experimentally observed kinetic data (28,29). Among the
three tested models, the pseudo-second order model is
found to ﬁt the experimental data than other kinetic models. Linear form of the pseudo second order model can be
expressed as:
t
1
t
¼
þ
qt k2 q2e qe

ð3Þ

where qe (mg=g) and qt (mg=g) are the quantity of metal ion
adsorbed onto the adsorbent at equilibrium and time t,

FIG. 7. Effect of contact time of Pb(II) sorption onto HA-CTPP beads;
(HA-CTPP ¼ 100 mg, Pb(II) ions ¼ 200 mg=L, volume ¼ 100 mL; T ¼ 25 C).
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respectively, and k2 is the rate constant (g  mg1  hour1)
of the pseudo-second order kinetic model. Very good ﬁt
of the observed and experimental data (Fig 7) shows that
adsorption of Pb(II) ions onto HA-CTPP beads can very
well be described using pseudo-second order kinetic model.
The fact that the adsorption depends on the concentration
of both the components also indicates that chemical forces
such as complex formation are involved in the uptake of
Pb(II) ions by the adsorbent.
Effect of Pb(II) Ion Concentration and Adsorption Isotherm
The relation between the adsorbed amount and the equilibrium concentration in the aqueous phase is very important in optimizing the sorption process and understanding
the sorption behavior. For investigating the effect of Pb(II)
concentration on the adsorption of Pb(II) onto HA-CTPP
beads, experiments were conducted with 100 mL solutions
having initial Pb(II) concentration varying from 50 mg=L
to 800 mg=L and a ﬁxed mass of 100 mg of adsorbent, after
adjusting the initial pH ¼ 3 for all experimental solutions.
Figure 8 shows the amount of Pb(II) adsorbed at equilibrium verses Pb(II) concentrations remaining in solution
at equilibrium. The adsorption curve shows the typical
behavior of saturated adsorption, where the entire sorption
sites are consumed at higher metal ion concentration and
adsorption capacity reaches a limiting value. The steep
slope at the initial stage in the adsorption curve is a desirable feature of the sorption system and the results indicate
that the HA-CTPP bead is an efﬁcient adsorbent for Pb(II),
even at lower concentration of metal ions.
Adsorption data were further analyzed using usually
employed isotherm models (30) in order to understand

the nature of adsorption of Pb(II) on to the HA-CTPP
beads. The simplest adsorption model is the Langmiur
isotherm in which it is assumed that the adsorbate form a
monolayer on the adsorbent surface and the adsorption
energy decreases as the distance from the surface increase,
making multilayer adsorption process less favorable.
The non- linear form of the Langmuir isotherm can be
expressed as:

qe ¼

bQce
1 þ bce

ð4Þ

where qe is the amount of metal ion adsorbed at equilibrium (mg=g), ce is the equilibrium metal ion concentration
remaining in solution, Q (mg=g) is the amount of metal ion
adsorbed at complete monolayer coverage, and b is the
Langmiur constant related to the afﬁnity of the binding site
(mL=mg). The monolayer adsorption capacity, Q and the
Langmiur constant b can be obtained from the linear plot
of qcee against ce. Another commonly used adsorption model
is the Freundlich isotherm which is an empirical model
used to explain the adsorption on heterogeneous surfaces.
The Freundlich isotherm can be expressed as:
qe ¼ kF  c1=n
e

ð5Þ

where kF (mg=g) and n are Freundlich constants related to
adsorption capacity and adsorption intensity respectively,
and can be obtained from the linear plot of ln qe against
ln ce. The model parameters obtained by applying both
the Langmuir and Freundlich models to the experimental
data are given in Table 1. From the better correlation coefﬁcient and the fact that the equilibrium adsorption capacity
(Q) obtained from the Langmiur model (223 mg=g) is close
to the experimentally observed saturation capacity
(215 mg=g), it can be concluded that the monolayer
Langmuir adsorption isotherm is more suitable to explain
the adsorption of Pb(II) ions onto HA-CTPP beads.
TABLE 1
Model constants and correlation coefﬁcients for
adsorption of Pb(II) onto HA-CTPP beads
Isotherm model

FIG. 8. Effect of Pb(II) ion concentration on adsorption onto HA-CTPP
beads. (HA-CTPP ¼ 100 mg, pH ¼ 3, volume ¼ 100 mL; T ¼ 25 C). (Color
ﬁgure available online)

Langmiur
Q (mg=g)
b (L=mg)
R2
Freundlich
kF (mg=g)
N
R2

Value
223.7
0.029
0.998
40.4
3.72
0.963
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TABLE 2
Adsorption of Pb(II) ions onto various humic acid based
adsorbents
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Adsorbent
material
SiO2-HA
HA-Rectorite
composite
HA gel
HA gel
IHA
HA-gel
HA-gel=solid
HA
HA-CTPP
beads

Adsorption
capacity Reference

Isotherm

pH

E
L

7
5.3

34.65
34.96

(31)
(27)

L
E
L
E
E

1–4
4
4
5
1.5–5.4

353.6
455.5
33.2
382.7
220–262

(32)
(33)
(16)
(17)
(34)

L

3

223

present
work

E ¼ experimental sorption capacity; L ¼ Langmuir model.

Reported sorption capacities for humic acid based adsorbents for Pb(II) ions from aqueous media is presented in
Table 2. Adsorption capacity of HA-CTPP beads reported
here is signiﬁcantly higher than most other solid or insoluble HA reported in literature. In comparison to HA gel,
HA-CTPP beads show slightly lower sorption capacity.
As discussed earlier at pH ¼ 3, CTPP beads show nearly
20 percent of the adsorption capacity of HA-CTPP beads.
This indicates that the sorption of Pb(II) ions onto
HA-CTPP beads can be largely assigned to HA present in
the HA-CTPP beads. Taking into account the fact that only
less than ﬁfty percentage of HA is present in the HA-CTPP
beads, it can be concluded that the metal uptake capacity of
HA in HA-CTPP beads is comparable to that of HA gel
reported by Coles and Young (33). After completion of

FIG. 9. FTIR spectra of HA-CHTPP (a) and Pb(II) loaded HA-CTPP
(b) beads. (Color ﬁgure available online)

FIG. 10. EDS spectra of HA-CTPP (spectrum1) and Pb(II) loaded
HA-CTPP (spectrum 2) beads. (Color ﬁgure available online)

equilibrium, solid-liquid separation can be easily achieved
by the use of macro-sized HA-CTPP beads instead of
HA-gel and HA powder and thus is a signiﬁcant advantage
in designing HA based industrial separation process.
Characterization of Pb(II) Loaded HA-CTPP Beads
FTIR spectra of the bare and Pb(II) loaded HA-CTPP
beads is present in Fig. 9. A comparison of the two spectra
shows that no additional peaks are present in the spectra of
Pb(II) loaded material while broad difference can be
observed between the two spectra. This indicates that
chemical forces are involved in the sorption process though
speciﬁc functional groups responsible for the uptake cannot be identiﬁed using this technique. As explained earlier,
metal uptake of HA-CTPP can be largely assigned to HA
present in the adsorbent and carboxylic and phenolic
groups present in HA could be the probable centers of
metal interaction. Comparison of EDS spectra of the bare
(spectrum 1) and lead ions loaded HA-CTPP beads (spectrum 2), presented in Fig.10, shows the presence of a signiﬁcant peak of lead on the latter surface and is a direct
evidence for the uptake of Pb(II) ions by HA-CTPP beads.
CONCLUSION
Humic acid coated chitosan tripolyphosphate
(HA-CTPP) beads, with high loading of humic acid can easily be prepared by the dip coating of humic acid onto wet
chitosan tripolyphosphate beads at alkaline pH. HA-CTPP
beads are stable against swelling in aqueous medium in
comparison to uncoated CTPP beads. Leaching out of

HA COATING ON CTPP BEADS
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HA from the HA-CTPP beads is found negligible in the pH
range 1–8. HA-CTPP beads has considerably higher sorption capacity for Pb(II) ions than CTPP beads due to the
additional adsorption sites provided by humic acid. The
kinetics of adsorption of Pb(II) ions onto the HA-CTPP
beads follows a pseudo-second order kinetics model and
the adsorption data is found to ﬁt into the Langmiur
adsorption isotherm. Analysis of adsorption data showed
that the HA-CTPP beads is a favorable sorption medium
for Pb(II) ions and presumably could be applied for other
toxic metal ions also.
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Abstract Chitosan tripolyphosphate (CTPP) beads were
prepared at two different cross-linking densities and
adsorption of Cr(III) onto it were studied as a function of
different operational parameters such as solution pH,
equilibration time and initial Cr(III) ion concentration.
Higher cross-linked beads were found to have more
adsorption capacity at all the experimental pH employed
(pH = 3–5), whereas adsorption capacity is found to
increase with increase in pH. Adsorption data were analyzed using Langmuir and Freundlich isotherm models.
Langmuir model is found be more suitable to explain the
experimental results with a monolayer adsorption capacity
of 469.5 mg/g. Among the kinetic models used, pseudosecond order kinetic model could best describe the
adsorption process. Competition experiments done in
presence of Na(I), Mg(II), Ca(II), Al(III) and Fe(III)
revealed that, except in the case of Al(III), adsorption of
Cr(III) is not significantly affected by the presence of
foreign cations. NaCl is found to be a suitable leaching
agent for the desorption of adsorbed Cr(III) from CTPP
beads. FTIR spectroscopic investigations confirmed that
phosphate groups are the principal binding site responsible
for the sorption of Cr(III) onto CTPP beads.
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Introduction
Chromium is significantly present in many of the industrial
effluents such as leather tanning, electroplating, textile,
metal processing, wood preservatives, paint and pigments,
dyeing and steel fabrication. Though chromium can exists
in numerous oxidation states, Cr(III) and Cr(VI) are the
two most stable ones in aqueous media among which the
latter is proved to be more toxic to human being and
environment [1]. Regardless, the fact that most of the
industrial effluents contain chromium in its trivalent oxidation state and its potential to re-oxidize to Cr(VI) in
presence of certain oxidants that are commonly found in
soil and water environments [2], there has been increasing
concern on the release of Cr(III) into the environment.
The permissible limit of Cr(III) in drinking water set by
World Health Organization (WHO) is 0.05 mg/L [3] and
the effluents of the industries should be reduced to a value
lower than it. Traditional method for the removal of Cr(III)
is to precipitate it as hydroxide, but is found to have serious
drawback due to formation of excessive amount of sludge
with long settling times [4]. This lead to the search for
alternate technologies for Cr(III) removal and sorption on
biomaterial is one such suitable method, which attracted
significant interest in recent decades, due to their environmentally benign nature, abundance and low-cost [5, 6].
Chitin is the most abundant biopolymer after cellulose,
and its partially deacetylated form, chitosan is found to
have excellent sorption capacity for various heavy metals
including radionuclides [7, 8]. Chitosan is the copolymer
composed of 2-amino-2-deoxy-D-glucopyranose units and
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the residual 2-acetamido-2-deoxy-D-glucopyranose units
and the metal uptake by it is primarily attributed to the
amine and hydroxyl groups present in the polymer chain,
which can interact with various metallic species through
ion exchange and/or chelation mechanism. Most of the
available data on the application of chitosan derivatives for
chromium removal deals with the hexavalent chromium
[9–14]. In addition, the limited number of studies on the
use of chitosan, and its physico-chemically and functionally modified derivatives, for adsorption of Cr(III) from
aqueous solution resulted in limited success and contrasting results, with an experimentally observed sorption
capacity ranging from 6 mg/g [15] to 85.99 mg/g [16].
This warrants additional research on the use of chitosan
derivatives for Cr(III) removal from the industrial effluents.
In this communication we report highly enhanced adsorption of Cr(III) on chitosan beads cross-linked with tripolyphosphate as the cross-linking agent, where the newly
added tripolyphosphate moiety is found to be responsible
for the increase in uptake. Chitosan-tripolyphosphate
(CTPP) beads were prepared at two different cross-linking
densities and the sorption of chromium(III) onto it were
studied as a function of solution pH, contact time and
initial Cr(III) ion concentration. Competition effect of few
common cations on the sorption of chromium(III) was
investigated using binary mixtures. Attempts were also
made to identify the sorption sites using infrared spectroscopy technique.

Experimental
Materials
Chitosan (medium molecular weight) and sodium tripolyphosphate (Na5P3O10) were procured from Aldrich chemical company, USA. As per the manufacturer, the product
is 85% deacetylated. Cr(III), Al(III), Fe(III), Ca(II), Mg(II)
and Na(I) solutions of required concentrations were prepared by diluting AAS standard nitrate solutions (Merck,
Germany) with initial concentration of 1,000 mg/L. Higher
concentration Cr(III) solutions were prepared by dissolving
appropriate quantity of Cr(NO3)39H2O (Merck, Germany)
in deionized water. All other chemicals used in the
experiments were of analytical grade (AR) purity. Deionized water used for all the experiments was obtained from
Milli-Q (Millipore Corporation, USA) water purification
system.
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sodium tripolyphosphate is described in our previous paper
[17]. The formation of cross-linked CTPP beads by the
interaction between phosphate groups of tripolyphosphate
and amino group of chitosan is schematically represented
in Fig. 1. The beads were cured for 12 h, separated by
filtration, washed four times with deionized water and air
dried before use in adsorption experiments. Dried beads
were spherical and slightly yellowish in colour. The surface
morphology of the dried beads was imaged using scanning
electron microscope (Model no. AIS 2100, Seron Inc.).
Atomic composition on the surface of the beads before and
after sorption of chromium is analyzed with energy dispersive X-ray spectroscopy (EDS Model INCA E350,
OXFORD Instruments INC, UK). FTIR spectra of the
powdered beads before and after adsorption of chromium
were recorded using JASCO 6000 FTIR spectrometer as
KBr pellets.
Batch adsorption studies
Batch adsorption experiments were conducted in 250 mL
Erlenmayers flask with 50 mL solution containing predetermined concentration of the metal ions and the adsorbent.
Unless otherwise specified 50 mg of the adsorbent were
used in each equilibration experiment. pH of the solutions
were adjusted by addition of dilute HNO3/NaOH as
required. Equilibration of the experimental mixtures were
carried out at fixed temperature of 298 K, using a temperature controlled orbital shaker at 250 rpm, except the
case of kinetic investigation in which case 400 rpm were
used to minimize the effect of bulk diffusion and film
diffusion on the sorption process [18]. 50–100 lL of the
sample was analyzed at specific intervals after sufficient
dilution to give a final concentration of approximately
2 mg/L. Cr(III) ion concentrations were measured using
inductively coupled plasma atomic emission spectrometer
(ICP-AES, Model JY 238 Ultrace, Jobin-Yvon, France).
The amount of Cr(III) adsorbed onto CTPP beads was
calculated by,
qt ¼

ðc0  c t Þ
V
w

ð1Þ

where, qt (mg/g) is the quantity of Cr(III) adsorbed on
CTPP bead at time t (h), C0 is the initial concentration
(mg/L) of Cr(III) used in the experiment, Ct is the measured concentration (mg/L) of Cr(III) presented in the
liquid phase after equilibration time t; V is the volume of
the solution (L) and w is the mass of the CTPP beads (g).

Preparation and characterization of the CTPP beads

Competition and desorption experiments

Details of the preparation of higher and lower cross-linked
CTPP beads by ionotropic gelation between chitosan and

Competition experiments were carried out using binary
mixtures having Cr(III) as one component and one of the
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Fig. 1 Schematic
representation of cross linking
of chitosan with sodiumtripolyphospate
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selected cation as the competing ion. Concentration of both
the cations were fixed at 100 mg/L. pH of all the experimental mixtures were fixed at 5, except for Al(III) containing mixture, where operational pH = 4 was used due to
the hydrolysis of Al(III) at pH above 4. Dissolved concentrations of both the components were analyzed after
completing the equilibration for 72 h. For desorption
experiments, 400 mg of Cr(III) loaded CTPP beads were
prepared under optimum sorption conditions of pH = 5
and equilibration time of 72 h. The Cr(III)-loaded CTPP
beads were separated, washed thoroughly with distilled
water and air dried. 25 mg of the dried Cr(III) loaded CTPP
beads were then equilibrated with 25 mL EDTA or NaCl

+NH3
O

HO
O
OH

O
n

solutions at three different concentrations i.e. 0.001, 0.01
and 0.1 M and the amount of desorbed Cr(III) ions were
determined at specific intervals using ICP-AES. All
adsorption and desorption experiments were carried out in
duplicates and the average values were taken.

Results and discussion
Characterization of CTPP beads
SEM image of the single bead (Fig. 2a) shows that the bead
is spherical in shape with diameter of around 1 mm. The
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Fig. 2 SEM images of CTPP
beads

surface of the original beads (Fig. 2b) is found to be rough
and wavy in nature, which is a suitable morphology for an
adsorbent to show high adsorption capacity. Due to the
adsorption of Cr(III), the CTPP bead surface has undergone
significant change in its morphology (Fig. 2c) and clearly
visible pores are appeared on the surface. No granular
chromium is observed on the surface shows that the sorption is more chemical in nature. The IR spectra of chitosan
powder and the CTPP bead are provided in Fig. 3. The
main differences in the IR spectra is the additional peak in
the CTPP bead spectrum at 1,230 cm-1, which can be
assigned to the –P=O stretching vibration indicating the
presence of phosphate group in the prepared beads. Peak at
1,694 cm-1 corresponding to –NH2 group and 1,419 cm-1
corresponding to –NH deformation vibration of –NH2
groups, present in the original chitosan spectrum is completely disappeared in the spectrum of CTPP bead, with
appearance of a fresh peak at 1,541 cm-1 which can be
assigned to –NH3? [19]. The beads are prepared at pH = 3
where the amino groups are mostly protonated. From the
spectral information it can be concluded that the crosslinking is taking place through the ionic interaction

123

between the negatively charged –P–O- moieties of the
phosphate group and protonated –NH3? moieties of the
chitosan molecule.
Effect of pH on adsorption
Studies on the effect of pH on Cr(III) adsorption onto
CTPP beads were limited to the pH range 3–5. For pH \ 3,
solubility of the beads were significant and at higher pH
(pH [ 5) Cr(III) start to precipitate as insoluble Cr(OH)3
affecting the interpretation of the results. For pH studies,
50 mL of solution containing 200 mg/L of Cr(III) ions
were equilibrated with 50 mg of either lower or higher
cross-linked CTPP beads. Amount of Cr(III) adsorbed onto
CTTP beads in each case were estimated after 24 h of
equilibration. The result (Fig. 4) shows that with increase
in pH, the amount of Cr(III) adsorbed onto CTPP beads
also increases. Speciation data of chromium [20] shows
that below pH = 6, chromium(III) is mostly present as
positively charged species. With increase in pH, the sorption site on CTPP beads responsible for the metal uptake is
increasingly deprotonated, making it favorable for the
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sorption of positively charged chromium ions. Moreover
under identical experimental conditions, beads with higher
cross-linking showed higher adsorption capacity for chromium. As inferred from the IR spectra, as a result of crosslinking, phosphate moieties are introduced into the beads at
the expense of original amino groups of chitosan which are
in-turn used for the ionic cross-linking with tripolyphosphate. If amino groups were the principal functional groups
responsible for chromium uptake, for a given pH, lower
cross-linked beads should have more sorption capacity in
comparison to the higher cross-linked beads. The contrary
results indicate that phosphate groups might be the principal site, responsible for Cr(III) uptake. Due to the higher
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adsorption capacity, beads with higher cross-linking and
the optimum pH = 5, were used for further experiments.
Effect of contact time
To understand the effect of contact time on Cr(III)
adsorption onto CTPP beads, experiments were conducted
using 100 mL of solution having 200 mg/L Cr(III) and
100 mg of adsorbent. 100 lL of the sample were analyzed
at various intervals to estimate the concentration of dissolved Cr(III) as a function of equilibration time. Figure 5
shows that the process is characterized by a rapid adsorption in the initial 4 h of equilibration time, followed by a
slow process, leading to equilibrium adsorption in around 3
days. The initial fast sorption might be due to the surface
adsorption of Cr(III) on the CTPP beads. During longer
stay of the beads in the experimental solution, they become
swollen, and the chromium ions are slowly diffused into
the bulk of the beads, gradually increasing the adsorption
capacity. Other researchers also observed long equilibration time for adsorption of metal ions onto macro-sized
CTPP beads [21]. As reported by Ngah [19] it could be
possible to reduce the equilibration time using powdered
beads instead of the original beads. However for the ease of
separation we preferred to use macro-sized beads for the
present investigations.
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Fig. 3 FTIR spectra of (a) chitosan and (b) CTPP beads cross-linked
at pH = 3

To investigate the effect of initial chromium ion concentration on adsorption, experiments were conducted with
50 mL solutions having initial chromium concentration
varying from 10 to 5,000 mg/L and a fixed mass of 50 mg
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Fig. 4 Effect of pH on the adsorption of Cr(III) on CTPP beads;
(volume = 50 mL, Cr(III) = 200 mg/L, CTPP = 50 mg and
T = 25 °C)
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Fig. 5 Effect of contact time on the adsorption of Cr(III) on CTPP
beads; (volume = 100 mL, Cr(III) = 200 mg/L, CTPP = 100 mg,
pH = 5 and T = 25 °C)
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of adsorbent. Figure 6 shows the amount of Cr(III) adsorbed onto CTPP beads (mg/g) as a function of initial concentration of Cr(III) ions in solution. As expected, with
increase in Cr(III) ion concentration, the adsorption
capacity increased and reached a plateau at still higher
concentrations. This is the typical behavior of saturated
adsorption in which the sorption capacity is limited by the
availability of active sites on the adsorbent. The steep slope
at initial Cr(III) concentrations is a desirable feature for the
sorption system and the results indicate that CTPP bead is
an efficient sorbent for Cr(III).
Adsorption isotherm
Adsorption isotherm is fundamental in understanding the
type of interaction between the adsorbate and the adsorbent
[22, 23]. The Langmuir isotherm, which is the most commonly used isotherm model assumes a monolayer adsorption on to a surface with a finite number of identical sites
and is represented as;
ce
1
ce
þ
¼
Qb
qe
Q

ð2Þ

Where, ce is the equilibrium concentration of metal ions
in solution at equilibrium (mg/L), qe is the amount of Cr(III)
ions adsorbed at equilibrium (mg/g), Q is the maximum
adsorption capacity of metal ions (mg/g), and b is the
Langmuir adsorption equilibrium constant (mL/mg). The
Langmuir parameters Q and b can be estimated from the
plot of ce/qe against ce (Fig. 7a). The Freundlich isotherm
equation, the most important multilayer adsorption
isotherm for heterogeneous surfaces, is described as;

log qe ¼ log KF þ

1
log ce
n

ð3Þ

where, ce is the equilibrium concentration of metal ions
(mg/L) in solution, qe is the amount of metal ions adsorbed
(mg/g), KF is the maximum adsorption capacity of metal ions
(mg/g), and n is the adsorption intensity. Freundlich
constants, KF and n, can be determined from a linear plot
of log qe versus log ce (Fig. 7b). The calculated results of the
Langmuir and Freundlich isotherm constants are given in
Table 1. From the results it can be seen that, the experimental
data is best fitted with the Langmuir model and the maximum
adsorption capacity (469.5 mg/g) obtained from Langmuir
plot is very close to the experimental saturation value
(471.0 mg/g). The essential characteristics of the Langmuir
isotherm can be expressed in terms of the dimensionless
constant, separation factor RL, which is used to predict if an
adsorption system is ‘favorable’ or ‘unfavorable’. The
separation factor, RL is given by,
1
ð4Þ
1 þ bc0
Where, c0 is the initial Cr(III) concentration (mg/L) and b is
the Langmuir adsorption constant (L/mg). Table 2 lists the
calculated results of RL at different initial Cr(III) ion concentrations. For all the tested Cr(III) concentrations, RL values
are in the range of 0 \ RL \ 1, which indicates that the
adsorption of Cr(III) on CTPP beads is a favorable process. The
same conclusion can be arrived from the Freundlich constant
‘n’ in which case a value of n between 1 and 10 indicates the
acceptance of the medium as the suitable adsorbent.
RL ¼

Adsorption kinetics
Both pseudo-first order and pseudo-second order kinetic
models [24, 25] were applied to analyze the experimentally
observed kinetic data. Pseudo-first order kinetic model can
be expressed as:


k1
logðqe  qt Þ ¼ log qe 
t
ð5Þ
2:303

500

Cr(III) adsorbed(mg/g)

400

300

where, qe and qt are the amount of chromium adsorbed on
bead (mg/g) at equilibrium and time t (h) respectively, and
k1 is the pseudo-first order rate constant (h-1) for the
adsorption of chromium onto CTPP beads. The model
parameters qe and k1 can be obtained form the linear plot of
logðqe  qt Þ against time (t) (Fig. 8a). Pseudo second order
kinetics can be expressed as:

200

100

0
0

1000

2000

3000

4000

5000

Initial Cr(III) concentration(mg/L)

Fig. 6 Effect of initial Cr(III) concentration on adsorption on CTPP
beads; (volume = 50 mL, CTPP = 50 mg, pH = 5, and T = 25 °C)
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t
1
t
¼
þ
ð6Þ
qt
k2 q2e
qe
where, qe (mg/g) and qt (mg/g) have the same meaning
as earlier and k2 is the rate constant (g mg-1 h-1) of the
pseudo-second order kinetic model. The equilibrium
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Fig. 7 a Langmuir isotherm
and b Freundlich isotherm plot
of adsorption of Cr(III) onto
CTPP beads
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Table 1 Model constants and correlation coefficients for adsorption
of Cr(III) onto CTPP beads
Isotherm model

Value

Langmuir model
Q (mg/g)

469.5
3.4 9 10-3

b (L/mg)
R

2

0.9898

Freundlich model
KF (mg/g)

-0.5 0.0

0.5

1.0

1.5

2.0

2.5

3.0

3.5

4.0

logce

c (mg/L)

pseudo-second order models are matching with the experimental kinetics data. From the better correlation coefficient and the fact that the equilibrium concentration
obtained by the pseudo-second order plot (126.1 mg/g) is
more close to the experimental value (124.0 mg/g) than
that obtained from the pseudo-first order plot (81.1 mg/g),
it can be concluded that pseudo-second order model is
more relevant to explain the kinetics of adsorption of
Cr(III) on CTPP beads.

12.8

n

2.19

R2

0.9720

Table 2 RL values for adsorption of Cr(III) onto CTPP beads
Initial Cr(III) concentration (c0) (mg/L)

Separation factor (RL)

10.0

0.967

50.0

0.856

100.0

0.748

200.0
300.0

0.597
0.497

400.0

0.426

500.0

0.372

1000.0

0.229

2000.0

0.129

3000.0

0.090

5000.0

0.056

Competition of metal ions in binary mixture
Table 4 shows the competitive effect of few selected metal
ions on the adsorption of Cr(III) onto CTPP beads. Among
the cations studied in competition experiments, Na(I),
Mg(II) and Ca(II) have no significant sorption onto CTPP
beads and thus does not affect the sorption of Cr(III).
Interestingly in Fe(III)/Cr(III) binary system, CTPP beads
showed almost equal sorption capacity towards both the
metal ions. However adsorption of Fe(III) didn’t affect the
sorption Cr(III) presumably due to the fact that these metal
ions are going to different adsorbing sites of the adsorbent.
In presence of Al(III), sorption capacity for Cr(III) is significantly reduced. Al(III) is a small cation, which effectively compete for the same adsorbing sites on the CTPP
beads. The results of competition experiments shows that
CTPP beads are effective in removing Cr(III) even in
presence of other common cations.
Desorption study

adsorption capacity qe and the second order rate constant k2
can be obtained from the plot of qtt against t (Fig. 8b). The
model parameters and the equilibrium concentration
obtained by both the models are given in Table 3. From the
results it can be observed that both pseudo-first and

Desorption of the loaded adsorbents is essential for the
recovery of the metal ions and reuse of the adsorbent.
Among the two desorption agents used, NaCl is found to be
better than EDTA at all the three concentration studied
(Table 5). For NaCl itself, the desorption is found to be
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Fig. 8 a First and b second
order kinetic plot of adsorption
of Cr(III) onto CTPP beads
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Table 3 Kinetics parameters of Cr(III) adsorption onto CTPP beads
Kinetic model
Pseudo-first order
k1 (h-1)
0.049

qe (mg/g)
81.1

Table 4 Results of competition
experiments

Pseudo-second order
R2
0.967

k2 (g mg-1 h-1)
-4

21.8 9 10

qe (mg/g)

R2

126.1

0.995

124.0

Binary mixture

Metal ions

Initial
concentration (ppm)

Al(III)–Cr(III)

Al(III)

100

61.2

38. 8

Cr(III)

100

81.2

18.8

Fe(III)

100

42.7

57.3

Cr(III)

100

39.7

60.3

Fe(III)–Cr(III)
Ca(II)–Cr(III)
Mg(II)–Cr(III)
Na(I)–Cr(III)

Final
concentration (ppm)

Adsorption
capacity (mg/g)

Ca(II)

100

89.5

10.5

Cr(III)

100

43.1

56.9

Mg(II)

100

100.2

Cr(III)

100

53.4

46.6

Na(I)
Cr(III)

100
100

99.3
47.7

–
52.3

more efficient at higher concentrations. It is also observed
that at higher NaCl concentration, the swelling of the beads
are more compared to lower NaCl concentration. Better
desorption at higher NaCl concentrations could be attributed to the easy diffusion of the metal ions from the bulk of
the beads into the desorbing medium due to its higher
swelling. Incidentally it should be noted that the desorption
is completed around 72 h, a time scale similar to that
required for reaching the adsorption equilibrium, indicating
that both desorption and adsorption are slow process
probably due to the larger size of the beads used in these
investigations.
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Experimentally observed adsorption
capacity (mg/g)

-

Characterization of Cr(III) loaded CTPP beads
and mechanism of adsorption
EDS analysis of the CTPP beads before and after sorption
of Cr(III) (Fig. 9) clearly shows the presence of chromium
on the surface of the beads. The residual amino groups of
chitosan or the phosphate groups introduced as a result of
the cross-linking could be the binding sites for metal ions.
FTIR spectra of CTPP beads before and after sorption
(Fig. 10) shows that the peak at 1,230 cm-1 corresponding
to –P=O stretching vibration, originally present in the
CTPP beads, is significantly decreased as a result of the
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Table 5 Results of desorption studies
Desorption time (h)

Percentage recovery (%)
0.001 M EDTA

0.01 M EDTA

0.1 M EDTA

0.001 M NaCl

0.01 M NaCl

0.1 M NaCl

5

1.2

1.6

2.9

1.2

1.4

14

1.5

2.0

4.9

2.4

3.3

3.9

24

2.4

3.2

6.0

8.4

21.1

32.2

48

4.4

5.0

8.2

20.4

52.0

81.7

72

6.3

7.4

12.5

31.8

97.3

98.7

2.8

65

Percentage Transmission

60
55
50
45
CTPP+Cr(III)

40
35
30
25
20

CTPP only

15
10
4000

3500

3000

2500

2000

1500

1000

500

-1

Wavenumber(cm )

Fig. 10 FTIR spectra of CTPP beads before and after adsorption of
Cr(III)

cross-linked beads have more sorption capacity than
the lower cross-linked beads also points to the fact that the
density of phosphate groups is decisive in controlling the
sorption of Cr(III) on to CTPP beads as depicted in Fig. 11.
In an earlier report [26] phosphonic acid functionalized
mesoporous adsorbent was reported as good sorbent for
Cr(III), were phosphonic acid groups were identified as the
adsorption sites using NMR investigations on the Cr(III)
loaded adsorbent.

Conclusions
Fig. 9 EDS spectra of CTPP beads a before and b after adsorption of
Cr(III)

sorption of Cr(III) onto CTPP beads. This indicates that
phosphate group is involved in the sorption of Cr(III) onto
CTPP beads. No significant change is observed in the peak
position of nitrogen and oxygen containing functional
groups of the original chitosan moiety signifying their
limited role in the sorption process. The fact that higher

Chitosan tripolyphosphate (CTPP) beads were found to be
an efficient adsorbent for Cr(III) in aqueous solutions.
Langmuir adsorption model and pseudo-second order
kinetics model were found suitable for explaining the
experimentally observed adsorption data of Cr(III) onto
CTPP beads. Among the different competing cations used
along with Cr(III), only Al(III) is found adversely affecting
the sorption of Cr(III) onto CTPP beads.
NaCl at different concentrations were found as a suitable
leaching agent for the desorption of adsorbed Cr(III). Both

123

284
Fig. 11 Schematic presentation
of binding of Cr(III) onto CTPP
beads
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adsorption and desorption were found slow, presumable
due to the use of larger sized beads in this study. Structural
investigations showed that newly added phosphate groups
were the predominant binding sites for sorption of Cr(III)
onto CTPP beads.
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